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In Southeast Asia, research on invasive plant species (IPS) is limited and biased by 
geography, research foci and approaches. This may hinder understanding of the extent 
of invasion problems and effective management to prevent and control IPS. Because 
biological invasions are a complicated issue involving multiple disciplines, this thesis 
utilized diverse approaches to evaluate risk, impacts, and management of IPS in 
Vietnam. Distribution models of 14 species predicted that large areas of Vietnam are 
susceptible to IPS, particularly in parts bordering China. Native IPS, which are often 
overlooked in assessment, posed similar risks as non-native IPS. From the model 
results, a native grass Microstegium ciliatum was selected to quantify its impacts on tree 
regeneration in secondary forests. A field experiment in Cuc Phuong National Park 
found that tree seedling abundance and richness increased within one year of grass 
removal; this effect strengthened in the second year. These results highlight the impacts 
of IPS on tree regeneration and the importance of IPS management to forest restoration 
projects. Given the risks and impacts of IPS, strategic management is needed to achieve 
conservation goals in national parks (NPs). However, interviews with both state and 
non-state entities revealed poor and reactive management of IPS in Vietnamese NPs 
from national to local levels. Institutional arrangements challenge IPS management in 
Vietnam. Involvement of multiple sectors with unclear mandates leads to overlaps in 
responsibilities and makes collaboration among sectors difficult. Lack of top-down 
support from the national level (legislation, guidance, resources) and limited power at 
the local level weakens implementation and ability of NPs to respond to IPS. The 
findings of this thesis provide important information for achieving effective 
management of IPS in Vietnam. Knowledge of vulnerable areas and species likely to 
invade and cause impacts can help Vietnam efficiently allocate management resources 
to prevent and control IPS, but adjustments to institutional arrangements and enhanced 







Declaration ................................................................................................................... ii 
Statement of co-authorship ......................................................................................... iii 
Acknowledgements ...................................................................................................... iv 
Abstract ........................................................................................................................ vi 
Contents ...................................................................................................................... vii 
Chapter 1. Introduction ................................................................................................ 1 
Introduction ........................................................................................................... 1 
Aims and objectives of the thesis .......................................................................... 2 
Structure and significance of the thesis ................................................................. 3 
Chapter 2. A systematic review of research efforts on invasive species in Southeast 
Asia ................................................................................................................................ 4 
Abstract ................................................................................................................. 4 
Introduction ........................................................................................................... 5 
Background on invasion science and management ............................................... 7 
Methods ............................................................................................................... 17 
Results ................................................................................................................. 19 
Discussion ........................................................................................................... 30 
Conclusions and future invasion research in SE Asia ......................................... 36 
Chapter 3. Contemporary remotely sensed data products refine invasive plants risk 
mapping in data poor regions .................................................................................... 38 
Abstract ............................................................................................................... 38 
Introduction ......................................................................................................... 39 
Methods ............................................................................................................... 45 
Results ................................................................................................................. 52 
Discussion ........................................................................................................... 61 
Conclusions ......................................................................................................... 66 
Chapter 4. Impact of a native invasive grass (Microstegium ciliatum) on restoration 
of a tropical forest ....................................................................................................... 63 
Abstract ............................................................................................................... 63 
Introduction ......................................................................................................... 64 
Methods ............................................................................................................... 67 
Results ................................................................................................................. 78 




Conclusion ........................................................................................................... 93 
Chapter 5. Influences of institutional arrangements on invasive plant species 
management from multilevel perspectives: Case study in Vietnam’s National Parks95 
Abstract ................................................................................................................ 95 
Introduction ......................................................................................................... 96 
Context of IPS management in Vietnam ............................................................. 99 
Methods ............................................................................................................. 105 
Results ............................................................................................................... 109 
Discussion .......................................................................................................... 119 
Chapter 6. General discussion ................................................................................. 127 
Coarse scale management of invasive plant species ......................................... 127 
Fine scale management of invasive plant species ............................................. 130 
Recommendations for further research ............................................................. 132 
References ................................................................................................................. 135 
Appendices ................................................................................................................ 176 
Appendix A. Chapter 3 supplementary material ............................................... 176 
Appendix B. Chapter 4 supplementary material ............................................... 202 
Appendix C. Human ethic’s approval ............................................................... 204 
Appendix D. Information letter ......................................................................... 206 
Appendix E. Consent form ................................................................................ 207 









Chapter 1. Introduction 
Introduction 
Invasive species (IS) are one of the most important threats to global biological diversity 
(Mack et al., 2000; Rejmánek, 2000). They have colonized virtually every ecosystem 
type on Earth, affected the native biota (Vitousek et al., 1997) and contributed to the 
local and global extinction of hundreds of species (Pimentel et al., 2005; Wilcove et al., 
1998; Vitousek et al., 1996). In extreme cases, the environmental changes wrought by 
IS can be irreversible (Kumar, 2012). While the number and impact of IS are 
increasing, resources for management are limited (Perrings et al., 2010). Thus, 
prioritization for management is required (Gaertner et al., 2014; Kumschick et al., 
2012). Recognizing this challenge for countries, Aichi target 9 from the 2011–2020 
Convention on Biological Diversity Strategic Plan emphasizes the importance of 
identifying species and prioritizing control measures for IS management (Convention 
on Biological Diversity, 2010).  
 
While developed countries have advanced programs for establishing priorities for 
preventing and controlling invasive species, less developed countries have slow 
responses to IS. One of the regions susceptible to biological invasion is Southeast (SE) 
Asia but the region has the greatest shortfall in responding to both existing and potential 
IS (Early et al., 2016). Lack of awareness by the public and managers (Pallewatta et al., 
2003), as well as institutional constraints on IS management, are hindering the region in 
the prevention and control of IS. The constraints include unclear responsibilities, lack of 
political commitment and collaboration, and insufficient law enforcement (Elahi, 2003). 
A deficit of studies on IS in SE Asia (Nghiem et al., 2013; Peh, 2010) may substantially 
preclude the delivery of sound scientific advice to secure political and public support 
and identify priorities for IS management. As IS are understudied in the region, impacts 
of current invasion as well as future ecological or economic harm are not fully 
recognized (Lowry et al., 2013). Furthermore, the complexity of IS management 
involves multiple parties with differing views on both facts and values (Courchamp et 




al., 2017; Hulme, 2006; Maguire, 2004), necessitating a good understanding of human 
dimensions as well as political viewpoints. However, these types of studies are rare in 
invasion studies in SE Asia (see Chapter 2).  
 
In recent decades, Vietnam has suffered severe impacts from IS, and invasive plant 
species (IPS) are now threatening biodiversity especially in highly protected areas such 
as national parks. The invasion of the exotic Mimosa pigra in Tram Chim National 
Park, for instance, not only quickly replaced natural vegetation but also caused a 
marked decline in the population of the Eastern Sarus Crane (Grus antigone sharpii) 
(Triet et al., 2004). Recently, some native plant species have become problematic for 
Vietnam, including Merremia boisiana and M. eberhardtii, which are invading forests 
in the centre of Vietnam (Le et al., 2012; Hoe, 2011). However, research on IPS in 
Vietnam is geographically scattered and incomplete. Generally, studies have been 
undertaken as field surveys over short periods of time and have focused mainly on the 
impacts of M. pigra in the Mekong Delta (Triet et al., 2004; Thi et al., 2001; Triet & 
Balakrishna, 1999) or on inventories of IPS in some national parks (Le et al., 2016; Tan 
et al., 2012).  
Aims and objectives of the thesis  
Given the potential magnitude of risks and impacts of IPS to SE Asia and Vietnam, and 
insufficient resources to manage all invasive plant species, the overall aim of this thesis 
is to broaden the knowledge for decision-making in IS management in SE Asia and 
Vietnam. The specific objectives of the thesis are to:  
• Identify biases in IS research in SE Asia (Chapter 2); 
• Map areas vulnerable to invasion in SE Asia and Vietnam by predicting 
potential distributions of the most invasive plants, and determine methodological 
choices that can improve the prediction performance (Chapter 3);  




• Assess impacts of IPS on biodiversity in national parks through the case of 
Microstegium ciliatum, an aggressive grass invading secondary forests in 
Vietnam, and its effects on the regeneration of woody species (Chapter 4);  
• Review and analyse challenges which constrain the Vietnamese government in 
offering effective prevention and control strategies against biological invasion in 
national parks under the institutional arrangement context (Chapter 5); and 
• Assess contributions of the thesis research and propose priorities for future 
research to prevent and mitigate invasive plants and their impacts to biodiversity 
conservation (Chapter 6). 
Structure and significance of the thesis  
As invasive species do not respect country borders, it is useful to place invasive species 
in Vietnam in the context of SE Asia. Therefore, chapter 2 first considers the overall 
trend of invasion studies in SE Asia in order to identify research gaps as the foundations 
for the approaches pursued in the following chapters. Chapter 3 then explores which 
invasive plant species may pose greater risks, and which parts of SE Asia and Vietnam 
are likely to be vulnerable to invasion through species distribution modelling combined 
with contemporary remote sensing data. A removal experiment to assess specific 
impacts of an invasive plant species on the native plant community and regeneration of 
woody species in a national park of Vietnam is presented in chapter 4. For this field 
study, Microstegium ciliatum was chosen because of its potentially large distribution to 
the forest revealed in the modelling results (Chapter 3), and in a preliminary survey. 
Current institutional arrangements constraining effective decision making for the 
management of invasive plants in national parks are analysed in chapter 5. Through 
results of interviews with key managers on invasive species in Vietnam and national 
parks, the chapter assesses how the government and national parks are responding to 
invasive species and impediments to effective management. Chapter 6 provides a 
synthesis of the main findings and their contributions and implication for the 
management of invasive plant species in national parks of Vietnam and the region.





Chapter 2. A systematic review of research 
efforts on invasive species in 
Southeast Asia 
Abstract 
Given the increasing risk posed by invasive species (IS), which can affect any region, 
invasion studies have received increased scientific attention and the science has 
significantly progressed in the past decades. However, there is strong geographical bias 
in invasion studies, especially in tropical regions. For example, while SE Asia is highly 
vulnerable to IS, invasion studies are under-represented in the region. This chapter 
provides an overview of invasion ecology and management, and examines trends in 
invasion studies in SE Asia to identify opportunities for further research in this field. A 
systematic review quantified the numbers of IS studies by years and species groups, 
research foci, types of studies and geographical focus. Categories were developed based 
on reviewing the literature of global invasion science. The review showed that there is a 
high skew of invasion studies toward animals in SE Asia. Studies mainly recorded the 
presence of and described the general traits of IS. Few studies explored invasibility, 
impacts or practices for effective management. Particularly, studies on policy and 
regulations on IS management are absence. A strong bias for field observation reflects 
that the invasion discipline in the SE Asia is still in the phase of exploratory research 
rather than providing a scientific basis for understanding invasion mechanisms and 
management. Within the region, the number of studies in a country was correlated to 
education and research capacity (number of higher education providers), but there was 
no correlation between the number of studies and economic development or with 
population. Geographic biases in the region are likely to increase the challenges for 
understudied countries in understanding the IS problems and providing effective 
management to address them. Recommendations for future studies to reduce bias and 
improve invasion science in the region are discussed.   





In the book “The Ecology of Invasions by Animals and Plants”, the publication that 
sparked the formal beginning of invasion science, Elton (1958) stated that biological 
invasions ‘...are so frequent nowadays in every continent and island, and even in the 
oceans, that we need to understand what is causing them and try to arrive at some 
general viewpoint about the whole business.’ In the decades since, biological invasions 
have captured the attention of the scientific community and the public (Henderson et 
al., 2006) and substantial progress has been made (Richardson, 2015). However, studies 
show a strong geographical bias among regions (Genovesi et al., 2013; Lowry et al., 
2013; Pyšek et al., 2008) with greater emphasis in developed countries and temperate 
ecosystems (Lowry et al., 2013). As a consequence, biological invasions in tropical 
parts of Africa and Asia are understudied compared to other parts of the world, and this 
inhibits understanding of invasion mechanisms in these regionally specific habitats 
(Pyšek et al., 2008). The bias can be explained by differences in the economic status, as 
well as systems of science and education of specific countries (Pyšek et al., 2008). 
Consequently, it is difficult to achieve the prevention and management of invasive 
species (IS) in those regions and countries where data are lacking (Leadley et al., 2014).  
Southeast Asia is a region with high risk related to invasive species (Early et al., 2016). 
It has been estimated that the total annual economic loss caused by IS in SE Asia is 
about US $33.2 billion (Nghiem et al., 2013). The actual costs may be higher, 
especially in terms of environmental damage such as the displacement of native 
biodiversity and decline in ecosystem services, which have intangible or non-market 
value (Nghiem et al., 2013).  
 
Although damage caused by IS has been recorded in SE Asia, invasion science in the 
region is still under studied (MacIsaac et al., 2011; Sheil & Padmanaba, 2011; Peh, 
2010). This limits awareness about the impacts of IS and hinders the provision of sound 
scientific information to support effective decision making for IS management (Peh, 
2010). Furthermore, the large gaps in economic development among countries in SE 
Asia (Thanh, 2008) may lead to imbalances in research on invasion studies within the 




region. A review by Giam and Wilcove (2012) on geographical bias in conservation 
ecology research in SE Asia found that Malaysia, Singapore and Thailand lead the 
number of conservation ecology studies, with fewer studies being conducted in 
Cambodia, Laos, Myanmar and Vietnam. Giam and Wilcove (2012) concluded that, 
aside from a positive relationship with economic status, the number of studies was 
higher in areas which have higher conservation need and more threatened species such 
as Indonesia and Malaysia. This indicates that research can be biased due to relative 
national wealth, as well as higher demand and interest in specific species, or geographic 
areas. Furthermore, many invasion studies in SE Asia have been based on anecdotal 
observations (Peh, 2010), which suggests there may be strong biases in study types in 
the region. Identifying and acknowledging biases can assist in re-aligning scientific 
efforts which in turn can lead to improved policy-relevant outcomes (Darwall et al., 
2011; Donaldson et al., 2016). 
 
Given the need for enhancing invasion science within SE Asia to deal with risks and 
impacts from IS, a review of the invasion studies undertaken so far in the region is 
useful for identifying gaps and opportunities for further research in this field. Therefore, 
this quantitative literature review examines trends and highlights gaps in invasion 
studies in SE Asia through quantifying the numbers of studies by years and species 
groups, research foci, types of studies and the country of the research and researchers. 
A systematic quantitative review approach was employed since it reveals general 
patterns in the literature (Pickering & Byrne, 2014). A systematic quantitative approach 
also offers numerous advantages in terms of accuracy and reduction of bias relative to 
narrative literature reviews (Lowry et al., 2013; Uman, 2011). This chapter first 
provides a background for global invasion science, describes the method for the 
quantitative literature review, then presents and discusses findings on trends in the 
invasion science literature for SE Asia. 
  




Background on invasion science and management 
The Scientific Committee on Problems of the Environment (SCOPE) program of the 
1980s (Drake et al., 1989) established an important milestone in the study of invasive 
species. Key questions were raised concerning characteristics of both the prominent 
invading species (invasiveness) and invaded habitats (invasibility) and how to manage 
IS. These questions spurred the development of invasion science internationally 
(Richardson & Pyšek, 2006) and helped set up a core framework for invasion studies 
(Foxcroft et al., 2011). Building on Drake et al. (1989), many studies that followed 
(Foxcroft et al., 2011; Rejmanek et al., 2005; Lodge, 1993) stated the need for 
considering species-community interactions in determining success and quantifying 
impacts of invaders in order to provide effective management. Thus, invasiveness, 
invasibility and impacts have been considered as the three main topics in invasion 
ecology, helping to shape understanding of the mechanisms of invasion and directing 
practical applications for invasion control (Alpert et al., 2000). This section reviews 
these main topics of invasion science under three axes: species, ecosystem and 
management (Figure 2.1). How studies on each axis have contributed to the 
understanding and management of invasion is also presented. 
Invasiveness 
Studies on characteristics that make IS become effective invaders (invasiveness) have 
been widely pursued (Hui et al., 2016; Richardson & Pyšek, 2006; Alpert et al., 2000). 
These studies seek answers as to why some introduced species become invasive while 
others do not (Matzek, 2012). Therefore, studies on invasiveness involve the 
identification and exploration of inherent properties of the potential invaders. 
Invasiveness can be related to whether a species progresses through the steps in the 
invasion process, from introduction, colonization and establishment, to spread 
(Holzmueller & Jose, 2013; Lockwood et al., 2013; Hellmann et al., 2008; Invasive 
Species Advisory Committee, 2006). The “tens rule” posits that only 10% of introduced 
species successfully take consecutive steps of the invasion process (Jeschke et al., 2012; 
Williamson, 1996; Williamson & Brown, 1986). Successful invaders overcome these 




steps and transform from introduced to IS (introduced species which produce 
reproductive offspring in large numbers, having the potential to spread over a large 
area) (Richardson et al., 2000) (Figure 2.1).  
 
 
For each transition in the invasion process, different traits are associated with the  
success of invasion. On introduction to a new environment, species are only able to 
establish if they possess characteristics that are compatible with the recipient ecosystem 
Figure 2.1. The three axes of invasion science. The invasion processes of IS are defined 
by Richardson et al. (2000). Species introduced into a new ecosystem are called 
introduced (casual) species. Introduced species that become invasive possess special 
attributes such as the ability to produce large numbers of reproductive offspring with 
the potential to spread over a large area. Recipient ecosystems that are colonized by 
such species become the invaded ecosystem and are said to be invasible. The 
characteristics of an IS (invasiveness) and of the ecosystem (invasibility) both influence 
the success of invasion and the impact of the invader in an ecosystem. When IS cause 
impacts and alter attributes of an ecosystem into a transformed ecosystem, they are 
defined as transformers. Studies on invasive management should be based on 
understanding of those mechanisms and link specific management (prevention, control 
and long-term management to reduce impacts) with the stages of invasion. The triangle 
reflects the decrease in the number of IS following “tens rule” hypothesis and the 
decrease of effectiveness of management by stages. 

















(van Kleunen et al., 2015). Characteristics of wide environmental tolerance, which can 
be achieved through genetic diversity and high level of adaptive phenotypic plasticity, 
allow IS to succeed in different growing conditions (Davidson et al., 2011; Molina-
Montenegro et al., 2012; Stepien et al., 2005). Also, advantageous traits of species such 
as foraging efficiency (Kakareko et al., 2013; Rehage et al., 2005), and photosynthetic 
capacity and water-use efficiency of invasive plants (Mcalpine et al., 2008; McDowell, 
2002), help IS to exploit available resources to grow and reproduce in new 
environments. Dispersal-related traits, such as the dispersal vector and characteristics of 
propagules (e.g. seed size), are likely to be important to help plant species reach 
suitable sites (van Kleunen et al., 2015), and shape spatial distribution patterns (Huang 
et al., 2015; Coutts et al., 2011). Meanwhile, traits that increase propagule pressure can 
help species to establish, spread (Colautti et al., 2006), and overcome Allee effects and 
stochastic effects (van Kleunen et al., 2015). Some examples of these traits include high 
numbers of propagules (Tabak et al., 2018; Lockwood et al., 2005; Rejmánek & 
Richardson, 1996),  high germination rate (Wainwright & Cleland, 2013; Hierro et al., 
2009), and prolific reproductive capacity (Dong et al., 2006; Richard et al., 2006; 
Forman & Kesseli, 2003; Dorken & Eckert, 2001).  
Invasibility 
Invasibility refers to the features of a recipient ecosystem that determine the 
susceptibility of that ecosystem to invasion (Lonsdale, 1999) (Figure 2.1). These 
features vary at different scales (Foxcroft et al., 2011; Pearson & Dawson, 2003). At the 
broad scale (e.g. global, continental, regional), abiotic factors (e.g. climate, topography 
and soil) are the primary factors influencing a species’ ability to establish and persist 
(Wiens, 2011; Benton, 2009; Foxcroft et al., 2004; Pearson & Dawson, 2003). At a 
finer scale, specific biotic features of ecosystems, including the extent of competition, 
predation, and parasitism, are important factors influencing invasion (Wiens, 2011; 
Fridley et al., 2007). To explain why some IS fail to establish or spread in a specific 
ecosystem, several hypotheses regarding biotic characteristics have been proposed. The 
diversity and biotic resistance hypotheses were first developed by Elton (1958). His 




theory suggested that ecosystems with more diversity and higher biotic resistance 
(negative species interactions such as competition, pathogens or herbivory) should be 
more resistant to invasion. Many subsequent studies have supported the idea that biotic 
resistance reduces the available resources for IS (Kennedy et al., 2002; Tilman, 1999) 
or increases predation of IS (DeRivera et al., 2005; Hunt & Yamada, 2003).  
 
Furthermore, some studies have found that diverse ecosystems have lower IS 
abundance than species-poor ecosystems (Pokorny et al., 2005; Brown & Peet, 2003; 
Stachowicz et al., 2002). However, some studies found a positive correlation or no 
direct relationship between species diversity and invasibility at the large-scale 
(Dechoum et al., 2015; Rowles & O’Dowd, 2007; Davies et al., 2005). This pattern 
between diversity and invasibility at large scales may be explained by spatial 
heterogeneity (Davies et al., 2005). At scales above those in which individuals directly 
interact, the abundance and diversity of abiotic resources that promote species richness 
may also promote invasion (Levine & D'Antonio, 1999). For instance, mesic 
environments with better conditions for germination and seedling survival have greater 
native richness and are also more vulnerable to invasion than xeric habitats (Rejmánek 
et al., 2013).  
 
While there are continuing debates on the relationship between species richness, biotic 
resistance and invasibility (Rejmánek et al., 2013; Levine & D'Antonio, 1999), the 
influence of disturbance on habitat invasibility is recognized in the hypotheses of Elton 
(1958) and Davis et al. (2000). In the hypothesis of fluctuating resource availability, 
Davis et al. (2000) suggested that the invasibility of habitats depends on an increase in 
unexploited resources, which can be created during disturbance. Through destroying 
resident vegetation, disturbances reduce the resource uptake, and therefore increase the 
availability of limiting resources for the invaders (Davis et al., 2000), and reduce biotic 
resistance (Baltz & Moyle, 1993). In addition, disturbances favour life-history traits of 
IS (Dukes & Mooney, 1999), such as propagule pressure (Lockwood et al., 2005; 
Lonsdale, 1999) and dispersal ability (With, 2004; Lake & Leishman, 2004;  Hobbs & 




Huenneke, 1992), and tolerance to extreme environments (Zhang et al., 2011; Piola & 
Johnston, 2008; Glenn et al., 1998). Numerous studies have explored the relationship 
between disturbance and invasibility, and found that disturbed communities are more 
prone to invasion than undisturbed habitats (Liu et al., 2012; King & Tschinkel, 2008; 
Pys̆ek et al., 2002a, b).  Disturbances (e.g. tourism, agricultural activities) also promote 
the dispersal and increase the influx of invasive species in intact habitats such as 
protected areas (Spear et al., 2013; Foxcroft et al., 2011, 2008).  
Species and habitat interaction 
The success of an IS in a new habitat is not only the result of the properties of the 
invading species and the susceptibility of the recipient ecosystem, it also depends on the 
interaction between invasiveness and invasibility. The ecological niche, which is all 
conditions that are suitable for a species to survive and produce offspring, was first 
defined by Grinnell (1924, 1917), embodying the habitat-dependence of species. The 
concept indicates that species only survive in similar ecological conditions to their 
native range that meet its ecological requirements. Species only maximize their ability 
of growth, reproduction and competition in certain habitats (Hui et al., 2016). In other 
words, species invasion depends on the fit of a species’ characteristics to the specific 
conditions in the new environment (Hayes & Barry, 2008; Heger & Trepl, 2003; Alpert 
et al., 2000). Thus, invasibility and invasiveness are interdependent variables and are 
closely related to each other in determining the invasion level of IS (Hui et al., 2016; 
Funk & Vitousek, 2007).  Assuming that the introduced species is only successful when 
its characteristics match with specific conditions in the new environment, many 
distribution modelling studies have been developed and widely applied in all over the 
world for prediction of biological invasion (Jiménez-Valverde et al., 2011; Ward, 2007; 
Zhu et al., 2007; Peterson, 2003).  
 
However, ecological changes of the environment such as the absence of food resources, 
competitors or pathogens (Callaway & Maron, 2006; Mitchell & Power 2003) or 
evolutionary changes of species (Müller‐Schärer & Steinger, 2004) can lead to a niche 




shift in the introduced range. The niche shift allows a plant to expand into new habitats 
and climate zones (Broennimann et al., 2007). Therefore, both niche conservatism and 
niche shift are important in understanding invasion biology (Wiens & Graham 2005). 
Impact 
Following the tens rule, about 10% of successful species invasions exert profound 
impacts on invaded ecosystems and transform the original characteristics of the native 
communities or abiotic environment (Rejmánek et al., 2013) (Figure 2.1). These 
invaders are called ‘transformers’ (Richardson et al., 2000). Transformers can lead to 
extinction or abundance decrease of other species through predator-prey relationships 
(Doherty et al., 2016; Donlan & Wilcox, 2008; Blackburn et al., 2004; Burbidge & 
Manly, 2002) or competition of resources (Dueñas et al., 2018; Kiesecker et al., 2011; 
Dangremond et al., 2010) or through hybridization or introgression (McGinnity et al., 
2003; Levin et al., 1996; Rhymer & Simberloff, 1996; Ellstrand & Elam, 1993).  
 
Invasive species can also increase extinction risk of native species in higher tropic 
levels by altering behaviour and performance of higher tropic levels. For instance, red 
fire ants (Solenopsis invicta) have altered the foraging behaviours of native rodents 
(Orrock & Danielson, 2004), and caused nesting failure in two vertebrate predators, an 
eastern woodrat (Neotoma floridana) and a rat snake (Elaphe obsoleta 
lindheimeri) (Smith et al., 2004). In broader impacts, invasive species can also pose 
considerable impacts on ecosystem processes, such as biogeochemical cycles and 
disturbance regimes (Tronstad et al., 2015;  Vitousek & Walker, 1989). Furthermore, 
invasive plants can affect fire regimes (e.g. altering frequency, intensity, extent) 
through changing fuel loads and other properties (Brooks et al., 2004). Some invasive 
plants with high evapotranspiration rates such as Tamarix spp. (Di Tomaso, 1998), 
Prosopis (Dzikiti et al., 2013) and Melaleuca quinquenervia (McJannet, 2008) can also 
alter hydrologic regimes by changing water table depth and altering surface flow 
patterns (Gordon, 1998).  
 




The extent of invasive species’ impacts is defined by an interaction between traits of 
invasive species and the recipient ecosystems (Pyšek et al., 2012; Mooney & Cleland, 
2011). Invasive species with novel traits that are distinct from traits of resident species 
in the recipient community often pose the greatest impacts (Levine et al., 2003; Parker 
et al., 1999). For example, nitrogen-fixing invasive species posed large impacts in 
nutrient poor ecosystems where there were no nitrogen-fixing residents existing before 
(Vitousek & Walker, 1989). Some advantageous traits that help species can spread in 
large areas also help them pose impacts in new environment. For example, Pyšek et al., 
(2012) in his review found that most of IPS which exert impacts on the ecology are 
species pollinated by wind. Due to no dependence on the availability of pollinators, this 
trait allows IPS build a high local cover and exert significant impacts on plant species 
richness. Besides novel traits of invasive species, Mooney & Cleland (2011) 
highlighted that changes of land-use which make irreversible change to ecosystem, 
particularly biotic factors may facilitate for the evolution of invasion impacts over time. 
Therefore, understanding which species traits determine impact, and how they might be 
dependent on the ecosystem would aid for developing tools to assess impacts of 
invasive species (Pyšek et al., 2012). 
 
Impacts of IS are not always negative. Positive effects of IS on native biota (Rodriguez, 
2006) and natural resources management have also been identified (D'Antonio & 
Meyerson, 2002). For instance, Ammophila arenaria, an European beachgrass, can 
contribute to the stabilization of coastal dunes (Rozé & Lemauviel, 2004). Rodriguez 
(2006) found that in some cases IS create favourable conditions which facilitate the 
growth of native species by altering existing ecosystems and reducing biotic resistance 
(releasing competition and predatory).  
Invasive native species 
Since the invasion of a species in a new environment often involves overcoming spatial 
and temporal barriers, the study of biological invasions has been widely viewed through 
the biogeographic origin of species (Buckley & Catford, 2015), and this is implied by 




the general acceptance that the first stage of the invasion process is that a species is 
‘introduced’ (Figure 2.1). Invasive species, hence, are commonly defined as non-native 
species which are likely to spread their range in a new environment (Beck et al., 2006; 
Pysek et al., 2008). Such non-native species are often cast as villains (Hill & Hardly, 
2018) which are subject to management action under biodiversity legislation (Campbell 
et al., 2018). Meanwhile, native species which are within their “natural range or 
dispersal potential” (IUCN, 2000), or belong to the point of geographic space, and a 
consortium of environmental variables characterized in that area, contradictorily, are 
often considered as innocent and afforded protection (Gilroy et al., 2016).  
 
However, the increase of human activities such as disturbance and land conversion, 
global commerce, and a rapidly changing climate leads to the rapid changes of 
environmental variables (Diez et al., 2017; Msanne et al., 2017; Lambin and Meyfroidt, 
2011). Consequently, historic environmental variables are divorced from their original 
geographic space (Hill & Hadly, 2018). Species which shifted their range may not be 
native to a location in geographic space anymore, but they are native to the 
environmental variable they are adapted. Therefore, the term of “native” become 
ambiguous (Hill & Hadly, 2018; Gilroy et al., 2016; Crees & Turvey, 2015) as no 
species will be truly “native” in the Anthropocene (Hill & Hadly, 2018; Gilroy et al., 
2016).   
 
These human-mediated environmental changes may create suitable niches for the 
enhanced survivorship and reproduction of some native species, triggering their 
increasing abundance and domination of the community (Goodrich and Buskirk, 1995; 
Valéry et al. 2008). Also, these native species can become ‘transformers’, as habitat 
modification or environmental changes may facilitate the effect of native species on the 
resident community or ecosystem (Didham et al., 2007). As a result, some native 
species cause dramatic harm on ecosystem and species-level similar to those caused by 
high impact exotic species (Msanne et al., 2017; Muñoz-Vallés & Cambrollé, 2015; 
Van Auken, 2009). In stressful ecosystems, certain native species may even spread in a 




broader range than non-native species because of better adaptation to the prevailing 
environmental conditions (Alpert et al., 2000). 
 
However, most invasion biologists still prefer to restrict the term “invasive species” to 
non-native species (Simberloff et al. 2011) since the economic and ecological 
devastation of invasive alien species have been widely recorded (Baskin, 2002; 
Pimentel, 2002). Both the UN Environment Programme and the IUCN listed invasive 
alien species as one of the most threat to the planet’s biodiversity (McNeely et al., 
2001). A recent study also pointed out in general the impacts of invasive alien species 
on the extinction is still greater than invasive native species (Blackburn et al., 2019). 
 
Although the percent of native species that may become invasive and cause serious 
economical and ecological damage may be less than that of non-native species, their 
impacts should not be neglected. Since invasive native species have similar traits (van 
Kleunen et al., 2010) and mechanisms of interspecific competition as non-native 
species (Valéry et al. 2009), some native species can have similar patterns of expansion 
and impacts as non-native species, particularly under climate change. The terminology 
“invasive species” with focus on only non-native species may delay important decisions 
and render impractical or ineffective management in the combat with the expanding of 
invasive species (Gilroy et al., 2016). The case of dingo management in Australia is an 
example (Allen et al., 2013; Burns & Howard, 2003). Therefore, for better 
management, the term “invasive species” should indicate to the capacity of species to 
reproduce and spread over large areas in a relatively short period of time, irrespective of 
their ‘immigrant status’ (Carey et al., 2012; Simberloff, 2011; Valéry et al., 2009, 2008; 
Warren, 2007; Thompson, 2000; Levine & D'Antonio, 1999). 
Management 
Studies on mechanisms of species’ invasiveness and impacts, the invasibility of 
habitats, and their interactions in the invasion process have largely contributed to 
progress in the general understanding of invasion ecology (Richardson & Pyšek, 2006). 




The principles of the invasion process and invasion mechanisms provide a useful 
conceptual framework for formulating practical management approaches such as 
detecting IS (Dejean et al., 2012; Asner et al., 2008), predicting invasion (Catford et al., 
2011; Hayes & Barry, 2008; ) and risk assessment (Andersen et al., 2004; Ruesink et 
al., 1995) to help prevent potential invaders. In addition, studies on invasion 
mechanisms have provided scientific foundations for the development of research on 
the control of existing IS. These studies help to effectively allocate resources for 
eradication or control of IS (Epanchin-Niell & Hastings, 2010), restoration to prevent 
re-establishment of IS (Gaertner et al., 2012) and to formulate long-term management 
in case the impacts are immense (Pala, 2008; Aldridge et al., 2006). 
 
Simultaneously, invasion studies have made considerable progress regarding national 
and international regulatory frameworks in invasion management (Simberloff et al., 
2013). Studies on policy instruments, such as risk assessment systems (Daehler et al., 
2004; Pheloung et al., 1999), market mechanisms such as tradable risk permits (Horan 
& Lupi, 2005; Perrings et al., 2005) or the polluter pays principle (Jenkins, 2002; Shine, 
2000), are contributing to prevention and control of invasions. Appropriate institutional 
mechanisms also facilitate early detection, eradication and control of IS when 
prevention fails (Kueffer & Hadorn, 2008). This is aided by the involvement of a 
committed community and other stakeholders in the detection and control of IS (Lodge 
et al., 2006).  
Study approaches  
Substantial progress in invasion science has been achieved by combining a wide range 
of perspectives, methods and tools from various disciplines to support different research 
foci and management strategies. Field observations and experimental studies, including 
both field and laboratory experiments, are common traditional approaches used in 
invasion studies to examine the mechanisms of invasion (Jeschke & Heger, 2018; 
Lowry et al., 2013). While field observation is a useful method for understanding the 




natural pattern of invasion, experimental studies provide insight into the cause-effect 
relationships of invasion for specific species and sites (Jeschke & Heger, 2018).  
 
Application of new technology opens new opportunities to enhance the success of 
prevention and management actions through identification, detection of IS and mapping 
their extent of invasion (Richardson, 2011; Andrew & Ustin, 2008; Chornesky et al., 
2005). The emergence of DNA barcoding and other molecular techniques have 
contributed to improving the identification of the origin of IS and invasion pathways 
(Dejean et al., 2012; Darling & Blum, 2007; Armstrong & Ball, 2005), and diagnosing 
and detecting microorganism IS (Duncan & Cooke, 2002). Using mathematical models 
allows for prediction of the distribution (Andrew & Ustin, 2009, 2010; Jiménez-
Valverde et al., 2011) and impacts of IS (Keeler et al., 2006; Ward & Morgan, 2014), as 
well as assessing effectiveness of potential control measures (Büyüktahtakın et al., 
2011; Jones et al., 2017). 
 
Besides the technological advances in invasion studies, social science approaches are 
useful for understanding the complexity of IS management which involves many 
players with different views on values and conflicts (Courchamp et al., 2017; Jordan et 
al., 2016; Hulme, 2006; Oude Lansink et al., 2016; Maguire, 2004). Social studies have 
contributed to understanding the social drivers of invasions (Kueffer, 2013), to help 
clarify history, values and conflicts (Estevez et al., 2015; Carruthers et al., 2011) and to 
provide tools and strategies for management and policy development (Matzek et al., 
2014; Kueffer & Hadorn, 2008). The development of approaches, from traditional 
methods to advanced technologies in combination with a social lens to deal with the 
complexity of invasive management, has contributed greatly to the state of invasion 
science globally and has also benefited IS management.  
Methods 
A quantitative literature review on IS was undertaken to evaluate research effort and 
gaps in invasion studies in SE Asia. Data were collected online from the ‘‘ISI Web of 




Science’’ core collection (ISI WOS; http://webofknowledge.com/), SCOPUS 
(https://www.scopus.com/), and CAB Direct (https://www.cabdirect.org/) databases. 
The review encompassed all relevant research related to IS in different taxonomic 
groups. Accordingly, a list of keyword search terms related to the main keyword 
(Invasive species) was compiled including 
 ("ALIEN SPECIES" or "INVASIVE SPECIES" or "EXOTIC SPECIES" or 
"BIOLOGICAL INVASION" or "NON-INDIGENOUS SPECIES" or "NON-NATIVE 
SPECIES"). 
 
The keywords were generic to avoid bias to any particular taxon. The review was 
confined to studies in the SE Asia region with geographical keyword search terms 
associated with the SE Asian region: 
 (BRUNEI or BURMA or CAMBODIA or “EAST TIMOR” or INDONESIA or LAOS 
or MALAYSIA or MYANMAR or PHILIPPINES or SINGAPORE or THAILAND or 
VIETNAM or ASEAN or "SOUTHEAST ASIA" or "TROPICAL ASIA").  
 
The document type was limited to peer-reviewed primary research (journal articles) and 
publications in the English language for the period 1958 - 2017, following the 
publication of Elton’s (1958) book as a milestone in the understanding of the global 
scale of species invasions (Richardson, 2015). Searches were conducted between 
December 2017 and January 2018 and then repeated in April 2018 to account for a lag 
for papers to be listed in databases. 
 
Documents identified by the search criteria were manually assessed for relevance based 
on reading the title, keywords, abstract and full text of each document. Relevant studies 
were identified as those having research objectives and results related to IS that were 
conducted in any country in SE Asia. Studies outside this region were excluded. 
Duplicate articles across the three databases were also removed, resulting in a final 111 
articles for systematic review.  
 




The relevant studies were then categorized by year, species groups, research focus and 
type of research. Species groups were classified into animal, plant, fungi, virus and 
more than one group (for studies of multiple species). Research focus was classified 
into: (i) introduction and invasion history (including studies related to identification or 
records of new invaders or origin description), (ii) invasiveness, (iii) invasibility, (iv) 
impacts, (v) management and policy, (vi) restoration, and (vii) “others” category (for 
studies which were outside of those foci). Types of studies included (i) field 
observation, (ii) field experiment, (iii) laboratory experiment, (iv) greenhouse 
experiment, (v) molecular techniques, (vi) social survey and (vii) modelling.  
Studies were also mapped by country of the study area and of author affiliations to 
assess research efforts among SE Asia member nations. To evaluate factors that may 
influence the research effort of countries in SE Asia, the index of gross domestic 
product per capital (GDP) in 2017 
(https://data.worldbank.org/indicator/NY.GDP.MKTP.CD), population of nations in SE 
Asia in 2019 (https://www.worldometers.info/world-population/south-eastern-asia-
population/),  and number of higher education institutions based on an analysis of web 
presence (http://webometrics.info/en/node/54, July 2018, Edition 2018.2.1) were 
collated and assessed for correlation with the number of IS studies per country in terms 
of study area and research affiliations.   
Results 
Overview of the systematic review findings 
A large number (76,470) of publications were identified from the three databases 
(Scopus, WoS and CAB Direct) using the specified search terms for IS. After refining 
to SE Asia, the focal time period and English language publications, 75,564 
publications were excluded. The remaining 906 publications (475 papers in Scopus, 387 
in WoS and 44 publications in CAB Direct) were searched for relevance to the field and 
to remove duplications. Finally, a further 655 papers were filtered out as they were not 
directly related to IS. Of these, 39 papers which mentioned IS occurrence through 
general biodiversity surveys were excluded since they did not aim to study IS and, 




therefore, did not directly contribute to understanding invasion science. Papers related 
to the topic but that were inaccessible as full text were also excluded (2 papers). 
Another 137 duplicates between Scopus and WoS, and 1 duplicate between Scopus and 
CAB Direct were also removed in the selection progress. Finally, the remaining 111 
publications were used for the systematic review (Figure 2.2). 
 
The earliest study included in the systematic review was published in 1989. In the first 
20 years, papers on IS were limited and discontinuous with fewer than 5 papers per 
year. The number of publications increased to 10-19 papers per year from 2014. 
Comparison between the number of publications in invasion science within the Scopus 
database showed that growth in SE Asian invasion studies lagged behind the global 




Overall, the IS research in SE Asia was skewed towards the animal kingdom with 72 
papers (65% of total studied in SE Asia), especially aquatic species such as fish, 
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Figure 2.2. Flow chart detailing the process of record collection and results of study 
elimination for systematic review 
 




mussels and golden snails (34 papers). Studies on plants were less than half as prevalent 
as publications on animals (32 papers). There were very few publications on lower 
kingdoms and viruses (Figure 2.4). 
 
 
Figure 2.3. The number of papers published per year on invasion science in SE Asia 
compared to global total in the period 1958-2017. The number of global studies were 
extracted from Scopus database by only using the keywords on IS (in the method) and 
filtering the languages (English only) and research articles (step 2 in Figure 2.2). The 
number of SE Asia studies were the results of the same process extracted also from 
Scopus databases but adding the keywords of SE Asia (step 3). 
 
Figure 2.4. Number of invasion studies by taxonomic groups in SE Asia. Groups include 
animal, plant, virus and fungal. Publications which study on more than one type of group 
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Research focus  
Studies on invasion science 
Identifying the introduction and invasion history of IS in SE Asia was the most 
common topic, which accounted for 30% of the identified studies (33 papers) (Figure 
2.5). Most of the introduction and invasion history papers (26 papers) focused on 
recording IS presence in the region, especially aquatic species (11 studies). Some 
papers documented species that were newly introduced in the region. For example, the 
invasive Chinese pond mussel (Sinanodonta woodiana), was recorded as newly 
introduced in Myanmar (Vikhrev et al., 2017). The first records of the Charru mussel 
(Mytella charruana) in Manila Bay in the Philippines were also documented (Vallejo et 
al., 2017). Through documenting the occurrences and identifying history of invasive 
species, those studies also provided information about abundance and referred to the 
distribution pattern of those species. The six remaining papers in this category reported 
on genetic analysis to identify the history of introduction and geographical origin of 
species (e.g. Hayes et al., 2008). Through accurately identifying a species’ geographical 
origin, those papers explored potential explanations about multiple introductions that 
facilitate the pathway management of IS. However, estimating the timing of invasion in 
greater detail is hampered by poor early records in the region (Haasl, 2000). 
 
Invasiveness was the second most frequent research focus with 30 papers (27% of total) 
identified. This category mainly included papers focused on the genetic traits of IS in 
SE Asia (14 of the 30 papers). Those studies emphasized the high genetic heterogeneity 
of IS which allow them to evolve and adapt to environmental change such as the case of 
Mimosa pigra in Thailand (Pramual et al., 2011), or the native invasive Asian tiger 
mosquito (Aedes albopictus) in Vietnam (Goubert et al., 2017) and Malaysia (Ismail et 
al., 2017). However, studies on genetic characteristics such as polyploidy and the 
hybrid nature of genomes which have helped many invasive plants (e.g. Asystasia 
gangetica micrantha, M. pigra) to be very competitive and become successful invaders 
in artificial habitats (Pandit et al., 2006), were less common.  





Figure 2.5. Research focus of invasion studies by species groups in Southeast Asia. The foci 
were defined: (1) Studies record the occurrence and identify the origin of IS (introduction and 
invasion history); (2) Traits of IS (invasiveness); (3) Features of habitats that make them 
vulnerable to invasion (invasibility); (4) Impacts of IS; (5) Management and policy; (6) 
Restoration of invaded sites; and (7) Other studies which are not in the list of foci above 
 
A number of invasiveness papers examined the advantageous morphological and 
ecological traits of IS compared to native species. For example, 11 papers examined 
traits that make species become invasive such as the inter- and intra- specific aggression 
of the yellow crazy ant (Anoplolepis gracilipes) (Chong & Lee, 2010; Drescher et al., 
2007), diets of invasive animals (de Guia & Quibod, 2014; Chaichana et al., 2011) or 
dispersal of coral reefs in Indonesia (Calcinai et al., 2004). Five papers compared the 
competitiveness of IS to native species exposed to harsh environmental factors, such as 
mussel tolerance of hypoxia (Huhn et al., 2017, 2016) and salinity (Rice et al., 2016), 
acidification tolerance of invasive fish (Nyanti et al., 2017) or contaminated 
environmental conditions and the golden snail (Pomacea canaliculate) (Chaichana & 
Sumpan, 2015). Of taxa studied on invasiveness, Acacia mangium is the only invasive 
plant studied for its physiological (Combalicer et al., 2012) and leaf traits (Osunkoya et 
al., 2004), as well as its competitive capability in disturbed habitats (Osunkoya et al., 
2005).  
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Relatively few studies on invasibility were identified, accounting for 11% (12 studies) 
of total invasion studies in SE Asia. Of these, four studies used climate matching and 
biotic suitability to predict suitable habitats for invasions (Chapter 3; Aung & Koike, 
2015; McKay & Phillips, 2012; Medley, 2010). Four papers assessed habitat suitability 
for the distribution of invasive birds in Singapore based on surveying the abundance of 
IS in different habitats (Lim & Sodhi, 2009; Tan & Morton, 2006; Lim et al., 2003; Peh 
& Sodhi, 2002). Interestingly, through a long-term survey, Chong et al. (2012) found 
changes in abundance of invasive birds were significantly correlated to environmental 
variables rather than the resource competition of co-invasion. Three papers examined 
the interaction of invasibility and invasiveness, such as flood effects on the population 
dynamics influencing invasibility of aquatic plants (Sharip et al., 2014), leaf litter 
effects on seedling establishment of invasive plants (Yeo et al., 2014) and seasonal crop 
influence on flight patterns of a Xyleborini ambrosia beetle (Sittichaya et al., 2012). 
Through indicating the correlation of external influences and invasiveness of species 
those studies emphasized the need for habitat management on the invasion control.   
 
Published research on impacts of IS in SE Asia included 12 publications (11% of total 
papers found) related to this topic. Most of these (9 papers) examined impacts of IS on 
native species communities. For example, high grazing pressure by the herbivorous 
golden apple snail (Pomacea canaliculata) had a negative influence on the growth of 
dominant aquatic plants (Carlsson & Lacoursière, 2005) as well as macrophytes and 
periphyton algae in wetlands (Carlsson & Brönmark, 2006). The presence of the native 
invasive yellow crazy ant reduced forest ant diversity in cacao agroforests (Bos et al., 
2008). Impacts of invasive plants, especially native invasive plants, on abundance and 
composition of species in communities were also recorded. For instance, the 
widespread invasion of native Imperata cylindrica grass caused variation in the species 
composition of plants, butterflies and dragonflies in Indonesia (Cleary, 2016). Invasive 
species also have indirect impacts on resident plant communities through disrupting 
pollinator interactions of native plants (Ghazoul, 2004) or being a host for insect pests 
(Cheong et al., 2010). Besides impacts on communities, other impacts of invasive 




species such as altering ecosystem function (Carlsson et al., 2004) and physicochemical 
properties of soil were found in two cases of Melastoma malabathricum (Faravani et 
al., 2008) and A. mangium (Matali & Metali, 2015).  
 
While most papers recorded the negative impacts from IS, some found no impact or a 
positive impact. Arthur (2010) indicated that there was no significant impact of exotic 
Nile tilapia (Oreochromis niloticus) and major carp (Cirrhinus cirrhosis, Labfeo rohita 
and Aristichthys nobilis) on native freshwater fish in SE Asia. A study by Tulod et al. 
(2017) found that some invasive plants can facilitate the regeneration of native trees. 
Thus, those species could potentially support reforestation if properly managed.  
Studies on invasion management 
Studies on management and policy only accounted for 15% of identified publications 
(17 papers). Of these papers,13 papers focus on control measures, particularly bio-
control (10 papers). Some bio-control measures successfully control the invasion of 
some invasive species. For example, Charmara et al. (2017) found that adjusting 
cultivation practices such as sowing density of rice (60 and 80 kg/ha) can reduce the 
growth of Cleome rutidosperma, one of the invasive C3 weed species in dry-seeded rice 
systems in South and Southeast Asia. Meanwhile, Ajorlo et al. (2014) showed that 
different types of grazing (long-term moderate grazing and short-term heavy grazing) 
have different effects on the establishment and infestation of invasive Mimosa pudica. 
 
Aside from control measures, studies predicting the likelihood of achieving 
management objectives (Brook et al., 2003), and collecting farmers’ knowledge on 
controlling IS were evident but fewer in number (Rijal & Cochard, 2016; Schneiker et 
al., 2016). Notably, all studies addressing control focused on harmful species for crops, 
such as papaya mealybug (Paracoccus marginatus), coconut hispine beetle (Brontispa 
longissima) and golden apple snail, or species included on the global list of 100 of the 
world's worst invasive species (Lowe et al., 2000), such as M. pigra and Chromolaena 
odorata. Papers on management by prevention were limited to two papers, which 




discussed pathway management (Lim et al., 2017) and building a scheme for risk 
assessment (Soliman et al., 2016). No papers analyzed regulations, or factors of 
governance on decision making for effective IS management practices through the 
statutory controls of governments. Insights regarding social dimensions of IS 
management were also absent. 
 
Only four papers (3.5% of total papers identified) were concerned with restoration. 
These mainly examined how native and non-native species perform in restoring 
disturbed or habitats previously invaded by IS (Harrison & Swinfield, 2015; Kamo et 
al., 2002; Otsamo et al., 1997; Jawa & Srivastava, 1989). Harrison & Swinfield (2015) 
highlighted the importance of removing invasive plants to accelerate secondary forest 
succession. In contrast, Kamo et al. (2002) argued that faster-growing exotic tree 
species (e.g. Acacia mangium) can be used to promote restoration by accumulating 
larger amounts of understory biomass than indigenous species. 
 
Three studies that lay outside the above categories mainly described positive benefits of 
IS such as medicinal function (Srithi et al., 2017; Rao, 2010), or alternative energy 
resources (Muhammad et al., 2013).  
Study type 
Field observation was the most common study type for IS in SE Asia, used in 43% of 
the papers (48 papers) (Figure 2.6). This approach was used mainly to identify the 
occurrence of existing or new IS (20 papers). Also, it was the main method used in 
studies on the invasiveness of species (7 papers), assessing impacts of IS on community 
(8/12 papers) and examining invasibility (8/12 papers). A few papers also used field 
observation for research on restoration (2 papers), control, management and other 
studies. The majority of those studies were conducted over a short time period using 
standard biological surveys. Few observation studies used multi-temporal observation 
to compare changes in abundance of IS over time (but see Chong et al., 2003) or 




supportive technology (e.g. chlorophyll fluorescence) to assess the invasiveness of 






Experimental studies comprised 23% (26 papers) of the published studies. Of those, 
experiments conducted in the laboratory and the field accounted for 15 and 10 papers, 
respectively. The remaining paper was based on experiments in a greenhouse. Most of 
the experiments were used for understanding the characteristics of IS and to examine 
control measures. Four papers used this approach for assessing impact (2 field 
experiments, 2 laboratory experiments), and of these, one study conducted manipulated 
experiments that were replicated over time. 
 
Invasion studies using molecular technology were also common in SE Asia. Twenty- 
seven papers (~24% of total papers identified) used this approach, mainly to examine 
genetic traits leading to the invasiveness of species (14 papers). Use of multiple 
molecular markers (Krzemińska et al., 2016), DNA encoding (Ismail et al., 2017) or 
DNA sequencing (Hayes et al., 2008) have helped to untangle patterns of invasion, 
provide insights into population structure and phylogeographic relationships and 
illustrate how historical processes may have contributed to making a species a 
successful invader. Molecular techniques were also used to evaluate the effectiveness of 
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Molecular technology; (3) Laboratory experiment; (4) Field experiment; (5) Modelling 
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integrated pest management through investigation of population genetic data in non-
controlled areas and controlled areas, as in the case of fruit fly management in Thailand 
(Aketarawong et al., 2011). 
In contrast, modelling received little attention, about 5% of total papers (5 papers). Four 
studies modelled habitat suitability of invasive animals (McKay & Phillips, 2012; 
Medley, 2010) and plants (Chapter 3; Aung & Koike, 2015). One paper included 
modelling to assess management effectiveness (Brook et al., 2003). Less than 3% of the 
identified studies used social science methods to collect perceptions of control practices 
and pest risk analysis.   
Research effort by country 
The number of identified studies per country was positively correlated with number of 
universities in each country (p = 0.01). Most studies were undertaken in countries with 
a higher number of higher education providers, such as Indonesia, Malaysia, Philippines 
and Thailand, with between 11-18 papers per country. In contrast, Brunei, Cambodia, 
Lao PDR, Myanmar and Vietnam, which have fewer higher education institutions, had 
fewer studies with 7 papers in Vietnam and 1-3 papers in the remaining countries 
(Figure 2.7A).  
 
Although the number of studies per country tended to increase with GDP, there was no 
significant correlation between GDP and number of studies (p = 0.3; Figure 2.7B). The 
highest number of studies (18 studies) was in Indonesia and Malaysia even though these 
countries are not leading the region on GDP. In contrast, although being one of the   
leading countries in terms of GDP, Brunei has the lowest number of invasion studies 
with only 3 papers. Similarly, the population is not correlated with the number of 
studies (Figure 2.7C).  
 
Countries with higher per capita GDP, such as Singapore, Brunei, Malaysia and 
Thailand (Figure 2.7B), also have a greater proportion of published papers from 
domestic affiliations (Figure 2.8). In contrast, studies associated with lower GDP 




countries mostly have foreign affiliations (e.g. Lao PDR, Myanmar and Cambodia had 
































































































Figure 2.7. The correlation of number of studies in SE Asia with economic and education 
conditions. (A) The number of higher education providers with number of studies; (B) The 
gross domestic product (GDP) and (C) population. 




collaborations on invasion studies in the region were with affiliations from outside of 
SE Asia (57% of total studies were from or cooperated with countries outside of SE 




Figure 2.8.  Number of studies within SE Asia countries and their affiliations. Countries were 
identified based on studied areas. Countries of authors’ affiliations were classified into 
affiliation in the studied areas, outside studied areas and affiliation which including both inside 
and outside of studied countries 
 
Discussion 
The systematic quantitative literature review revealed that invasion studies in SE Asia 
appear to be limited and are dominated by studies on animals. Furthermore, papers 
mainly described the invasiveness of species and recorded the occurrence of new 
invasive species rather than providing specific information of invasion risk and 
practical solutions to prevent and control IS. While the field of global invasion science 
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research in SE Asia was mainly at the level of observations. Furthermore, a skewed 
research efforts between countries in the region needs to be considered to reduce future 
geographical bias in invasion science in SE Asia.  
General trend in invasion studies in SE Asia 
The review of invasion studies in SE Asia showed a dearth of published papers on IS in 
the region, which is similar to findings on the unequal distribution of invasion literature 
globally, especially in tropical areas (Lowry et al., 2013; MacIsaac et al., 2011). 
However, it is important to note that the review was restricted to English language 
publications only, where English is the second language for most countries in SE Asia. 
Limitations of language may also restrict capacity for publication of IS studies in the 
region (Amano et al., 2016; Meneghini & Packer, 2007). Also, publications in the 
‘grey’ literature (e.g. government reports) are not tracked by some ISI index (e.g. WoS), 
and so were not included in the search. Peh (2010) in the literature review of invasive 
species in SE Asia also pointed out that scholarly data on invasion studies in SE Asia 
have not been disseminated globally but mainly published in local or regional literature. 
Therefore, the actual number of case studies on IS in SE Asia may be higher than 
reflected in a WoS, SCOPUS and CAB Direct search. However, those databases 
provide a reasonably representative sample of the scholarly literature on which to draw 
conclusions on the patterns of invasion studies (Pyšek et al., 2008).  
 
Notably, published invasion studies for SE Asia were relatively few until a substantial 
increase from the year 2005. The late start of invasion science in SE Asia may 
correspond with the increasing presence of international conventions identifying the 
importance of invasive species. For example, guidance for IS control was formalised in 
2002 at the sixth ordinary meeting of the Conference of the Parties to the Convention 
on Biological Diversity (2002). The establishment of the ASEAN Centre for 
Biodiversity in 2005 (Elliott, 2012), and the ASEAN blueprint 2009 (ASEAN 
Secretariat, 2009) recognised the concern of the scientific community and the public on 
biodiversity issues including IS in the SE Asia region. The increase in IS studies 




focussing on SE Asia from 2005 is similar to trends in other tropical and developing 
countries such as Brazil (Frehse et al., 2016). Thus, this trend may reflect a general 
increased interest in invasion science at the time.  
 
The review also found that studies on invasive animal species have been 
disproportionately represented in the invasive species literature in SE Asia. There is the 
same trend in global invasion studies, which has been documented elsewhere (Lowry et 
al., 2013; MacIsaac et al., 2011). This inequality may be because invasive animals tend 
to have effects that are more conspicuous than invasive plants and other groups 
(MacIsaac et al., 2011). Also, animals often have direct impacts on agriculture, 
especially aquaculture, which significantly contributes to exports, employment and 
income for many SE Asian countries (Hishamunda et al., 2009). Hence, it is no surprise 
that a large proportion of studies in SE Asia address aquatic species. Meanwhile, 
although invasive plant species in all Southeast Asian countries occupy more than one-
third of their total invasive biota (Peh, 2010), invasive plant species are less studied 
because most naturalized plants do not have clear impacts on invaded ecosystems or 
their impacts are difficult to quantify (Pyšek et al., 2008).  
 
MacIsaac et al. (2011), in their review of patterns of studies in invasion ecology, 
pointed out that bias to particular taxa due to perceived importance and human interest 
can influence publication patterns in invasion studies. Bias from human interest in the 
agricultural sector and unclear impacts can be seen by invasive plants may lead to 
overlooking risks from invasive plant species to perceived lower priority concerns such 
as protection of natural areas.  
Research focus 
The research focus on IS undertaken in SE Asia did not equally address all areas of 
invasion science that were outlined in Figure 2.1. A large proportion of the studies 
concentrated on recording the occurrence and describing general traits of IS, especially 
on genetic diversity. Traits such as propagule size, dispersal and reproductive capacity, 




which are important to understand invasion mechanisms and associated foundations for 
prevention and control measures (Moravcová et al., 2015; Colautti et al., 2006), were 
rarely studied in the region (only 2 studies). In addition, the lack of studies on 
invasibility and impacts of IS is likely to limit understanding of the current and 
potential future distribution of IS and their impacts on biodiversity. Consequently, 
management efforts may fail to prioritize resources to deal with the most problematic 
species and the most affected habitats (Hulme et al., 2013). 
 
Studies that included control and management of IS in SE Asia were limited in number 
and scope. The limited number of studies on control measures were biased toward crop 
pests and well-known weeds. Furthermore, the proposed control measures focused on 
bio-control and were conducted in few countries. However, bio-control may not be 
practical as it involves many statutory, funding and technology constraints as well as 
uncertainties regarding effectiveness and safety (Ghosheh, 2005). Information on other 
control mechanisms, such as mechanical or chemical removal, and their effectiveness 
and expense of use were absent in the scholarly literature reviewed. Policy studies, 
which are important to prevent the potential risk of invasion and achieve long-term 
management, were investigated by only a few authors. Consequently, apparently 
limited information on the extent and impacts of IS as well as practical solutions means 
that invasion studies in SE Asia may be limited in terms of their contribution to 
developing effective strategies for responding to both potential and existing IS (Early et 
al., 2016). 
Types of studies 
The assessment of the types of studies showed that a large proportion were based on 
field observations with fewer empirical studies. However, effects of IS have very 
complex interactions which often vary by species and can be difficult to detect or 
measure  (Simberloff et al., 2013; Reaveley et al., 2009). Hence, observational studies 
tend to be limited in their ability to determine causality (Andreu & Vilà, 2011; 
Kumschick et al., 2015). Experimental approaches with manipulation were in the 




minority in the reviewed invasion studies in SE Asia. Experimental studies help 
invasion science move forward by providing causal evidence for relevant mechanisms 
(Jeschke & Heger, 2018) and impacts of IS (Stricker et al., 2015). However, the 
complexity and need for long-term monitoring to understanding interactions means that, 
globally, experimental approaches are less studied compared to field observations 
(Stricker et al., 2015). The high proportion of observational studies indicates that the 
invasion discipline in the SE Asia is still in the phase of exploratory research rather than 
providing a comprehensive picture (Peh, 2010).   
 
Except for progress in using molecular technology to understanding genetic diversity of 
IS, other approaches such as modelling have been rarely explored in the SE Asian 
region. Application of modelling to predict risk, impacts and control measures is an 
effective way to forecast what species might invade and where, and to understand 
mechanisms for preventing further incursion (Kulhanek et al., 2011) and prioritize 
resources (Lohr et al., 2017) for efficient management. While global invasion studies 
have gained substantial progress in using modelling for IS management (Büyüktahtakın 
& Haight, 2017; Guisan & Thuiller, 2005), this tool has been rarely used in the SE 
Asian region (5 studies), and these have largely been restricted to empirical species 
distribution modelling. Lack of studies in modelling may be derived from the priorities 
of research and development efforts mainly focusing on poverty alleviation,  or 
production of elementary needs in SE Asia nations (e.g. Umali & Exconde, 2003). This 
not only results in lack of scientists and research capacity on this field (Peh, 2013) but 
also lack of awareness within the region about the power, opportunities and excitement 
that biodiversity informatics can offer (Webb et al., 2010, Umali & Exconde, 2003).  
 
Social science research methods are also under-used. Biological invasions are a 
complex problem (Jordan et al., 2016; Hulme, 2006; Salwasser, 2004; Rittel & Webber, 
1973), which not only derives from the nature of invasive species and invaded 
ecosystems, but also from characteristics and constraints of society and institutions 
(Martin & Choy, 2016). Therefore, using social approaches to understand the 




perceptions of the public and key stakeholders (Estevez et al., 2015; Schüttler et al., 
2011; Bremner & Park, 2007) is important to solve social conflicts and help make IS 
management successful. However, probably due to the ecological roots of invasion 
science, a dominant proportion of current invasion studies focus on ecological questions 
rather than social ones (Vaz et al., 2017). This global ecological bias may be linked to 
the dearth of studies using social approaches in invasion science in SE Asia. The 
uneven distribution of approaches, with mainly observation type studies, may hinder the 
understanding of invasion mechanisms for effective IS management. 
Research efforts by country 
Comparison of research efforts among countries in the region reveals an inequality in 
research performance. Geographical biases in invasion studies can usually be explained 
by the differences in economic status, systems of science and education within 
respective countries (Pyšek et al., 2008). The review found a positive relationship 
between the number of IS publications (research effort) and the number of higher 
education institutions. Also, countries which have a higher GPD tended to have a higher 
percentage of domestic affiliations in published papers. This could suggest that 
countries with higher national wealth and higher numbers of university educated 
populace may have stronger investment in science, research capacity, and well-
established scientific communities to produce basic and applied information for 
publication of invasion studies (Nuñez & Pauchard, 2010).  
 
However, although the number of papers tend to be higher in wealthier countries, there 
was no correlation between research effort and GDP (wealth). This means higher GDP 
countries may have higher research facilities and capacity but do not always lead to a 
higher number of studies. The case of Brunei is an example. Meanwhile, most studies in 
SE Asia were in Indonesia and Malaysia, mega biodiversity countries, and therefore 
may have higher concerns for conservation (Giam & Wilcove, 2012). This suggests that 
priorities and concerns for conservation and invasive species may be more important 
than the economic index.  





Geographical biases in research due to limited domestic capacity may be overcome 
through research collaborations (Giam & Wilcove, 2012; Pyšek et al., 2008). The 
international cooperation in publication on invasion science is evident in most SE Asian 
countries and can greatly benefit countries with low research capacity. However, most 
of the cooperation evident in the review involved affiliations from outside of the region 
while cooperation between SE Asian countries was very limited. This should be of 
concern as biological invasions are a trans-border issue (Wilson et al., 2016) which 
require bilateral or multilateral cooperation among countries, especially regional 
collaboration, to address the 2002 Convention on Biological Convention on Biological 
Diversity.  Effective IS management must be considered and addressed in the context of 
the region, rather than a single country (Paini et al., 2010). Thus, limited regional 
cooperation in research may increase challenges in IS management.  
Conclusions and future invasion research in SE Asia 
Published research on biological invasions in SE Asia is relatively and is unevenly 
distributed among species groups as well as research focus and types of studies. These 
limitations may have hindered the SE Asian region in terms of understanding the extent 
of risks and impacts of invasive species as well as providing information and practices 
for management. Therefore, much effort is required to boost the progress of invasion 
science in the region. Fortunately, SE Asia can benefit from the existing global 
literature and readily available and comprehensive global databases such as the Global 
Compendium of Weeds (Randall, 2017), Invasive Species Compendium 
(www.cabi.org/isc), and Global Invasive Species Programme (http://www.gisp.org), 
with details on invasiveness of species and control measures for individual species. 
However, knowledge of the extent and impacts of IS, as well as management for 
specific regions is important for raising regional awareness and informing effective 
management, but is currently lacking and not able to be provided by global databases. 
Thus, further research should prioritize regionally specific understanding of where the 
existing and potential invasion might occur (Chapter 3), and the identity of potential 




transformers with understanding of their impacts through strong evidence-based 
approaches (Chapter 4). In addition, understanding the regionally specific social 
dimensions, especially the governance system (Chapter 5), is important to facilitate 
appropriate decision making on IS in the region. Furthermore, taxonomic bias in the 
region should be reduced through providing studies on a diverse range of species. Also, 
attention should be given to facilitating more research in under-studied countries. 
Enhancing scientific collaboration among countries in the region and intercontinental 
cooperation could help to not only increase resources to under-studied regions and 
promote valuable knowledge exchange, but also build local  research capacity (Fazey et 
al., 2005), which are important for effectively managing cross-border issues regarding 
IS. 
 




Chapter 3. Contemporary remotely sensed data 
products refine invasive plants risk 
mapping in data poor regions 
Abstract 
Invasive plant species (IPS) are a serious problem worldwide, threatening biodiversity 
and damaging economies. Modelling potential distributions of IPS can prioritize 
locations for monitoring and control efforts, increasing management efficiency. 
Forecasts of invasion risk at regional to continental scales are enabled by readily 
available downscaled climate surfaces together with an increasing number of digitized 
and georeferenced species occurrence records and species distribution modelling 
techniques. However, predictions at a finer scale and in landscapes with less 
topographic variation may require predictors that capture biotic processes and local 
abiotic conditions. Contemporary remote sensing (RS) data can enhance predictions by 
providing a range of spatial environmental data products at medium to fine scale 
beyond climatic variables only. In this study, we used the Global Biodiversity 
Information Facility (GBIF) and empirical maximum entropy (MaxEnt) models to 
model the potential distributions of 14 invasive plant species across Southeast Asia (SE 
Asia), selected from regional and Vietnam’s lists of priority IPS. Spatial environmental 
variables used to map invasion risk included bioclimatic layers and recent 
representations of global land cover, vegetation productivity (GPP), and soil properties 
developed from Earth observation data. Results showed that combining climate and RS 
data reduced predicted areas of suitable habitat compared with models using climate or 
RS data only, with no loss in model accuracy. However, contributions of RS variables 
were relatively limited, in part due to uncertainties in the land cover data. We strongly 
encourage greater adoption of quantitative remotely sensed estimates of ecosystem 
structure and function for habitat suitability modelling. Through comprehensive maps 
of overall predicted suitable area and diversity of invasive species, we found that among 




lifeforms (herb, shrub and vine), shrub species have higher potential invasion risk in SE 
Asia. Native invasive species, which are often overlooked in IPS risk assessment, may 
be as serious a problem as non-native invasive species. Awareness of IPS and their 
environmental impacts is still nascent in SE Asia and information is scarce. Freely 
available global spatial datasets, not least those provided by Earth observation 
programs, and the results of studies such as this one provide critical information that 
enables strategic management of environmental threats such as invasive species. 
Introduction 
Invasive plants have emerged as a serious problem for global biodiversity. Their 
infestations can lead to the extinction (Groves et al., 2003) and endangerment (Pimentel 
et al., 2005; Wilcove et al., 1998) of native species and the alteration of ecosystem 
process (Simberloff, 2000; Vitousek & Walker, 1989). Although invasive species that 
are introduced to a region receive the greatest attention, it is not necessary for a species 
to be non-native to be invasive.  Under global climate change and human disturbance, 
some native species have also become aggressive invasive species (Avril & Kelty, 
1999; Hooftman et al., 2006; Valéry et al., 2009; Wang et al., 2005). To provide for 
effective management, the definition of invasive species, therefore should be expand to 
include both native and non-native species which are expanding their range and may 
potential pose risks to the environment (Valéry et al., 2008). 
 
Given the large impacts that invasive species can have and the limited possibilities for 
eradication, early detection and prevention of the establishment of invasive species 
should be a priority in conservation policies (Genovesi, 2005). Identification of areas 
that are at potential invasion risk, to either non-native or native invasive species, can be 
an effective way to guide efficient management and prevent further incursion 
(Kulhanek et al., 2011).  
 
Species distribution models (SDMs) are currently a popular method for predicting the 
geographic distribution of species (Peterson, 2006). They are developed statistically 




from the known occurrences of the species and characteristics of the environment to 
identify similar suitable habitat and, thereby, predict the geographic distribution in 
unknown regions (Pearson, 2010; Peterson, 2006; Peterson & Vieglais, 2001). Given 
these modest data requirements, they are especially useful in cases of poorly studied 
taxa (Kearney & Porter, 2009). Therefore, SDMs have become an important tool to 
investigations of invasibility that aim to predict the potential distributions of invasive  
species (Thuiller, 2005; Peterson, 2003). Since the early study of Peterson et al. 
(2003) in predicting the potential distribution of four invasive plants in North America, 
SDMs have been increasingly and widely applied all over the world to predict 
biological invasions (Underwood et al., 2013; Guisan & Thuiller, 2005), especially IPS 
( Rameshprabu & Swamy, 2015; Bateman et al., 2012; Fernández et al., 2012; Barik & 
Adhikari, 2011; Reside, 2010; Andrew & Ustin, 2009;  Zhu et al., 2007).  In SDMs, the 
environmental variables used vary at different scales (Bradley et al., 2012). At regional 
to continental scales, forecasts of invasion risk are often mainly driven by climatic 
factors (Pearson & Dawson, 2003). Predictions at a finer scale and in landscapes with 
less topographic variation may require predictors that capture biotic processes (e.g. 
vegetation productivity) and local abiotic conditions (e.g. topography, soil type) 
(Pearson & Dawson, 2003). However, continuous spatial measurements of these finer-
scaled environmental variables are difficult to acquire at large spatial extent (Bradley, 
2012). 
 
Contemporary remote sensing (RS) now provides widely available data products at 
multiple spatial and temporal resolutions that characterize a range of ecologically 
relevant patterns and processes (Andrew et al., 2014). These data can be used to 
measure habitat properties over a larger area than can easily be covered by field surveys 
(Estes et al., 2008) and augment the array of spatial environmental variables available 
to SDMs to characterize abiotic and biotic niche axes beyond simply climatic factors. 
Table 3.1 provides an overview of the remotely sensed information that has been 
incorporated into SDMs as environmental predictor variables, to date, giving an 




indication of the evenness of research efforts and the capabilities of RS that are still 
relatively under-utilized. The most commonly used variable extracted from RS data is  
Table 3.1: Applications of remote sensing data as environmental variables in plant distribution 
models 








Andrew & Ustin, 2009; Bradley & Mustard, 
2006; Buermann et al., 2008; Campos et al., 
2016; Hoffman et al., 2008;  Pouteau et al., 
2015; Parviainen et al., 2008; Parviainen et 
al., 2013;  Pottier et al., 2014; Pradervand et 
al., 2014; Prates-Clark et al., 2008; Questad et 
al., 2014; Rew, 2005; Saatchi et al., 2008; van 
Ewijk et al., 2014; Zellweger et al., 2013 
Climate observations MODIS, TRMM, 
NASA 
Deblauwe et al., 2016; Saatchi et al., 2008; 
Waltari et al., 2014 
Soil properties Landsat, MODIS Parviainen et al., 2013; Wang et al., 2016 
Others physical variables 
(water, fire) 
MODIS, NASA Cord & Rödder, 2011; Cord et al., 2014; Pau 
et al., 2013; Stohlgren et al., 2010  
Land cover/land use MODIS, Landsat  Cord et al., 2014b; Gonçalves et al., 2016;  
Morán-Ordóñez et al., 2012; Sousa-Silva et 
al., 2014; Stohlgren et al., 2010; Pearson et 
al., 2004; Tuanmu & Jetz, 2014; Thuiler et 
al., 2014; Wilson et al., 2013 
Vegetation productivity 
Normalized difference 
vegetation index (NDVI) 
Landsat, SPOT, 
MODIS 
Engler et al., 2013; Evangelista et al., 2009; 
Feilhauer et al., 2012; Morisette et al., 2006; 
Parviainen et al., 2013; Prates-Clark et al., 
2008; Schmidt et al., 2013; van Ewijk et al., 
2014; Zellweger et al., 2013; Zimmermann et 
al., 2007 
Leaf area index 
(LAI) 
MODIS Buermann et al., 2008; Cord & Rödder, 2011; 
Engler et al., 2013; Prates-Clark et al., 2008; 
Saatchi et al., 2008 
Enhanced Vegetation 
Index (EVI) 
MODIS Cord et al., 2014; Cord & Rödder, 2011; 
Morisette et al., 2006; Schmidt et al., 2013; 
Stohlgren et al., 2010; Schmidt et al., 2013  
Phenology MODIS, Landsat Bradley & Mustard, 2016; Gonçalves et al., 
2016; Morisette et al., 2006; Tuanmu et al., 
2010; Wilfong et al., 2009 
Vegetation structure 
Tree height LiDAR Alonzo et al., 2014; van Ewijk et al., 2014 
Canopy roughness QSCAT Saatchi et al., 2008 
Other vegetation properties 
Canopy moisture Hyperspectral 
sensor, QSCAT 
Buermann et al., 2008; Prates-Clark et al., 
2008 








Henderson et al., 2014; Morán-Ordóñez et al., 
2012; Pottier et al., 2014; Schmidt et al., 2013 
 
topography/elevation (42% of 39 reviewed studies that have developed SDMs of plant 
species using RS predictors). Besides, other abiotic predictors have been developed 
such as remotely sensed estimates of climate and weather, including surface 
temperature from sensors such as MODIS and rainfall estimates from TRMM and,  
more recently, the Global Precipitation Measurement mission, although studies 
applying these predictors are limited (Table 3.1). Soil properties, one of the most 
important factors for plant distributions and species invasion (Radosevich et al., 2007), 
is rarely studied (He et al., 2015), although several recent studies have explored the use 
of remotely sensed indicators of soil characteristics in SDMs (Table 3.1).  
 
In addition to abiotic properties of the environment, biotic characteristics also play an 
important role in shaping species’ spatial pattern (Wisz et al., 2013). RS can estimate 
many properties of the vegetated environment, and applications of products such as 
land-cover data or vegetation proxies to SDMs are on the rise (Table 3.1). Land cover 
has been considered as the primary determinant of species occurrences at a finer spatial 
resolution than climate (Pearson et al., 2004). Various studies (20% of 39 reviewed 
studies; Table 1) have applied land cover products derived from a variety of sensors 
(especially MODIS and Landsat) to SDMs. However, most of the current land cover 
information is in categorical format, which can lead to the propagation of classification 
errors (Tuanmu & Jetz, 2014; Cord & Rödder, 2011) and may not effectively represent 
the classes most relevant to the species of interest. In contrast, remotely sensed 
estimates of continuously varying ecosystem properties related to land cover and novel 
continuous land cover products can be used in SDMs and may avoid these limitations.  
 
Recent studies have found better performance from continuous estimates of vegetation 
properties and land cover rather than categorical representations (Cord et al., 2014; 
Tuanmu & Jetz, 2014; Wilson et al., 2013). A range of remotely sensed measures of 
vegetation has been explored in SDMs, such as the vegetation indices Normalized 




difference vegetation index (NDVI) and Enhanced Vegetation Index, phenology, and 
canopy moisture in order to evaluate variations in habitat quality at fine scales and in 
climatically homogenous regions (Table 3.1). Of vegetation metrics, NDVI, a useful 
measure of vegetation properties, has been extensively used as a predictor in SDMs 
(25.6%; Table 3.1). It represents photosynthetic activity and biomass in plants and is 
indirectly related to net primary production (Bradley & Fleishman, 2008). However, a 
study of Phillips et al (2008) noted that while NDVI had high correlation with MODIS 
GPP (gross primary production) and NPP (net primary production), it was a less 
effective surrogate of productivity in areas of either sparse or dense vegetation (Huete 
et al., 2002). They found GPP to be better able to predict biogeographic patterns of 
species richness (Phillips et al., 2008), but we know of no studies that have used GPP in 
SDMs of plant species. Value-added science products, such as the MODIS primary 
productivity products, may provide more meaningful depictions of vegetation processes 
and improved environmental predictor variables for spatial models of biodiversity 
(Phillips et al., 2008).  
 
In addition to the typical niche axes used to inform variable selection for SDMs of plant 
species, there is a large body of literature determining the ecosystem properties that 
influence invasibility of a system, and these can be used to guide applications of SDMs 
to evaluating invasion risk. Resource availability (e.g. light, CO2, water, nutrients) often 
facilitates successful invasion. Invasibility is predicted to be greater in sites with more 
unused resources (Davis et al., 2000). By damaging the resident vegetation, disturbance 
reduces resource uptake and competition, increasing resource availability (D'Antonio, 
1993; Hobbs, 1989). Therefore, invasion by invasive plant species are often associated 
with disturbance (e.g. Walker & Smith, 1997; Fox & Fox, 1986).  
 
However, distributions of invasive species are typically modelled using static 
environmental datasets that may poorly proxy these dynamic processes (Dormann et al., 
2012; Franklin, 2010). Temporal summaries of GPP may provide useful indicators. 
GPP estimates total ecosystem photosynthesis, the cumulative response of the 




vegetation to its environment, and may be used as a spatial proxy of resource 
availability. As well, the variability of GPP over time can reflect disturbance processes 
(Goetz et al., 2012). Hence, quantitative spatial measurements of GPP are expected to 
be a relevant predictor variable for modelling invasibility. Also, including soil 
properties in SDMs may be useful as numerous studies have shown that soil properties, 
including nutrient availability, relate to invasibility (Suding et al., 2004; Harrison, 1999; 
Burke & Grime, 1996; Huenneke et al., 1990). 
 
In this study, I hypothesize that the inclusion of recently developed global remotely 
sensed data products providing quantitative estimates of vegetation productivity and its 
dynamics, land cover, and soil properties, in addition to climatic layers, will enable a 
more complete representation of species’ ecological niches by SDMs. To test the 
hypothesis, bioclimatic data and remote sensing data were used in isolated and 
combined models predicting the potential distribution of selected invasive plants across 
Southeast Asia.  
 
Southeast Asia (SE Asia) is an important region to global biodiversity; it has four of the 
world’s 25 biodiversity hotspots (Sodhi et al., 2004). However, much biodiversity is 
being lost (Peh, 2010) due to threatening processes such as habitat loss, degradation, 
climate change, and pollution (Pallewatta et al., 2003). In addition, and operating in 
synergy with these anthropogenic changes, invasive species damage the biodiversity 
and economy of the region (Nghiem et al., 2013; Gower et al., 2012; Peh, 2010). 
Although impacts of invasive species in SE Asia are apparent, research on the level and 
types of impacts caused by invasive species is still limited (Nghiem et al., 2013). There 
are also few applications of SDM methods, either for invasive species or in general, in 
the region. Among studies about species distributions worldwide, Porfirio et al. (2014) 
found only a small fraction were conducted in Asia (∼3%). The absence of research in 
this field is hindering SE Asia in providing a comprehensive assessment of invasive 
species (Gower et al., 2012; Peh, 2010), and in effectively managing this aspect of 
global environmental change.  




The goal of this study is to provide an overview of potential invasibility to 14 priority 
invasive plants in SE Asia. To generalize estimates of invasion risk across species traits 
that may require different management approaches, we divided studied species into 
different life forms (herb, vine, and shrub). Such groupings based on life-history 
attributes have been widely used to understand the invasion process and propose 
tailored management strategies (Garrard et al., 2009; Bear et al., 2006; McIntyre et al., 
1995). In addition, species were grouped by their origin status (native and non-native 
invasive species). Through evaluating SDMs by life forms and origin status, and using 
different environmental predictor variable sets, our study addresses the following 
questions:  
• Which areas are most vulnerable to invasion? 
• Which life forms of invasive plant species pose the greatest risk to SE Asia?  
• Are native invasive plant species as great of a potential threat as non-native 
invasive plant species? 
• Do remotely sensed environmental predictor variables improve predictions of 
invasion risk over models constructed with climate variables alone?  
• Do the benefits of incorporating remotely sensed predictors in invasion risk 
models differ by species life form or by origin status?  
Methods 
In order to evaluate the potential distributions of selected invasive plant species in SE 
Asia and to assess the contributions of remotely sensed environmental predictors to 
species distribution models, three model sets were developed: models constructed along 
climate data only (CLIM), models with RS only (RS) and models with both climate and 
RS data (COMB). CLIM models used well-established bioclimatic datasets. The 
compiled RS predictor set covered a diverse range of surface parameters, namely 
topography, soil properties, global land cover, and vegetation productivity (GPP). 
Models used the MaxEnt algorithm. Model comparisons were based on the AUC score 
of model performance, average predicted suitable areas, the level of spatial agreement 
in predicted distributions between model results, and the usage of RS and CLIM 




variables. The evaluation of invasion risk across life forms and origin status used 
predictions of suitable habitat for individual species and predicted maps of invader 
richness. These datasets and methods are described in more detail below. 
Study species and occurrence data 
In this study, the potential distributions were modelled for fourteen invasive species 
(Table 3.2) identified from the lists of native and non-native invasive species known in 
SE Asia (Matthews & Brand, 2004) and Vietnam (Ministry of Natural Resources and 
Environment and Ministry of Agriculture and Rural development, 2013). Species 
occurrences were collected from the Global Biodiversity Information Facility  
(http://www.gbif.org/). Records were cleaned for obvious spatial errors (e.g. points that 
occurred in the ocean for terrestrial species) in ArcMap and duplicate records in the 
dataset were discarded (Barik & Adhikari, 2011). All species modelled had more than 
ten occurrence records within the study area. The species occurrence records span 
lengthy collection periods. For each of the 14 species studied, the median years of the 
observations occurred in the period 1956-2005. 
Climate data  
Bioclimatic variables were obtained from the WorldClim database (Version 1.4), 
interpolated from measurements recorded during the period 1960 to 1990 from 
~46,000 climate stations worldwide (Hijmans et al., 2005). Eleven temperature and 
eight precipitation metrics, at 1 km resolution, were used, including annual means, 
seasonality, and extreme or limiting climatic conditions (Table 3.3). The 
bioclimatic predictors were developed as continuous raster surfaces and widely 
used for studies of plant species distributions ( Zhu et al., 2015; Cord and  Rödder, 
2011; Hernandez et al., 2008; Pearson et al., 2007). 
 




Table 3.2. Description of the study species 
Family name Common name Scientific name Life form Origin 







Siam weed Chromolaena odorata (L.) R.M. King & H. Rob Shrub 
South and Central 
America 2002 
Humid part of the inter-tropical zone, elevations below 2000 m 




hysterophorus  L. Herb 
the Americas 
 2005 
Humid and sub-humid tropics. Wide variety of soil types, preferably in heavier fertile soils 
Disturbed habitats (e.g. roadsides, railway tracks, river and creek banks, buildings)  
Mile-a-Minute Mikania micrantha Kunth Vine 
South and Central 
America 2003 
Damp, lowland clearings or open areas 
Streams and roadsides, in or near forests, forest plantations, pastures, fence lines, tree crops   
Goatweed Ageratum conyzoides L. Herb South and Central America 1981 
Disturbed habitats, roadsides, degraded pasture and cultivated areas 
Convolvulaceae Bois Merremia boisiana Gagnep. Vine 
South China and 
North Vietnam 1956 








C.Wright ex Sauvalle Shrub 
South and Central 
America 2000 
Fertile areas; humid areas with available soil moisture 
Open and disturbed habitats  
Catclaw 
mimosa Mimosa pigra (L.) Willd Shrub 
South and Central 
America 1999 
Riparian areas and anthropogenic habitats (agricultural areas) 
Disturbed and construction sites 
White leadtree Leucaena leucocephala (Lam.) de Wit 
Shrub/ 
Tree 
South and Central 
America 1990 
Open, often coastal habitats  
Semi-natural and disturbed habitats 
Poaceae 
 
Buffel grass Cenchrus echinatus L. Grass North and South America 1970 
Tropical regions, dry and moist regions in rainfed areas and irrigated crops  
Moderate moisture and light, sandy, well-drained soils at low elevations  
Bamboo grass Microstegium ciliatum (Trinius) A. Camus Grass 
East and 
Southeast Asia 2000 
Along mesic roadsides, railroad right-of-way ditches, utility right-of-way, etc. 
Wetland, successional forest, planted forest, forest edges and margins, woodland borders 
Not in areas with periodic standing water, nor in full, direct sunlight  
Polygonaceae Water hyacinth 
Eichhornia crassipes 
(Mart.) Solms  Herb South America 1963 
Tropical and sub-tropical freshwater lakes and rivers, especially those 
enriched with plant nutrients, flooded rice 
Tamaricaceae Lantana Lantana camara L. Shrub The Americas 1982 Disturbed areas, pastures, roadsides and sometimes in native forests.  
Leguminosae 
Bauhinia Bauhinia touranensis Gagnep. Vine 
Southern China, 
Vietnam 1957 
Open forests and thickets in valleys and on slopes; 500-1200 m2 
Kudzu Pueraria montana 
(Lour.) Merr. Vine 
East and 
Southeast Asia 1983 
Woods, plantation forests, open areas, abandoned fields 
Wide variety of soil types but does not favour very wet soils 
Wide geographic and climatic range  
1 http://www.inaturalist.org/taxa/363279-Merremia-boisiana, 2 http://www.efloras.org/florataxon.aspx?flora_id=3andtaxon_id=200011961. Origin and habitat preferred are classified according to Invasive Species 
Compendium developed by CABI (http://www.cabi.org/isc) 




Remote sensing data  
A Digital Elevation Model (DEM),  a continuous height variable, were derived from 
GTOPO30 (http://earthexplorer.usgs.gov/) at 30 arc second resolution (approximately 1 
km) (USGS, 1996). Ten continuous soil layers representing soil physical and chemical 
properties (Hengl et al., 2014) (Table 3.3) at 1 km resolution were extracted from 
ftp://ftp.soilgrids.org/data/archive/12.Apr.2014/. This dataset was empirically 
developed from global compilations of publicly available soil profile data (ca. 110,000 
soil profiles) and a selection of ~75 global environmental covariates representing soil 
forming factors (mainly MODIS images, climate surfaces, Global Lithological Map, 
Harmonized World Soil Database and elevation) (Eastman, 2015; Hengl et al., 2014).  
 
The consensus land cover layers developed by Tuanmu and Jetz (2014) were also 
included. They provide a continuous estimate of the probability of the occurrence of 
each of 12 land cover classes in each pixel, calculated from the agreements between 
four global land cover products. These estimates have been shown to have a greater 
ability to predict species distributions than the original categorical land cover products 
(Tuanmu & Jetz, 2014). These land cover data have a 1 km spatial resolution and are 
available online at http://www.earthenv.org/landcover. They represent consensus 
conditions incorporating estimates from the time period 1992-2006, but with greater 
weight to the later dates (Tuanmu & Jetz, 2014). 
 
To quantify spatial and temporal variation in vegetation productivity, global annual 
MODIS17A3 (version 005) gross primary productivity (GPP) data for 14 years (2001–
2014) at 1 km resolution (Running et al., 2004) were used. The primary production 
products are designed to provide an accurate regular measure of the yearly growth of 
the terrestrial vegetation (Heinsch et al., 2003). Data were downloaded from the 
Numerical Terradynamic Simulation Group (NTSG) at the University of Montana 
(http://www.ntsg.umt.edu/project/mod17). The mean and coefficient of variation of 
GPP (inter-annual variability) were calculated over the time series at each pixel and 
supplied to the SDMs.   




All predictor variable layers were continuous, aligned to a common 1 km grid and 
projected in the Asia South Albers Equal Area Conic system using nearest neighbour 
resampling. Spatial environmental layers were pre-processed in the Terrset software 
(Eastman, 2015). 
Selection of environmental predictors 
To minimize predictor multicollinearity and its impact on subsequent analyses, the 
inter-correlations among the 44 variables were assessed for all terrestrial pixels. A 
subset of uncorrelated (|r| < 0.75) predictor variables was retained for species 
distribution modelling. Including too much flexibility may make the model difficult to 
distinguish noise from the true species response in real data sets (Merow et al., 2013; 
Baldwin, 2009). Minimizing correlation among variables, therefore, is assumed to 
increase the performance of species modelling (Austin, 2002). In this way, the number 
of predictors used per species was reduced to 7 climatic (out of 19) and 14 remote 
sensing (out of 24) variables. All soil estimates were highly correlated across the study 
area, so only one was retained. See Table 3.3 for the full list of initial variables, and 
those that were retained for modelling.  
Modelling habitat suitability of species  
To model habitat suitability, Maximum Entropy (MaxEnt) (version 3.3.3), a general-
purpose machine learning method (Phillips et al., 2006) was used . Among species 
distribution modelling techniques, MaxEnt is one of the most popular algorithms due to 
its predictive accuracy and ease of use (Phillips & Dudík, 2008; Elith et al., 2006).  
There are some characteristics that make MaxEnt highly suitable to modelling species 
distributions such as use of presence-only species data, flexibility in the handling of 
environmental data – including both continuous and categorical variables, and an ability 
to fit complex responses to the environmental variables (Warren et al., 2008). Notably, 
MaxEnt is less sensitive to sample size, which makes MaxEnt a preferred predictive 
model across all sample sizes (Wisz et al., 2008). 
 





In this study, SDMs were developed based only on the less-correlated climate and/or 
remotely sensed predictors with MaxEnt. To reduce overfitting, the regularization 
Variables Type of data Source 
Bedrock Soil  (Hengl et al., 2014) 
Bulk Density Soil (Hengl et al., 2014) 
Cation Exchange Capacity Soil (Hengl et al., 2014) 
Soil Texture Fraction Clay Soil (Hengl et al., 2014) 
Coarse Fragments Volumetric Soil (Hengl et al., 2014) 
Soil Organic Carbon Stock Soil (Hengl et al., 2014) 
Soil Organic Carbon Content Soil (Hengl et al., 2014) 
Soil pH Soil (Hengl et al., 2014) 
Soil Texture Fraction Silt Soil (Hengl et al., 2014) 
Soil Texture Fraction Sand Soil (Tuanmu & Jetz, 2014) 
Evergreen/Deciduous Needle leaf Trees Land cover (Tuanmu & Jetz, 2014) 
Evergreen Broadleaf Trees Land cover (Tuanmu & Jetz, 2014) 
Deciduous Broadleaf Trees Land cover (Tuanmu & Jetz, 2014) 
Mixed/Other Trees Land cover (Tuanmu & Jetz, 2014) 
Shrubs Land cover (Tuanmu & Jetz, 2014) 
Herbaceous Vegetation Land cover (Tuanmu & Jetz, 2014) 
Cultivated and Managed Vegetation Land cover (Tuanmu & Jetz, 2014) 
Regularly Flooded Vegetation Land cover (Tuanmu & Jetz, 2014) 
Urban/Built-up Land cover (Tuanmu & Jetz, 2014) 
Snow/Ice Land cover (Tuanmu & Jetz, 2014) 
Barren Land cover (Tuanmu & Jetz, 2014) 
Open Water Land cover (Tuanmu & Jetz, 2014) 
Gross primary productivity _ coefficient 
of variation  
Vegetation productivity  (Heinsch et al., 2003) 
Gross primary productivity  Vegetation productivity (Heinsch et al., 2003) 
Digital Elevation Model Elevation (USGS, 1996)  
Annual Mean Temperature Climate (Hijmans et al., 2005) 
Mean Diurnal Range Climate (Hijmans et al., 2005) 
Isothermality Climate (Hijmans et al., 2005) 
Temperature Seasonality Climate (Hijmans et al., 2005) 
Max Temperature of Warmest Month Climate (Hijmans et al., 2005) 
Min Temperature of Coldest Month Climate (Hijmans et al., 2005) 
Temperature Annual Range  Climate (Hijmans et al., 2005) 
Mean Temperature of Wettest Quarter Climate (Hijmans et al., 2005) 
Mean Temperature of Driest Quarter Climate (Hijmans et al., 2005) 
Mean Temperature of Warmest Quarter Climate (Hijmans et al., 2005) 
Mean Temperature of Coldest Quarter Climate (Hijmans et al., 2005) 
Annual Precipitation Climate (Hijmans et al., 2005) 
Precipitation of Wettest Month Climate (Hijmans et al., 2005) 
Precipitation of Driest Month Climate (Hijmans et al., 2005) 
Precipitation Seasonality Climate (Hijmans et al., 2005) 
Precipitation of Wettest Quarter Climate (Hijmans et al., 2005) 
Precipitation of Driest Quarter Climate (Hijmans et al., 2005) 
Precipitation of Warmest Quarter Climate (Hijmans et al., 2005) 
Precipitation of Coldest Quarter Climate (Hijmans et al., 2005) 
Table 3.3. Environmental variables. Bold text indicates the variables used as input for Maxent modelling 




multiplier was set at 4 after preliminary trials. This parameter determines how strongly 
increases in model complexity are penalized during model optimization; higher values 
produce simpler models that are less overfit to the training data. Radosavljevic and  
Anderson (2014) found that regularization multiplier values from 2 to 4 were generally 
appropriate to minimize overfitting. For all 14 species, we created 10 random data 
partitions with 70% of the point localities assigned for training and 30% for testing and  
ran the three scenarios (see below) with each of these replicate partitions. Random 
samples of 10,000 background points were also used to develop each model. 
 
Maxent model performance was evaluated using the area under the receiver operating 
characteristic curve (AUC) assessed on the withheld set of test points. AUC values 
range from 0 to 1. Values of 0.5 indicate that the model performs no better than 
expected by chance, while an AUC of 1 suggests perfect discriminatory abilities.  
 
Models with AUC > 0.7 are considered to achieve acceptable performance (Swets, 
1988). Mean values, averaging across the 10 replicate runs and across species, of the 
resulting AUC values were used to compare the model scenarios run with different 
predictor sets. Continuous outputs were converted to binary maps of habitat suitability 
using the tenth percentile training presence threshold (Bellamy et al., 2013; Escalante et 
al, 2013) in order to estimate the area of suitable habitat for each species predicted by 
each model. Variable usage by the models was determined with (1) a variable 
importance measure estimated as the decrease in model performance when a given 
variable was randomized, and (2) marginal variable response curves, which plot the 
predicted suitability for a species across the range of values for a given variable while 
all other variables are held at their mean values.  
 
To test the contribution of remote sensing data to modelling invasive species 
distributions, we ran MaxEnt with climate and satellite layers in separation and 
combination. Three scenarios were evaluated: MaxEnt runs with (1) climate data only 
(CLIM), these include the three temperature and four precipitation layers from the final 
reduced subset; (2) remote sensing data only (RS), with two GPP, one soil layer (pH) 




and eleven land cover classes from the reduced subset; and (3) climate and remote 
sensing data combined (COMB), using all 21 layers of the reduced subset (see Table 
3.3). The evaluation was based on (i) the AUC score; (ii) average predicted suitable 
areas; (iii) % agreement in predicted distributions between model results; and (iv) 
differences in variable importance for the RS and CLIM variables. These comparisons 
were performed for all species overall, and when grouping by life forms and origin 
status. For the assessment of invasion risk, binary maps of habitat suitability for each 
species from the COMB model runs were used to determine the predicted habitat area 
and combined into maps of potential invader richness to compare the relative level of 
invasion risk among plant life forms and native/non-native invasive species.  
Results 
Model performance 
Overall, the potential distributions of species were generally predicted successfully. All 
species were successfully modelled (AUC > 0.7) by at least one predictor set (Table 
3.4). Species with few occurrence records (less than 20), such as Bauhinia touranensis, 
Mimosa pigra, and Merremia boisiana, tended to be less successfully modelled in some 
of the model scenarios (AUC < 0.7). The remaining species with greater data 
availability achieved “good” (AUC > 0.8) to “excellent” (AUC > 0.9) performance 
(Table 3.4), according to the classification of Swets (1988).  
 
Across all species, the performance of the CLIM and COMB models was roughly 
equivalent (test AUC = 0.84 ± 0.08). Thus, along this metric alone, CLIM models may 
be preferable, as they are more parsimonious. On average, the RS models were the least 
successful (test AUC = 0.75 ± 0.12) (Table 3.4). However, the rankings differed 
somewhat for individual species and between species categories. CLIM models were 
preferred for 8 species, RS for 2, and COMB for the remaining 4 (Table 3.4).  RS 
models were found to perform worst in predicting vine species (Figure 3.1) and native 
invasive species (Figure 3.1).  
 




COMB models generally predicted smaller areas of suitable habitat than either CLIM or 
RS models. This pattern was consistent across life forms and origin status, but strongest 
for herbs, shrubs, and non-native invasive species (Figure 3.2). CLIM and RS models 
tended to predict similar areas of suitable habitat, except for the case of vines and native 
invasive species. The RS models for these groups predicted larger areas of suitable 








In general, spatial agreement in predicted habitat was greatest for pairwise comparisons 
with the COMB models (Figure 3.3). As an exception to this pattern, the agreement 
between COMB and RS was as low as between CLIM and RS for vines and native 
invasive species. At the individual species level, COMB tended to be most similar to 
the individual model set (CLIM or RS) that performed better in the AUC evaluations 
(Table 3.4) – typically CLIM. 
Species Number of occurrences CLIM RS COMB 
Ageratum conyzoides 360 0.81 ± 0.01 0.74 ± 0.02 0.84 ± 0.02 
Bauhinia touranensis 19 0.85 ± 0.03 0.51 ± 0.16 0.76 ± 0.07 
Cenchrus echinatus 110 0.85 ± 0.04 0.88 ± 0.03 0.86 ± 0.04 
Chromolaena odorata 167 0.88 ± 0.03 0.77 ± 0.03 0.89 ± 0.03 
Eichhornia crassipes 81 0.65 ± 0.05 0.84 ± 0.04 0.84 ± 0.06 
Lantana camara 162 0.90 ± 0.02 0.77 ± 0.04 0.88 ± 0.02 
Leucaena leucocephala 192 0.85 ± 0.03 0.82 ± 0.02 0.87 ± 0.03 
Merremia boisiana 13 0.74 ± 0.08 0.50 ± 0.10 0.72 ± 0.07 
Microstegium ciliatum 96 0.86 ± 0.03 0.72 ± 0.06 0.86 ± 0.03 
Mikania micrantha 171 0.92 ± 0.02 0.81 ± 0.04 0.93 ± 0.02 
Mimosa diplotricha 54 0.86 ± 0.06 0.78 ± 0.07 0.85 ± 0.05 
Mimosa pigra 19 0.73 ± 0.09 0.66 ± 0.06 0.64 ± 0.09 
Parthenium hysterophorus 76 0.97 ± 0.02 0.85 ± 0.04 0.97 ± 0.01 
Pueraria montana 417 0.89 ± 0.02 0.83 ± 0.02 0.84 ± 0.03 
Mean  0.84 ± 0.08 0.75 ± 0.12 0.84 ± 0.08 
Three variable sets were used for each species. CLIM includes only bioclimatic predictors; RS 
includes only remote-sensing predictors; COMB includes variables in CLIM and RS.   
 
Table 3.4. Variability (mean and standard deviation) of species-specific AUC (area under 
the curve) scores, evaluated against the withheld test set of samples, for fourteen invasive 
plant species according to a jackknife approach randomly omitting 30% of the presence 
records in 10 partition runs. 






   
 
Figure 3.2. Average predicted suitable area by life forms (A) and by origin (B) among models. 
Predicted value is identified based on 10% logistic threshold. CLIM includes only bioclimatic 
predictors; RS includes only remote-sensing predictors; COMB includes variables in CLIM and 
RS.  The error bars are standard deviations 
Firgure 1: Traing AUC and test AUC among  
lifeforms. Species were grouped according to 
their life form (see Table 1) as follows: 




Figure 3.1. Test AUC by life forms (A) and by origin (B) among models. CLIM includes 
only bioclimatic predictors; RS includes only remote-sensing predictors; COMB includes 
variables in CLIM and RS.  The error bars are standard deviations 
 
Figure 3.3. Percentage of agreement in predicted suitable area by life forms (A) and by 
origin (B) among models. CLIM includes only bioclimatic predictors; RS includes only 
remote-sensing predictors; COMB includes variables in CLIM and RS.  The error bars are 
standard deviations 




The average relative variable importance varied considerably among the predictors 
within the variable sets. In the CLIM set, mean diurnal temperature range (importance = 
32.5% ± 22.0) and precipitation of warmest quarter (importance = 23.8% ± 17.4) were 
most important (Table 3.5). On average, other temperature variables (isothermality and 
annual mean temperature) had an importance around 12-13% and other variables 
contributed less than 10%. Of the variables in the RS predictor set, herbaceous 
vegetation land cover (importance = 16.7% ± 8.8) was the most important. Evergreen 
broadleaf tree, cultivated vegetation and GPP_CV were also important variables, with 
permutation importance ranging from 10 - 12% on average. In the COMB predictor set, 
the contribution of variables was similar to the CLIM and RS scenarios (Table 3.5). All 
variables had reduced importance in COMB than in either CLIM or RS, due to the 
inclusion of a larger number of variables in these models, but the rankings of variables 
within each predictor were generally consistent.   
 
Table 3.5. Summary of the mean permutation importance of fourteen invasive plant species.  
 COMB CLIM RS 
 Mean  SD Mean  SD Mean  SD 
GPP_CV 2.1 ± 2.49 
  
10.76 ± 10.24 
GPP_Mean 2.83 ± 3.21 
   
8.41 ± 8.2 
Soil pH 1.32 ± 0.95 
   
2.51 ± 5.34 
Barren 1.21 ± 1.2 
   
2.63 ± 2.09 
Cultivated vegetation 3.83 ± 5.64 
   
11.22 ± 7.51 
Deciduous broad leaf trees 5.17 ± 4.81 
   
8.86 ± 8.25 
Evergreen broad leaf trees 7.1 ± 9.11 
   
12.37 ± 9.93 
Evergreen needle leaf trees 4.42 ± 9.24 
   
6.19 ± 9.4 
Herbaceous vegetation 7.05 ± 7.38 
   
16.71 ± 8.62 
Mixed trees 3.7 ± 4.99 
   
8.46 ± 6.18 
Open water 0.79 ± 0.8 
   
1.2 ± 0.77 
Regular flooded vegetation 0.98 ± 1.6 
   
2.53 ± 4.86 
Shrubs 1.77 ± 1.46 
   
6.56 ± 9.19 
Urban 1.07 ± 1.19 
   
1.6 ± 1.49 
Annual Mean Temperature 4.32 ± 6.57 13.27 ± 14.57 
   
Mean Diurnal Temperature Range 17.65 ± 16.04 32.48 ± 22.02 
   
Isothermality 7.72 ± 6.84 12.46 ± 10.98 
   
Annual precipitation 7.53 ± 14.12 9.06 ± 13.86 
   
Precipitation of wettest month 1.54 ± 1.94 3.26 ± 2.52 
   
Precipitation seasonality 3.67 ± 4.9 5.66 ± 6.56 
   
Precipitation of warmest quarter 14.23 ± 9.93 23.81 ± 17.41 
   
SD is standard deviation.  Mean values were calculated from the average of fourteen species.  Values in 
bold indicate variables with above-average importance 
 




Habitat suitability  
To assess the habitat suitability of species, we used results from COMB models. 
Response curves of each species (response curves are provided in Figure 3.4 for a 
selected species of each life form that was best modelled by the COMB variable set, 
and for all species in Appendix A.1) in COMB models reveal that, across species, sites 
were generally predicted to have high suitability (> 0.6) in areas with low mean diurnal 
temperature range and moderate to high isothermality. The highest suitability (0.9-1) 
was also generally found in areas with high precipitation in the warmest season. Many 
modelled species (Chromolaena odorata, Cenchrus echinatus, Eichhornia crassipes, 
Lantana camara and Mimosa diplotricha) were not predicted to invade closed areas 
such as forests (negative responses to high canopy land-cover classes), although the 
aggressive vine Pueraria montana is a notable exception. In addition, for species 
models with important contributions from the productivity variables, suitability was 
generally found to be highest in environments with high GPP and low variability of 
GPP (Appendix A.1).  
 
Herb species received the greatest area predicted to be at risk of invasion by one or 
more species (5.3 million km2, versus 4.9 million km2 and 4.3 million km2 for shrubs 
and vines, respectively), however the area vulnerable to the greatest invasive herb 
richness is fairly concentrated around the north and north centre of Vietnam (Figure 
3.5). Response curves of herb species (Ageratum conyzoides, Cenchrus echinatus, 
Microstegium ciliatum and Parthenium hysterophorus) indicate they prefer high rainfall 
in the warmest quarter (more than >1500 mm), however, this variable was generally 
less important for herbs than it was for other life forms (Appendix A.1). Additionally, 
herb species prefer habitat with diurnal temperature ranges less than 10°C and 
isothermality from 20-70%. Of the land cover variables, invasibility to herbs was more  
cultivated class than were the other life forms. Response curves indicated that strongly 




related to the evergreen broadleaf and mixed forest classes, and to the relationships with 
these cover classes were generally negative (Appendix A.1). 
 
Shrub species were predicted to have the greatest area at risk from multiple invaders: 
1.3 million km2 were predicted to be suitable for 4 or more shrub species, as opposed to 
only 0.6 million km2 for herbs and 86 thousand km2 for vines (although note that only 4 
vine species were modelled). Unlike the other life forms, regions suitable for multiple 
shrub invaders extended into countries in the south of the region such as Indonesia, 
Malaysia and Philippines, as well as west to Bangladesh (Figure 3.5). Diurnal 
temperature range and precipitation of warmest quarter also were the most important 
factors for the distribution of these shrub species (e.g. Chromolaena odorata, Lantana 
camara and Leucaena leucocephala). Overall, models were more influenced by RS 
variables, especially land cover, for shrub species than for the other life forms. Shrubs 
exhibited generally negative associations with forested habitat (for all classes except the 
mixed forests) as well as with herbaceous land cover (Appendix A.1). 
 
In contrast to the other groups, large areas were predicted to be invasible to a single 
vine species. Areas vulnerable to greater richness of invasive vines were much more 
restricted, tending to occur in north and north-central Vietnam and Taiwan (Figure 3.5; 
Appendix A.1). While Mikania micrathan and Pueraria montana had less predicted 
suitable area in SE Asia, Bauhinia touranensis and Merremia boisiana were predicted 
to invade much of the region (Appendix A.1), especially in south China and north 
Vietnam. Unlike herbs and shrubs, potential distributions of vine species were generally 
unrelated to land cover (except for moderate influences of herbaceous land cover). Vine 
species received greater importance of climate factors, especially variables related to 
precipitation, than did the other life forms (Appendix A.1).  
 
Results of average predicted suitable area at the species level showed that as great of an 
area is vulnerable to invasion by native as non-native invasive species (ca.2 million 
km2) over the whole region (Figure 3.2). Cumulative levels of invasion risk are difficult 
to compare, since over twice as many non-native than native species were modelled, but  









Figure 3.4. Marginal response curves of Ageratum conyzoiders (a non-native herb best modelled by COMB), 
Leucaena leucocephala (a non-native shrub best modelled by COMB) and Mikania micrantha (a non-native vine best 
modelled by COMB) for variables with importance >5% for each species in COMB models. The orange curve in each 
















Figure 3.5.  Maps of predicted richness of invasive species by life form produced with 
COMB set (combing climate and remote sensing data). (A) Herb, (B) Shrub and (C) 
Vine. The browner the color, the higher the predicted richness of invasive species. The 
maps were created by summing threshold binary maps of individual species. 
 
 




substantial areas are at risk of invasion by one or more species of each origin status (6 
million km2 and 4.3 million km2, for non-native and native invasive species, 
respectively). The prediction found that native invasive species richness was mainly 
concentrated in the north and north centre of Vietnam; non-native species were 
predicted to have a wider range of potential distribution and may potentially invade the 









Figure 3.6. Maps of predicted richness of invasive species by origin produced with 
COMB set (combing climate and remote sensing data). (A) Native, (B) Non-native 
species. The browner color, the higher predicted richness of invasive species. The 
map was created by summing threshold binary maps of individual species. 
 
 




Comparing the total area predicted by the COMB models to be susceptible to the 
invasion of the 14 invasive species suggests which of the modelled species may be the 
greatest threats to the region. Ageratum conyzoides, Eichhornia crassipes, Leucaeana 
leucocephala and Microstegium ciliatum had the highest predicted suitable area. 
Lantana camara and Mimosa diplotricha followed next. Parthenium hysterophorus had 
the lowest predicted suitable area (Appendix A.2). 
Discussion 
Model performance 
Quantitative comparisons of models with various predictor sets showed that models 
built with incorporation of remote sensing and climatic data layers substantially reduced 
predicted suitable areas across all life forms and origin status compared to models with 
climate and remote sensing data alone (Figure 3.2). The mapped predictions for 
individual species reflect this pattern spatially (Appendix A.2). Suitable habitat 
modelled with climate variables alone are quite smooth and generalized, while the 
inclusion of remotely sensed predictor variables adds more nuanced spatial detail to this 
overall pattern. The most widely used bioclimatic predictors, including those evaluated 
in this study, are derived from station data; interpolation introduces smoothing, 
producing generalized portrayals of environmental variability. As well, climate 
generally varies continuously over broad spatial scales. Thus, exclusively climate-based 
distribution models are unable to capture variations of species diversity at the landscape 
level (Saatchi et al., 2008). As a consequence, large areas of predicted suitability are 
often seen (Thuiller et al., 2004).  
 
In contrast, while the biotic niche axes estimated by remote sensing can further inform 
distribution models and enable dynamic models, they are unable to replace climatic 
factors in identifying suitability habitat as bioclimatic conditions are still essential 
driving factors for species distributions (Cord & Rödder, 2011; Thuiller et al., 2004). 
The high percentage agreement of spatial predictions between models based on climatic 
predictors only and climatic and remote sensing predictors found in this study, as well 




as the high variable importance scores given to climatic predictors in the combined 
models, also supports the indispensability of climate in shaping the distribution of 
invasive plant species. Similar studies have also found that using either climatic-derived 
or remote sensing-derived predictors alone often leads to the overprediction of species 
distributions (Cord et al., 2014; Cord & Rödder, 2011; Buermann et al., 2008; Saatchi 
et al., 2008). By incorporating complementary limiting environmental conditions, 
combined models of climatic and remotely sensed predictor variables reduce predicted 
suitable areas, thereby refining modelled species distributions. Although clearly 
refining the spatial patterns of predicted species distributions, in general, COMB 
models did not achieve higher accuracy than models with climate variables alone; RS 
models were often relatively poor. These results are in line with other studies (Cord et 
al., 2014; Cord & Rödder, 2011; Zimmermann et al., 2007) that found that models 
based on remote sensing data had the lowest AUC, compared to models with climate-
derived predictors and climatic and remote sensing predictors. Some explanations can 
be proposed for this. First, there may be temporal mismatch between occurrence data 
and environmental data. This is likely to be a more severe problem for remotely sensed 
predictors, which generally capture snapshots in time, rather than climatological 
averages, and which often describe environmental conditions, such as vegetation 
patterns, that vary over shorter time frames than does climate. Many of the occurrence 
records within museum or herbarium collections aggregated by GBIF are older; the land 
cover and vegetation productivity present at those sites at the time of the species’ 
presence may not be represented by remotely sensed current conditions. To test for this 
problem, I repeated my models with recent records only (collected after 1992).  
 
Removing older species records reduced model performance overall, likely due to the 
much smaller samples available to train the models.  Remotely sensed predictors 
received slightly higher importance values in the COMB models than previously but 
were still secondary to climatic variables (Appendix A.3). Although temporal 
correspondence among species occurrences and environmental variables is a concern 
and should be considered in further studies, it does not seem to contribute to my 
conclusions.  




Alternatively, the quality and information content of the remote sensing products may 
influence model performance.  The consensus land cover product was used in this study 
because it was expected to be more reliable than traditional global land cover datasets. 
Additionally, its continuous estimates of the probability of class presence may avoid 
errors associated with categorical data and provide some level of subpixel land cover 
information.  However, it still has limitations related to the input datasets. Global land 
cover products are constrained to a relatively simple legend, with broad classes. The 
consensus product is further constrained to a simplified legend that harmonizes each of 
the input products.  The generality of these classes may not capture regionally relevant 
differences and limit their usefulness to SDMs. The consensus land cover product is 
also limited by quality of the individual products it integrates (Tuanmu & Jetz, 2014). 
In land cover products, classification errors are not evenly distributed across space and 
classes (Strahler et al., 2006). For instance, lower accuracy for land cover classes of 
Globcover products was found in some areas with limited data coverage (e.g. some 
areas in Amazonia) or in rugged terrain such as Laos (Bicheron et al., 2008). Also, 
cloud cover reduces the quality of the remote sensing data, especially in tropical regions 
(Bradley & Fleishman, 2008).  
 
Classification errors do seem to be contributing to the performance of RS variables in 
my study. Unexpectedly, species associations with land cover classes, when they were 
found to be important to models, were overwhelmingly negative. There is no ecological 
or logical reason for this. Instead, because the consensus land cover product estimates 
the certainty that a class is present, given the individual land cover datasets, this 
suggests that habitat suitability tends to be greatest for the modelled species in areas 
with high land cover uncertainty. Such uncertainty may be due to inadequacies in the 
class definitions in this region, fine-scaled mosaics of land cover classes within a 1 km 
pixel, or simply poor classification performance.  Indeed, using the maximum estimated 
probability of class membership as an indicator of certainty supports this interpretation. 
Large areas of SE Asia, including many of the same locations with high-predicted 
invasibility, exhibit low certainty of the land cover information (Figure 3.7). Further 
work is necessary to validate the consensus land cover products in SE Asia and, 




especially, to determine the meaning of areas with great class uncertainty. This is 
troubling and argues against the use of global land cover products in SDMs.  
 
Quantitative remotely sensed estimates of ecosystem structure and function may 
overcome some of the problems of categorical datasets, and we strongly advocate for 
their expanded use and continued evaluation in SDM contexts. Interestingly, the 
quantitative measures of vegetation productivity used in this study, while making 
important contributions to the RS model set, generally dropped out of the COMB 
models. This may be because of interdependencies between climate variables and the 
photosynthetic efficiency term used in the MODIS GPP product, which relies on both 
temperature and moisture (Running et al., 2004) and thus would not be detected by the 
simple univariate correlation analysis used to screen input variables. 
 
Figure 3.7. Uncertainty in global land cover products revealed by the maximum class 
probability value, excluding the open water class, received in a pixel in the Consensus Land 
Cover dataset (Tuanmu & Jetz, 2014).  Low maximum probability values indicate a great deal 
of disagreement between individual land cover products. 
Habitat suitability  
Both non-native and native invasive species were predicted to occur across large areas 
of SE Asia, and thus may pose similar risk to the region. Among life forms, shrub 
species potentially pose greater risk because of the predictions of high shrub invader 




richness over large areas, based on the set of species assessed. Most countries in the 
region have suitable habitat for these species. In general, shrubs exhibited weaker 
environmental associations than the other life forms (as seen in the lower variable 
importance scores), suggesting they may be tolerant of a broader range of conditions. 
Relative to shrub and herb species, vine species’ distributions were most strongly 
driven by climatic factors. This may facilitate their spread under climate change. 
Invasive species may disproportionately benefit from global climate change (Dukes & 
Mooney, 1999), and vines may be a good example of these concerns. Climate 
projections for the region include increases in annual temperature and in summertime 
precipitation (Christensen et al., 2007), the latter variable was important to nearly all 
vine species distributions, all of which showed positive associations. Without strong 
controls by biotic factors such as land cover, vines may invade valuable evergreen 
broadleaf trees forests in SE Asia. A native vine, Merremia boisiana is an example. In 
the past decade, the vine has spread dramatically over South China (Kang & Honglin, 
2007; Wang et al., 2004) and the north and centre of Vietnam (Le et al., 2012) and our 
results reveal that more than 1.6 million km2 are predicted to be invasible to this 
species, largely concentrated in China and Vietnam. These findings suggest that 
awareness of invasive species and prevention and eradication efforts should not 
overlook the life form or origin status of the species of concern. 
 
Interestingly, in contrast to our expectations, we found that for some species 
(Microstegium ciliatum and Mimosa diplotricha) suitability was negatively related to 
the variability of GPP (GPP_CV), which was used to proxy disturbance processes. This 
suggests that invasion is possible even with low disturbance, contradicting knowledge 
summarized by Lozon and MacIsaac (1997) that the establishment and spread of 
invasive plants are associated with disturbance. Although disturbance is certainly a 
factor in many invasions, an over-generalization that invasion requires disturbance can 
lead to low awareness of invasion in intact areas. Further field-based studies about 
invasibility to these species under difference disturbance levels should be conducted. 
The effectiveness of GPP variability as an indicator of diverse disturbance processes 




and diverse ecosystems should also be evaluated. The relatively short duration of the 
satellite archive from which it was computed is certainly a limitation. 
 
Given that many of the study species were identified from Vietnam’s invasive plant 
species list, it is not surprising that, within the region, we found north and north central 
Vietnam were most susceptible to the invasion of IPS (Figures 3.5 and 3.6). However, it 
is worth emphasizing that many of the IPS predicted in this region also have high 
invasibility in China, where outbreaks have been recorded (Yan et al., 2001). Biological 
invasions are a trans-border issue. Similarly, provinces (Guangxi, Guangdong, Yunnan) 
sharing borders with Vietnam, Laos, and Myanmar are listed as areas with a high 
number of invasive species in China (Xu et al., 2012). Effective management requires 
that invasions be considered in the context of the region (SE Asia), rather than a country 
(Pani et al., 2010). Studies such as ours can help the Vietnamese and other governments 
to prioritize management actions for invasive species within the country and also to 
inform biosecurity policy across borders.   
Conclusions 
In conclusion, this study demonstrated that although the environmental attributes 
derived from remote sensing data did not strongly improve the accuracy of species 
distribution model predictions, they did provide more landscape-level detail that refined 
species distribution predictions in space. Therefore, the inclusion of remotely sensed 
variables in SDMs likely is worthwhile. Furthermore, our results highlight 
shortcomings of land cover products, which are widely used in SDMs. There are 
widespread uncertainties in global land cover products and, disconcertingly, those sites 
with the greatest uncertainty also seem to be consistently ecologically important to the 
modelled species. We caution against continued use of land cover information in 
SDMs, which may propagate errors and confound interpretation. Greater adoption of 
quantitative remotely sensed datasets estimating ecosystem structure and function may 
mitigate the weaknesses and limited utility of remote sensing observed in this study. 
Also, the findings of habitat suitability indicated that large areas of SE Asia, 




particularly the north of Vietnam would be vulnerable to the invasion. From the 
standpoint of biodiversity management, the results have implications in targeting 
management to susceptible areas, providing initial data for invasive species risk 
assessments, and proposing biosecurity policy in the region. 





Chapter 4. Impact of a native invasive grass 
(Microstegium ciliatum) on 
restoration of a tropical forest  
Abstract 
Disturbances such as agricultural activities create opportunities for the encroachment of 
native and non-native invasive plant species, which can suppress the regeneration of 
woody species and hinder natural succession. To assess impacts of a native invasive 
grass, Microstegium ciliatum (Trin.) A. Camus, on secondary forest succession, a field 
experiment was undertaken over two years in abandoned agricultural settlements in Cuc 
Phuong National Park in north Vietnam. A total of 180 (2 x 2 m) plots was established 
in 6 sites and these were randomly stratified across low, medium and high tree canopy 
levels. Manipulated plots were sprayed with a grass-specific herbicide (HERB) and 
vines were cut (HC) in a subset of plots. The treatments were applied every three to 
four months from June 2016 to January 2018. Cover of M. ciliatum and tree seedling 
abundance and richness were measured annually. Treatments effectively reduced M. 
ciliatum cover (to less than 3% in HC and 9% in HERB), which remained at constant 
high levels (85%) in unmanipulated plots (UM) after two years of the experiment. The 
mean number of tree seedlings in HC plots and HERB plots were five to seven-fold 
higher than UM plots at the end of the experiment, a highly significant effect of 
treatment. Similarly, the mean number of tree seedling species increased substantially 
in HC and HERB treatments from 0.2 and 0.3 prior to treatment to 1.5 and 1 after two 
years of treatments and were significantly higher than the mean number of species in 
UM plots, which remained at 0.2 over all years of the experiment. Most seedlings 
recorded before treatment were fast-growing species. The establishment of mid and late 
successional species after treatment suggests that the dense cover of M. ciliatum not 
only inhibited tree recruitment but potentially altered the succession trajectory. There 
was no difference in tree seedling abundance and richness between HC and HERB 





treatments. Canopy had a slight but significant effect on M. ciliatum cover (p=0.02 
before treatment) and significantly affected the tree seedling recruitment, with both 
significant main effects of canopy cover and significant interactions with treatment after 
two years of treatment. The number of tree seedlings and species were greater at high 
canopy levels, and greatest in plots receiving grass removal treatments under medium 
and high density canopy. These results suggest that management of the native invasive 
grass is necessary to facilitate forest restoration after disturbance by agriculture and that 
restoration should include both grass removal and development of a canopy through 
tree planting to increase seedling abundance and richness. 
Introduction 
Non-native and native invasive plants potentially occur across large areas in Southeast 
Asia (SE Asia) including Vietnam (Chapter 3). Population increase and rapid socio-
economic development (e.g. agricultural activities) create disturbances on natural 
forests of Vietnam (Vietnam Environment Administration, 2008), which provide 
opportunities for the establishment of invasive plants (Davis et al., 2005; Horvitz et al., 
1998; Vitousek et al., 1996). Once established, invasive plants can damage biodiversity, 
for example by suppressing native species or preventing the regeneration of woody 
species (Gorchov & Trisel, 2003; Hartman & McCarthy, 2008; Meiners et al., 2002).  
 
With dense canopies, invasive plants can create a physical barrier that can inhibit seeds 
from reaching the soil (Elliott et al., 2013). They can also reduce the availability of 
photosynthetically active radiation and nutrients required for seedling growth (Elliott et 
al., 2013; Hartman & McCarthy, 2008; Gorchov & Trisel, 2003). By inhibiting the 
establishment and survival of various seedling species, the encroachment of invasive 
plant species often results in a decreased species richness in secondary forests relative 
to uninvaded sites (Collier et al., 2002; Holl et al., 2000). Consequently, the 
encroachment of invasive plants can result in the loss of biodiversity in many secondary 
forests including the Asia-Pacific region (Lamb, 2010). For instance, the spread of 
Acacia nilotica decreased the number of species in the savannah forest of Baluran 





National Park, Indonesia (Garsetiasih & Siubelan, 2003). Seven of nine species in 
uninvaded plots were not present in areas where A. nilotica invaded (Caesariantika et 
al., 2011). Full recognition of the impact of invasive plants is crucial for securing 
political and public support (Park, 2004) as well as for setting priorities for restoration 
management in natural forests (D'Antonio & Meyerson, 2002). However, impacts of 
invasive species are still grossly understudied in Vietnam along with other SE Asia 
countries (Chapter 2). 
 
Grasses are one set of invading species that have become widespread and widely 
studied as a barrier for reforestation (Hobbs, 2012; Hooper et al., 2005; Süβ et al., 2004; 
Nepstad et al., 1990). In SE Asia, grasses account for 12% of total non-native invasive 
plant species (Peh, 2010). As well, under increasing anthropogenic disturbance (e.g. 
human settlement, road infrastructure) some native grass species have become 
dominant and invasive (Valéry et al., 2013), for example Imperata cylindrica (Elliott et 
al., 2013; Otsamo, 2000; Kuusipalo et al., 1995) in SE Asia. The impact of these native 
invasive species on secondary forest succession is similar to non-native invasive species 
(César et al., 2014; Silvério et al., 2013). Thus, studying impacts of invasive species on 
regeneration should also include native grasses, where relevant.  
 
Microstegium ciliatum (Trin.) A. Camus, a C4 invasive grass native to Eastern Asia 
(Mehrhoff, 2000), is predicted to occur across large areas of Vietnam (Chapter 3). This 
grass has a closely-related congener, Microstegium vimineum, which is a highly IPS in 
many countries (EPPO, 2014; NRCS, 2014). Microstegium species possess many 
characteristics that contribute to their invasiveness, such as rapid growth, seeding 
within a single season, production of abundant seed (Gibson et al., 2002) and seed 
banks lasting several years (Leicht et al., 2005). Also, Microstegium species can 
produce high stem densities within infested areas (Barden, 1987). Although shade can 
reduce survivorship and seed set of Microstegium (Schramm & Ehrenfeld, 2010), 
Microstegium species are still highly shade tolerant. This facilitates their invasion into 
undisturbed, closed-canopy forests (Huebner, 2010). Therefore, Microstegium species 
are documented as typical forest grasses (Bor, 1952). Once established, they can 





become the dominant ground layer species (Cole & Weltzin, 2005; Redman, 1995; 
Barden, 1987), inhibiting seedling emergence and outcompeting woody seedlings for 
light and space (Flory & Clay, 2010). Consequently, dense infestations of Microstegium 
have been demonstrated to suppress forest succession (Oswalt et al., 2007; Flory & 
Clay, 2006). 
 
So far, infestations and impacts of Microstegium have been exclusively studied in its 
non-native range in North America and for the congener M. vimineum. Its ability to 
aggressively colonize disturbed sites (Oswalt et al., 2007; Barden, 1987) gives 
Microstegium species the potential to be invasive in its native range as well (Valéry et 
al., 2013). In its native range in Asia, Microstegium is one of the most dominant species 
in the shrub-herb layer in the monsoon forest in China (Li et al., 2007), and is 
prominent in some protected areas in Vietnam (Anh et al., 2011; Huyen, 2009). 
However, impacts of Microstegium in its native range are understudied and warrant 
further investigation.  
 
It may be especially important to understand and manage for Microstegium impacts 
where forest management strategies currently emphasize the establishment and 
regeneration of forests, such as in Vietnam (FSIV, 2009). Establishment of special use 
forests, including national parks, with functions of forest restoration and protection is 
one of the responses of the government in efforts of biodiversity conservation from 
disturbance (Decree 117/2010/ND-CP). However, the forest restoration processes may 
be substantially impeded by dense infestations of M. ciliatium. In preliminary surveys 
undertaken in 2015, dense infestations of M. ciliatium were observed on abandoned 
agricultural lands in national parks. These sites remained as early successional forest 
communities despite nearly 3 decades since abandonment. This led to the hypothesis 
that M. ciliatum is delaying or even preventing forest recovery.  
 
To assess impacts of invasive species, the removal approach is often used (Stricker et 
al., 2015). This experimental approach indirectly indicates plant invasion impacts by 
evaluating how the community responds once the invasive species has been removed 





(Stricker et al., 2015). The removal can be accomplished by mechanical means (pulling, 
mowing, trimming), chemical (herbicide) treatments, or by prescribed burning. Of 
these, application of a grass-specific herbicide has been used to successfully remove an 
invasive grass and allowed native forbs and trees to return (Flory & Clay, 2009). This 
treatment avoids disturbance to tree seeds that can be caused inadvertently by 
mechanical removal of the weed (Flory & Clay, 2009) or the accidental removal of 
seedlings by hand-weeding treatments (Flory & Clay, 2009, 2008).  
 
Given the lack of studies on the impact of invasive plant species on forests in Vietnam, 
this chapter aims to quantify impacts of the native invasive grass Microstegium ciliatum 
on the regeneration of tree species under different canopy levels. A two-year removal 
experiment was established in a secondary evergreen rainforest in Vietnam to evaluate 
the abundance and richness of tree recruitment in manipulated and unmanipulated plots. 
The chapter addresses the following questions:  
• Does invasion by M. ciliatum reduce the number of tree seedlings and the 
number of tree species? 
• Does M. ciliatum cover, and its impacts on tree seedling richness and abundance 
differ with overstory canopy levels? 
Methods 
Study area 
The study was conducted in Cuc Phuong National Park (CPNP), Ninh Binh Province, 
Vietnam. The park covers an area of 22,220 hectares (Do, 2002) with a terrain of two 
parallel limestone karsts running from the northwest to the southeast. Between the two 
limestone ranges are narrow valleys interspersed with some low mound hills running 
through the centre of the park. About 75% of CPNP comprises limestone mountains 
rising to 300–500 m above sea level (Averyanov et al., 2013). 
 





With relatively undisturbed limestone forest (Rugendyke & Son, 2005), CPNP is the 
only national park in the northern delta of Vietnam to retain primary forest (Rugendyke 
& Son, 2005). The principal plant association in CPNP contains the trees Anogeissus 
tonkinensis, Caryodaphnopsis tonkinensis, Parashorea chinensis  and Terminalia 
myryocarpa (Dang, 2002). There are more than 2000 species of vascular plants 
recorded in CPNP (Truong, 2002). Of the total number of plant families recorded in 
Vietnam, 68.9% are represented in CPNP, and five species are unique to CPNP (Vo et 
al., 1996). With such a specialised karst landscape and rich biodiversity, biodiversity 
conservation has played an important role in the development of CPNC.  
 
Established in 1966, CPNP was the first national park in Vietnam. Since 1988, 
following the policy of the Ministry of Agriculture and Rural Development, local 
residents living within the park were shifted out of the park. However, after many years 
of restoration of agricultural land, the succession of secondary forest is slow and dense 
infestations of M. ciliatum have invaded disturbed areas (Truong & Vu, 2002). 
Site selection 
Experimental sites were identified based on the following criteria: 
• abandoned agricultural commune, 
• high density of M. ciliatum (>50% M. ciliatum cover),  
• presence of variable secondary forest canopy cover to enable comparison among 
low, medium and high canopy levels, and 
• sites at least 500 m apart and more than 10 m from a road.  
 
After a preliminary survey, six sites were selected for the experiment (Figure 4.1). Half 
of the sites had historically been cultivated with corn and cassava (sites 2, 3 and 5), 
while the remaining sites (1, 4 and 6) were paddy fields prior to expulsion of people 
from the park (Table 4.1). Land restoration began in 1988-1990 as exiting resident 
communes were shifted out of the Park and since then the abandoned land became 
covered with M. ciliatum (Information from CPNP staff). Restoration included the 





scattered planting of some tree species within sites 1 and 3 (Table 4.1). In sites 3 and 6, 
understory grasses were cut for feeding cattle outside CPNP (timing of these 
management activities is unknown). The appearance of sites is shown in Figure 4.2.  
 
 
Figure 4.1. Map of study area and location of experimental sites (   ) in Cuc Phuong National 
Park. Spatial data layers source: (FIPI, 2010) 
Experimental design 
Experimental plots were established at each site following a pair-plot design. Each 
pair-plot was 2 * 6 m in size, containing a 2 * 2 m manipulated plot and a 2 * 2 m 
unmanipulated plot, separated by a 2 m buffer (Figure 4.3). Similar sized plots have 
been used successfully in previous studies to evaluate the responses of native forest 
communities to the removal of invasive M. vimineum (Flory & Clay, 2009; Oswalt et 
al., 2007). Pair-plots were set up at least 2 m distance from each other.  
 





Table 4.1. Description of study sites in Cuc Phuong National Park. Information was obtained 
from staff of CPNP 







Activities influencing grass 
invasion and tree restoration 
1 20°21’00”N 
105°34’48’’E 
367 - 413 
 
Paddy field 1988 Tree seedlings (e.g. Cinnamomum 
obtusifolium, Xerospermum 
noronhianum, Saraca dives) 
planted in a forest restoration 
program in 2015. M. ciliatum was 
cut and left during reforestation. 
2 20°15’36”N 
105°41’24”E 
220 - 228 Corn, 
cassava 
1988 Tree seedlings (e.g. Parashorea 
chinensis, Xerospermum 
noronhianum, Delonix regia) 
planted along the main roads 
(1997-1998). Seedlings of some 
reforestation species (e.g.  
Xerospermum noronhianum, 
Cinnamomum balansae) planted 
in gene conservation programs in 




142 - 229 Corn, 
cassava 
1990 Tree seedlings (e.g. Parashorea 
chinensis, Xerospermum 
noronhianum, Delonix regia) 
planted along the main roads 
(1997-1998). M. ciliatum was cut 
for feeding cattle.  
4 20°19’48”N 
105°36’36”E 
236 - 250 
 
Paddy field 1990 No activity was made 
5 20°19’52”N 
105°35’57”E 
270 - 294 Corn, 
cassava 
1988 No activity was made 
6 20°16’12”N 
105°40’48”E 
200 - 225 Paddy field 1990 Tree seedlings (e.g. Parashorea 
chinensis, Xerospermum 
noronhianum, Delonix regia) 
planted along the main roads 
(1997-1998) M. ciliatum was cut 
for feeding cattle.  






Figure 4.2. Appearance of sites. (A) site 1, (B) site 2, (C) site 3, (D) site 4, (E) site 5 and (F) site 6. Site 
descriptors are given in Table 4.1. Site 1 (A) and site 2 (B) were planted with some tree species in 
2012-2015 and 2002, respectively in a restoration project. Sites 4-5 (D-E) had no known activities for 
forest restoration. The high density of M. ciliatum is evident in images A-E. The spread of vines spread 
can be seen in images (D) and (E).  
M. ciliatum 
M. ciliatum 





Plots were stratified across three broad overstory canopy cover categories (low: 0 - 
33% cover, medium: 33 - 66% cover, high: 66 - 100% cover), given the sensitivity of 
Microstegium to disturbance and high light intensities (Oswalt et al., 2007; Cole & 
Weltzin, 2005). The percentage of canopy cover was measured using a spherical 
densiometer (Lemmon, 1956). The number of empty blue squares on the mirror that 
represent the sky were counted and converted to non-canopy cover (each square 
multiplied by 1.04). Measurements were made in four directions (North, South, East 







Due to unequal tree stand density at each site, the number of replicates were 
established unevenly. In total, there were 90 pair-plots with five replicates at each 
canopy level in 4 sites (sites 1, 2, 3 and 4), six replicates in site 5 and four replicates 
in site 6.  
Removal treatments 
To remove M. ciliatum in manipulated plots, a grass-specific herbicide (Onecide 
15EC, 263g active ingredient per hectare of fluazifop-P-butyl, 0.15% solution, 
Ishihara Sangyo Kaisha Ltd., Japan) was diluted with water (175 ml herbicide diluted 
with 32 litres water for treating 1000 m2) and used for all the manipulated plots. The 
herbicide was applied to runoff with a backpack sprayer at 40 psi (275,789 N/m2). 
This herbicide is known to effectively remove Microstegium and other invasive 
grasses and, because it is grass-specific, it has fewer negative effects on native plant 
communities compared to non-selective herbicides (Flory & Clay, 2009). A one-
2 m * 2 m 
HERB/HC 
 
2 m * 2 m 
Buffer 
2 m * 2 m 
UM 
Figure 4.3. Design of a pair-plot. Each pair-plot included a 2 * 2 m manipulated plot receiving 
the treatment herbicide only (HERB) or herbicide combined with vine cutting (HC), and an 
unmanipulated plot (UM). A 2 * 2 m buffer zone separated the plots. 





metre buffer around each plot was also treated (total treated area 3 * 3 m) to minimize 
edge effects and invasion of M. ciliatum into the plot during the course of the 
experiment (Johnson et al., 2014). The application of herbicide was approved by Cuc 
Phuong National Park Management Board. The herbicide was first applied in June 
2016 and repeated one month later. 
Two months after application of the herbicide, most of the grass was killed. However, 
many vine species quickly spread to about 40% cover in the manipulated plots while 
the percentage cover of vines in unmanipulated plots remained at 8%. Many studies 
have documented vines as serious IPS in tropical forests (Acevedo-Rodríguez, 2005; 
Schnitzer & Bongers, 2002; Appanah et al., 1993), and they are especially prevalent 
in the succession of secondary forests (Martin et al., 2004; Zahawi & Augspurger, 
1999). The cover of vines can swamp seedlings or pull down and distort seedling 
shoots if they are not removed (Krishnapillay, 2002). Because of the visual impact of 
the invading vines (Figures 4.2D and E), a decision was made to remove vines from 
some of the manipulated plots. Since the number of manipulated plots was odd (15 
plots) in sites 1, 2, 3 and 4, the manipulated plots were randomly ascribed into two 
groups with herbicide only (HERB) applied to 9 plots (with three replications for 
each canopy level) and herbicide combined with vine cutting (HC) applied to 6 plots 
(with two replications for each canopy level) in each of these sites. In sites 5 and 6, 
the manipulated plots were divided equally for both HERB and HC (9 plots for each 
treatment in site 5, and 6 plots for each treatment in site 6). Therefore, of 90 
manipulated plots, 51 plots were retained for HERB, and 39 plots were used with HC. 
This allowed a comparison to be made between HERB and HC treatments. Vine 
cutting was also applied to the one-meter buffer around each HC plot. 
To prevent the regeneration of M. ciliatum from its seed bank (Leicht et al., 2005), 
HERB treatments were reapplied in July and September 2016, and then repeated three 
times in 2017 (January, April and September), and once in 2018 (January). Manual 
cutting of vines commenced in September 2016 and was repeated just prior to every 





follow-up application of HERB in 2017 and 2018. The schedule is given in Figure 
4.4. 
 
Figure 4.4. Timeline showing when M. ciliatum removal treatments were applied and the data 
were collected. HERB refers to the application of grass-specific herbicide only, HC is grass-
specific herbicide + cutting vines 
 
Data collection 
Site characteristics  
To assess soil properties of the sites, nine pair-plots were selected at random at each 
site. Soil samples (15 cm in depth, 5 cm diameter) were taken in each plot and bulked 
for each pair-plot in 2016 before the treatment application. The samples were analysed 
at the Vietnam Soils and Fertilizers Research Institute for soil texture, pHH20, organic 
matter, cation exchange capacity, total nitrogen and available phosphorus. Cations were 
extracted by the ammonium acetate method (Schollenberger & Simon, 1945). Nitrogen 
was analysed with a Kjeldahl process (Bremner & Mulvaney, 1982). Available 
phosphorus was analysed by the method of Bray and Kurtz (1945). Total organic 
carbon was determined by the Walkley Black method (Walkley & Black, 1934). 
A census of all living trees with diameter at breast height (DBH) > 6 cm was conducted 
in a rectangle block of 2000 m2 (40*50 or 20*100 as it depends on the landscape of the 
site) in each site to assess stand characteristics of the sites. In site 5, due to the higher 
number of plots established in this site, the tree census was conducted in a block of 
3000 m2. Those blocks included the experimental plots in each site. Tree species ID was 





recorded, height was measured using a meter stick and DBH was measured using a 
diameter tape.  
 
Collected data were used to calculate stand structural and biodiversity characteristics of 
sites based on the following estimations: 
 
Stem density, the number of trees per hectare (N/ha);  





where, SBA = Sum of the basal area of all living tree in a stand in a hectare, π = 
Constant (3.14), and DBH = Diameter at breast height (cm); 
 






where, pi is the relative frequency of the species i; and s is the total number of species;  
 
Species evenness (EH) was used as a diversity index to assess how equal the community 





where, H = Shannon diversity index, H max = ln (S), and S = Total number of observed 
species in the community. 
 
Importance value index (IVI) for each plant species in blocks was calculated to identify 
plant species dominance by summing the relative frequency, relative density and 
relative basal area of individual species (Curtis & McIntosh, 1951) 
IVI= RD + RF + RB 
where,  





RD:	Relative density =	Density of individual of species
Total density of all species
× 	100 
RF:	Relative frequency =	Frequency of individual of species
Total frequency of all species
× 	100 
RF:	Relative basal area =	Basal area of individual of species
Total basal area of all species
× 	100 
 
Microstegium ciliatum cover and tree seedlings 
To quantify impacts of M. ciliatum on forest regeneration, the percentage cover of M. 
ciliatum, which was actual surface area that the grass occupied, was assessed by a 
visual method (McNaught et al., 2006) within the 2 * 2 m plots.  The number of tree 
seedlings per species were also quantified in plots. Due to the requirement of 
monitoring tree seedlings across years, plant specimens of tree seedlings were not 
collected. Species were identified by eye and comparison of digital images with Atlas 
of Plants of Cuc Phuong (Soejarto & Kadushin, 2009) and identification was confirmed 
by a plant expert at Cuc Phuong National Park. 
 
To assess the trajectory pattern of succession after grass removal, the successional stage 
(early, mid and late) of each seedling species was identified from various literature 
(Appendix B.1). Plots were surveyed annually in May 2016 and 2017, and at the end of 
April 2018 to reduce seasonal effects on the presence of species over the three years of 
the experiment (2016, 2017, 2018). In May 2016, plots were surveyed prior to the 
application of the treatments.  
Data analysis 
Linear mixed effect models (Pinheiro et al., 2007) were used to evaluate the efficacy of 
the treatments and to determine effects of M. ciliatum on abundance and richness of tree 
seedlings under different canopy levels. Response variables were transformed, as 
appropriate, for the type of measurement and to improve satisfying the assumption of 
normality:  M. ciliatum cover (percentage data) was arcsine transformed and number of 
seedlings and number of species (count data) were log(x+1) transformed. 





All models included the fixed effects of treatment (HERB, HC and UM), canopy cover 
(low, medium and high), and their interactions. Random factors included site and pair-
plots nested in sites.  It was also necessary to include variance weights, using the 
function varIdent, to account for heteroscedasticity (Pinheiro & Bates, 2000).  Models 
of M. ciliatum cover included variance weights across treatment; models of the number 
of seedlings and number of species applied weight functions for both canopy and 
treatment. Separate models were performed for each year of the experiment given 
heterogeneity of variances between years, and to obtain models that could satisfactorily 
converge.  
 
ANOVA tests of linear mixed effects models were used to extract the effects of 
predictors (treatment and canopy) and their interaction on responses (M. ciliatum cover, 
tree seedling abundance and richness). Post hoc Tukey tests were used to evaluate 
differences among treatment and canopy levels within responses. To verify that the 
models complied with underlying assumptions of homogeneity of variances, 
standardized residuals were plotted against fitted values for each covariate in the model 
(Pinheiro & Bates, 2000). The Levene test was also used to recheck the homogeneity of 
variance among treatment levels (canopy, treatment and site). All statistics were 
performed in R (R core team, 2018), package nlme (Pinheiro et al., 2017), and all 
figures were created in GGPlot2 (Wickham, 2016). 
 
Chi-squared tests were used to examine the effect of treatments on shifting seedling 
species composition from early successional species to mid and late successional 
species. These tests were based on a 2-way contingency table of treatment * successional 
stage, pooling seedling counts from all plots receiving the same treatment. Separate 
tests were performed for each year, and for the response variables of number of 
seedling individuals and number of seedling species. 
  






Site characteristics  
The stand density showed that sites 1 and 3 had the densest forests, with 435 and 300 
trees/ha, respectively. Site 5 had intermediate density with 193 trees/ha and the lowest 
density was at site 6 with 155 trees/ha (Table 4.2). The DBH ranged from 40 - 50 cm in 
sites 1, 2 and 4 and the highest mean DBH was in site 5 (74 cm/tree). The total basal 
area followed similar patterns, with site 5 (35 m2/ha) the highest and site 4 (9.59 m2/ha) 
the lowest. Most trees had heights of between 6 to 9 m. The tallest tree species was 
Dolichandrone serrulata (24 m) in site 5. 
 
The study recorded 51 tree species in total in the stand communities and the number of 
species ranged from 12 - 22 species per site. Sites 2 and 4 had the lowest species 
richness with 12 and 13 species, respectively. Site 5 had the highest number of species 
at 22. The study sites had moderate biodiversity with the Shannon index ranging from 
2.17 to 2.98 (Table 4.2). The Shannon index was lowest in site 4 and highest in site 5. 
Species evenness ranged from 0.75 - 0.95. The species distribution was most equal in 
site 5 (0.95). The average canopy cover was similar among sites (45 - 47%), except for 
site 1 where cover was a little higher (57%). 
Table 4.2. Stand characteristics of study sites in Cuc Phuong National Park 
Stand characteristic Site1 Site 2 Site 3 Site 4 Site 5 Site 6 
Stem density (trees/ha) 435 180 300 290 193 155 
Average DBH (cm) 43.7 50.1 63.5 41.3 74.0 60.7 
Total basal area (m
2
/ha) 16.0 9.6 27.0 9.6 35.0 10.8 
Average height (m) 7.7 6.3 7.9 6.6 9.7 7.1 
Average canopy cover (%) 57 45 47 45 47 45 
Number of species 18 12 18 13 22 14 
Shannon Index (H') 2.20 2.35 2.58 2.17 2.98 2.37 
Species Evenness (H'/ln(S)) 0.75 0.91 0.87 0.81 0.95 0.87 
 
The Importance Value Index (IVI) of the species in each site is given in Table 4.3. 
Broussonetia papyrifera was the most dominant species in sites 1, 2 and 4, while 
Bischofia javanica was prominent in sites 2, 3 and 6. Toona sureni had an IVI of 85 in 
site 1 but was not found in the other sites. 





Table 4.3. Importance value index (IVI) of tree species in study sites in Cuc Phuong National 
Park. Bold indicates species with the highest average IVI across the sites. 
Species Site 1 Site 2 Site 3 Site 4 Site 5 Site 6 
Annamocarya sinensis (Dode) Leroy 1.4           
Alangium chinense (Loureiro) Harms       4.5 
Alangium kurzii  Craib 6.0 3.1 1.8  3.9  
Albizia lebbeck (Linnaeus) Bentham   2.6    
Albizia lucidior (Steudel) I. C. Nielsen ex H. Hara     10.6  
Alstonia scholaris (Linnaeus) R. Brown   5.7    
Anogeissus acuminata (Roxburgh ex Candolle) 
Guillemin et al.     
20.4 
 
Archidendron clypearia (Jack) I. C. Nielsen      6.1 
Bischofia javanica Blume 3.2 55.9 40.0 3.5 9.7 79.7 
Brassaiopsis stellata K. M. Feng     10.8 12.7  
Bridelia minutiflora Hook. 3.8 10.9  10.1 4.1 4.4 
Broussonetia papyrifera (Linnaeus) L’Héritier ex Ventenat 32.5 50.1  84.3  12.6 
Canarium album (Loureiro) Raeuschel 3.9   5.6 4.5  
Cinnamomum bejolghota (Buchanan-Hamilton) Sweet  1.4 3.2     
Cinnamomum obtusifolium (Roxb.) Nees   15.2 11.6   
Citrus grandis (L.) Osbeck   2.0    
Citrus maxima (J. Burm.) Merr.     5.1  
Clausena excavata Burm.f.   2.1    
Dalbergia assamica Benth. 9.8  20.8    
Delonix regia (Bojer ex Hook.) Raf.   29.6    
Dolichandrone serrulata (A. DC.) Seem    15.0 12.7  
Dracontomelon duperreanum Pierre     2.2  
Ehretia acuminata R. Br.   9.2    
Euodia miliaefolia Benth.      7.2 
Ficus hispida L.f.    18.6 6.7 4.2 
Ficus obscura Blume     6.3  
Ficus oligodon Miq. 2.6 8.6    6.6 
Heteropanax fragrans (D. Don) Seem. 2.9 3.4 5.4 8.9 12.1 14.2 
Ilex rotunda Thunb.     2.5  
Kydia glabrescens Mast.     21.0  
Lagerstroemia venusta Wall. ex C.B. Clarke     10.0  
Lithocarpus bacgiangensis Hickel & A. Camus    3.2 7.8  
Litsea monopetala (Roxb.) Pers. 19.2 14.3 18.5 11.5 16.1 22.0 
Macaranga denticulata (Blume) Muell.-Arg.  11.0 13.1    
Machilus bombycina King ex Hook.f.  13.6    5.4 
Mallotus barbatus Muell.-Arg.      1.9  
Mallotus paniculatus (Lam.) Muell.-Arg.   2.2    
Mallotus philippinensis (Lam.) Muell.-Arg.  2.9  4.0    
Melia azedarach L.  12.7 21.0    
Micromelum hirsutum Oliv. 14.8   13.0 2.0  
Oreocnide integrifolia (Gaudich.) Miq.   9.6    
Ormosia fordiana Oliv.     2.6  
Oroxylum indicum (L.) Kurz 4.6   13.8 26.9  
Pometia pinnata J.R. & G. Forst. 1.4      
Saurauia tristyla DC.      7.0 
Sterculia lanceolata Cavanilles,    4.7  19.3 
Toona sureni (Blume) Merrill 85.2      
Vernicia montana Lour.      8.4 
Viburnum lutescens Blume 7.6  3.7    
Vitex quinata (Loureiro) Williams 1.5             





Soil properties differed among sites (Table 4.4). The soil texture was a silty clay loam 
or silty loam, with near neutral (6-7) or mildly alkaline pH (7.6), with 3.7 to 6.7 % 
organic matter and 0.1 to 0.2% total nitrogen. Available phosphorus and CEC were 
higher in sites 4 and 6, possibly due to the land use history (paddy fields).  
Table 4.4. Soil properties of the study sites. Values are means (n=9) ± SE. p is the p value of 
ANOVA test for differences of soil properties among sites. Lower case letters which differ in a 
row indicate significant differences among sites (p < 0.05) 
 
Microstegium ciliatum cover in treatment plots 
Prior to application of treatments in 2016, M. ciliatum cover was uniform (>80%) 
across all treatment plots (p = 0.57), but differed between the low and medium canopy 
levels (p = 0.02, Figure 4.5A). There was no interaction between canopy and treatment 
over the duration of the experiment (Table 4.5). The overstory canopy had no effect on 
M. ciliatum cover over the two years after the treatment applied (Table 4.5, Figure 
4.5B, C). In contrast, treatments effectively removed M. ciliatum over years (Figure 
4.5B, C; illustrated for select plots in Figure 4.6), which created a significant difference 




Soil property    Site 1    Site 2 Site 3     Site 4  Site 5 Site 6  p 
pHH20 6.0
a ± 0.1 6.1a ± 0.03 6.7bc ± 0.2 7.6c ± 0.1 6.3ab ± 0.2 7.0c ± 0.1 <0.001 
Organic matter (%) 3.73
a
 ± 0.2 3.98a ± 0.1 4.93ab ± 0.3 6.18b ± 0.4 4.32a  ±  0.5 6.72b ± 0.8 <0.0001 
Total nitrogen (%) 0.26
b
 ± 0.01 0.24b ± 0.01 0.15a ± 0.01 0.17a ± 0.0 0.14a ± 0.02 0.17a ± 0.01 <0.0001 
Available phosphorus  
(mg P2O5/100 g) 
1.43
a





 ± 0.8 30.53a ± 1.6 40.93b ± 0.9 44.98b ± 2.9 32.49a ± 2.3 44.53b ± 3.0 <0.0001 
Sand (%) 4.43
a
 ± 0.2 3.69a ± 0.2 6.69ab ± 0.7 5.78a ± 0.6 9.17b ± 0.9 4.69a ± 0.9 <0.0001 
Fine sand (%) 13.32
a
 ± 0.3 25.98b ± 0.6 22.61b ± 2.0 18.10ab ± 2.3 14.62a ± 1.8 22.03b ± 0.8 <0.0001 
Silt (%) 48.34
b
 ± 0.5 43.72ab ± 0.7 40.76a ± 1.2 48.82b ± 1.9 44.89ab ± 1.9 44.89ab ± 1.3  0.001 
Clay (%) 33.91
b ± 0.5 26.60a ± 0.2 29.94ab ± 2.3 27.31a ± 2.0 31.32ab ± 1.8 28.39ab ± 0.9  0.01 





Table 4.5. ANOVA test of linear mixed effect models for the effects of canopy, treatment and 
their interaction on the cover of M. ciliatum 
  Pre-treatment  Post-treatment 
  2016  2017  2018 
 df F p  F p  F p 
Canopy 2 3.96 0.02  1.19 0.31  2.96 0.06 
Treatment 2 0.57 0.57  178.56 <0.001  430.19 <0.001 
Canopy * 
Treatment 
4 1.80 0.14  0.41 0.80  0.59 0.67 
 
Number of tree seedlings and species by treatment and canopy 
Just prior to the application of treatments, the number of tree seedlings was similar among 
treatment plots (p = 0.93). However, there was a significant effect of canopy cover (p < 
0.001); the number of seedlings in the high canopy plots were seven and thirteen times  
higher, respectively, than in the medium and low canopy plots (Figure 4.7A). There was 
no interaction between canopy and treatment prior to treatment application (p = 0.69) 
but there were significant (p < 0.001) interactions in the first and second years after 
treatments were applied (Table 4.6). The application of grass removal had significant 
effects on increasing seedling abundance in 2017 and 2018 (p < 0.0001). Seedling 
abundance in HC and HERB treatment were five to seven-fold higher than UM plots 
after the experiment was applied. The effects of treatments on seedling recruitment 
strengthened over years as the F value of the treatment factor increased more than 
double from 13.24 in 2017 to 34.04 in 2018 (Table 4.6); the canopy * treatment 
interaction also strengthened from 2017 to 2018. The number of tree seedlings in 2018 
had increased by 113% and 150% in HC and HERB, respectively over 2017.  
 
Table 4.6.  ANOVA test of linear mixed effect models for the effects of canopy, treatment and 
their interaction on number of tree seedlings and number of species 
   Number of tree seedlings Number of seedling species 
      2016 2017 2018 2016 2017 2018 
 df F p F p F p F p F p F p 
Canopy 2 8.28 <0.001 11.91 <0.001 5.65 <0.001 8.01 <0.001 17.64 <0.001 11.85 <0.001 
Treatment 2 0.08 0.93 13.24 <0.001 34.04 <0.001 0.49 0.62 10.77 <0.001 37.25 <0.001 
Canopy * 
Treatment 
4 0.56 0.69 2.51 <0.001 3.95 <0.001 0.39 0.81 1.73 0.15 3.5 0.01 







Figure 4.5. M. ciliatum cover of 4 m2 plots by treatments (Herbicide and cutting vine - HC, 
Herbicide only - HERB and unmanipulated - UM) under different canopy levels (low, medium 
and high) with standard errors in (A) year 2016, (B) year 2017 and (C) year 2018.  Different 
lower letters indicate significant (p < 0.05) pairwise difference of main effects. 
 
The number of plots with no seedlings declined in treatment plots over the three years of 
sampling. For instance, the number of HC and HERB plots with no seedlings was reduced 
from 33 and 39 before the treatment to 8 and 23 plots after two years of treatments.  



































years after treatment, and the average number of seedlings slowly increased from 0.4 to 
0.7 seedlings/plot after two years. 
 
Canopy, especially high canopy cover had a significant influence on tree seedling 
recruitment in all years (p < 0.001). The number of seedlings was significantly higher 
under high canopy than the other (medium and low) canopy levels, and uniform among 
treatments prior to the experiment. Treatments facilitated tree seedling recruitment in 
the low and medium canopy plots, which reduced the difference of seedling abundance 
between high and lower canopies over time (F in canopy factor decreased from 11.91 in 
2017 to 5.65 in 2018) (Table 4.6). However, in the first year after treatment, the 
difference of tree seedling abundance was only seen between HC and UM under the 
high canopy. In the second year, the difference was significant for both treatments (HC 
and HERB) under the medium and high canopy relative to the UM plots. Meanwhile, 
the number of seedlings under the low canopy level was uniform among treatments in 
the first year, with the only significant pairwise difference observed between the UM 
and HC treatments in the second year (Figure 4.7B, C).  
 
The number of tree species followed a similar pattern with the number of seedlings: 
they increased over time in treatment plots and were significantly higher in the high 
canopy than in the low and medium canopy plots before and after treatment (Figure 
4.8). The effect of canopy was significant in all years and treatment had significant 
effects both years following application (p < 0.05; Table 4.6). There was a four to six-
fold higher number of species in the high canopy compared to the low and medium 
canopy plots (Figure 4.8). The average number of species was similar (0.2 - 0.3) among 
the treatment and UM plots before treatment. The number of species were significantly 
higher in HC and HERB compared to UM one year after the treatment, and the strength 
of this effect increased over time (treatment F increased from 10.77 in 2017 to 37.25 in 
2018). Specifically, while the species richness in HC and HERB plots respectively 
increased to 0.8 and 0.7 in 2017 and then reached 1.5 and 1 in 2018, that of the UM 
plots remained at 0.2 for the duration of the experiment. Over the two years, however, 
there was no significant difference between HC and HERB in the number of seedling 





tree species (Figure 4.8B, C). There was no significant interaction between canopy and 
treatment until the second year after treatment (p = 0.009). The total number of species 
recorded across all sites increased from 15 species in 2016 to 32 species in 2018.  
 
  
Figure 4.6. Photos of a manipulated plot (HERB) before treatment (A), two years after 
treatment the grass was reduced significantly and was replaced by vines (B).  The treatment plot 
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Figure 4.7. Mean number of tree seedlings per 4m
2
 plot by treatment (Herbicide and cutting 
vine - HC, Herbicide only - HERB and unmanipulated - UM) under different canopy levels 
(low, medium and high) with standard errors in (A) year 2016, (B) year 2017 and (C) year 
2018.  Lowercase letters indicate significant (p < 0.001) pairwise difference of interactions. 
Significant pairwise difference of main effects are described in text insets. 
 
The tree seedlings in the plots were mainly early and fast-growing tree species, 
accounting for 86% of the total number of seedlings (Appendix B.2) before treatment. 
The pioneer Broussonetia papyrifera had the highest IVI in stand communities across 
the sites and was the most abundant seedling species. The number of B. papyrifera 
seedlings accounted for 75% of the total seedlings prior to the treatments being imposed 
and declined to 72% and 65% after one and two years of treatment, respectively. In 
addition to the establishment of many early successional tree species (e.g. Macaranga 
denticulata, Albizia lucidior), it was notable that the abundance and richness of mid and 
late successional species (Table 4.7) increased with grass control. Prior to treatment, 
there was only one late successional species in HC and two late successional species in 
HERB plots. After a year of treatment, the number of mid and late species increased to 
Significant pairwise 
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4 and 6, respectively, and reached 9 species in both HC and HERB plots at the end of 
the experiment in 2018. Meanwhile, the richness of mid and late successional species in 
UM declined from 3 to 2 over two years of treatment. However, the Chi-square test 
indicated that the increase of mid and late species richness did not depend on treatment 
over years (p> 0.05). In contrast, the significant (p = 0.03 in 2017 and p= 0.0004 in 
2018) difference in the number of tree seedlings in all successional stages after 
treatment revealed the effectiveness of grass control in facilitating the recruitment of 
seedlings including those representing mid and late successional species (Table 4.7). 
Most of the tree species (e.g. 22 of 33 species recorded in 2018) established in the 
experimental plots had trees of reproductive age present in the canopy (Appendix B.2 
and Table 4.3). 
 
 
Figure 4.8. Mean number of tree species per 4 m
2
 plot by treatment (Herbicide and cutting vine 
- HC, Herbicide only - HERB and unmanipulated - UM) under different canopy levels (low, 
medium and high) with standard errors in (A) 2016, (B) 2017 and (C) 2018. Different lower 
letters indicate a significant (p = 0.01) pairwise difference of interactions. Significant pairwise 
difference of main effects are described in text insets. 
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Table 4.7. Number of tree seedlings and tree species in successional stages over three years and a Chi-squared Test of their independence on treatments.  
Numbers of species and seedlings observed are pooled across plots for each treatment. E: Early-successional species, M: Mid-successional species, L: Late-
successional species, : Not confirmed. Bold letters indicate values that are 20% higher than expected values. 
  Number of tree seedlings  Number of tree species 
  2016   2017   2018  2016  2017 
 2018 
 E M L -  E M L -  E M L -  E M L - 
 E M L -  E M L - 
HC 10 0 1 0  135 6 3 0  131 17 11 3  2 0 1 0 
 8 1 3 0  10 2 7 2 
HERB 51 0 2 8  129 0 9 3  189 2 16 6  4 0 2 2 
 8 0 6 1  10 2 7 2 
UM 34 0 3 1  38 3 3 1  55 0 2 2  7 0 3 1 
 8 1 3 1  9 0 2 2 
Chi-
square 
5.48  11.24  24.38  1.57  2.22  3.22 
p  0.24  0.03  0.0004  0.81 







This chapter quantified tree seedling responses over two years to the removal of an 
invasive grass in a national park in the north of Vietnam. Effective grass control 
promoted tree seedling recruitment. Overstory canopy cover had slight effects on grass 
cover prior to the treatment, but then had no influence on grass cover after treatment. 
However, effects of overstory on tree regeneration was significant both before and after 
treatments. Combination of grass control and a facilitating overstory canopy effectively 
promoted the establishment of tree seedlings. 
Removal of Microstegium ciliatum cover and secondary invasion of vine 
Application of the herbicide Fluazifop-P substantially reduced M. ciliatum cover after 
the two years of the trial. This result is consistent with the study of Flory and Clay 
(2009) on management of Microstegium in a humid continental site in southern Indiana, 
USA. It is likely that repeated herbicide application can deplete the M. ciliatum seed 
bank and lead to effective control of IPS, but longer-term trials are needed to establish  
whether herbicide treatments need to be extended beyond two years. Manual cutting of 
the grass is unlikely to be effective as annual cutting over the years 2012 - 2015 at site 1  
resulted in high M. ciliatum cover (91%) in 2016, a year after the restoration project 
ended (personal communication from CPNP manager). Also, that the cover of M. 
ciliatum was quite uniform under different canopy levels reinforces its reputation for 
shade-tolerance (Huebner, 2010; Vidra et al., 2006). The absence of an interaction 
between canopy cover and treatments on M. ciliatum cover indicated that a uniform 
grass control treatment can be effective across a site for the management of this grass.  
 
Shortly after the herbicide treatments had been applied, it became evident that the plots 
were being invaded by various native fast-growing vines (e.g. Cissus repens, 
Jacquemontia paniculata, Merremia boisiana, Piper lolot, and Pueraria montana). In 
particular, M. boisiana has been spreading and posing detrimental impacts to secondary 






large part of Vietnam (Chapter 3). The spread of vines after M. ciliatum control 
exemplifies the problem of secondary invasions, which has been documented in many 
studies (Kettenring & Adams, 2011; Larson & Larson, 2010; Symstad, 2004). The 
invasion of M. ciliatum may leave legacy effects such as altering biotic and abiotic 
conditions of the invaded ecosystem (O'Loughlin & Green, 2017). Consequently, the 
invaded ecosystem becomes vulnerable to the proliferation of non-target invaders 
following efforts to reduce target invader abundance (Pearson et al., 2016) that create 
“the weed-shaped hole” in IPS management (Buckley et al., 2007). Due to concern that 
the abundance of vines may have impeded regeneration of the trees and thus masked the 
effect of the HERB treatment, a second treatment was established where the vines were 
removed by cutting them every three to four months, from September 2016 to January 
2018, in 21% of the plots. Cutting the vines did not change the M. ciliatum cover as 
there was no difference in grass cover between the HERB and HC treatments over the 
two years.  
Regeneration of tree seedlings and species  
The increase in seedling abundance and richness in the first year after treatment 
demonstrated that, although being a native species, the encroachment of M. ciliatum 
potentially poses threats to secondary forest succession by suppressing tree seedling 
establishment. Removal experiments of Aronson and Handel (2011), additional 
experiments of Flory and Clay (2010) and field observations (Oswalt et al. 2007) have 
also shown that invasion of Microstegium had negative impacts on tree regeneration in 
disturbed forests in northeast USA. Studies in tropical forests have shown that other 
invasive grasses also inhibit tree regeneration and are a barrier for forest restoration 
(Hoffmann & Haridasan, 2008; Hooper et al., 2005; Holl et al., 2000). M. ciliatum 
formed a dense understory which may directly compete with tree seedlings for 
resources such as space, soil nutrients and water as described by Flory and Clay (2010) 
for M. vimineum. Also, Lamb (2010) pointed out a dense grass canopy can create a 






As a result, invasive grass species often inhibit seedling establishment or lead to tree 
seedling mortality before trees can over-top the grasses (Elliott et al., 2013).  
 
The invasion of Microstegium which creates near monospecific stands and inhibits re-
colonization of native species has been widely recorded in its introduced range (Oswalt 
et al., 2007; Flory and Clay, 2010). In its native range, studies on Microstegium’s 
impacts are very few. However, its spread and economic damage due to inhibition of 
the development of teak (Shorea robusta) seedlings in production forests have been 
reported in India and Myanmar by Bor (1952). My study agrees with Bor (1952) that 
Microstegium can pose negative impacts to the forest in its native range. Studies on 
other species have also revealed that native invasive species can cause socio-ecological 
impacts as severe as those of non-native species (Carey et al. 2012; Valery et al. 2009; 
Klaus & Keyes, 2007). Thus, regardless of their place of origin, some plants can 
become colonizers in in their native range if conditions are suitable in their native and 
non-native ranges (Richardson et al., 2000; Thompson, 2000; Levine & D'Antonio, 
1999).  
 
Some studies have argued that the abundance and impact of invasive plants in the early 
stage of succession would reduce over time (Flory et al., 2017; Dostál et al., 2013). In a 
40-year-study in old-fields in temperate deciduous forests, Meiners et al. (2002) found 
that over time with increasing canopy closure, shade-intolerant invasive species were 
reduced, allowing succession to proceed. However, in the same study, shade-adapted 
invasive species increased over time, which may alter the succession pattern. In the case 
of shade tolerance, these invasive species are able to outcompete other young trees in 
forest conditions and change the pattern of community structure. This is likely the same 
situation for a shade-tolerant species like M. ciliatum.  The high plastic ability of 
Microstegium species to respond to various microhabitat conditions may help them 
adjust well to shady conditions (Droste et al., 2010; Gibson et al., 2002), and utilize 
limited resources to maximize growth and reproduction (Claridge & Franklin, 2002). 
Therefore, it can persist in invaded sites (Gibson et al., 2002), and potentially slow 






This study found that the encroachment of M. ciliatum in Cuc Phuong National Park 
may influence the successional trajectory and species composition in the ex-agriculture 
sites. Prior to grass control, the seedling richness was very low, with an average of three 
species per site, while the number of stand species by comparison ranged from 12 - 22 
with a Shannon index of around 2 - 3. Most seedlings present before treatment were 
early and fast-growing colonizer species, mainly Broussonetia paypyrifera, a native to 
East Asia and widely distributed in tropical and sub-tropical areas (see Seelenfreund et 
al., 2011). Due to its ability to quickly spread into newly exposed sites, B. paypyrifera 
has been recorded as an invasive species in many countries (CABI, 2019). Trees which 
had high importance value indices, such as Bishofia javanica and Toona sureni, were 
not present in the experiment plots. This may have been because these species are mid 
to late successional species which have fewer number of seeds and lower competitive 
ability for water than early successional species (Huston & Smith, 1987). Thus, the 
removal of M. ciliatum reduced the resource competition and facilitated the 
establishment of seedlings from some mid and late successional local parent trees. Also, 
early successional species such as Macaranga denticulata and Albizia lucidior are 
known as framework trees which can be used to accelerate natural regeneration of 
forest ecosystems and encourage biodiversity recovery (Elliott et al., 2003). The early 
regeneration of some middle and late successional trees and occurrence of framework 
tree seedlings after grass removal are promising for future restoration in the park. It is 
evident that management of the dominant grass should be conducted to facilitate the 
succession process as observed by Cabin et al. (2002).  
 
The difference on tree seedling abundance and richness between the HC and HERB 
treatments was not significant, although the number of tree seedlings and species tended 
to be higher in HC than in HERB plots. Also, there were fewer HC plots without 
seedlings than HERB plots. The no difference between HC and HERB might have been 
due to the long time period (3 - 4 months) between cutting the fast-growing vines after 
the herbicide application. For example, M. boisina, one of the vines in the experimental 
plots, can extend its shoot tip by 9.5 to 16.5 cm per day (Li et al., 2006). At this rate, 






not only distort seedling shoots (Lamb, 2010) but they can also block and delay the 
conventional gap phase for tree recruitment (Schnitzer et al., 2000). Threats of vines to 
regeneration and biodiversity in early succession have been observed in many studies 
(Paul & Yavitt, 2011; Schnitzer & Bongers, 2011; Schnitzer et al., 2000). Thus, further 
studies should explore impacts of vines on regeneration. Also, larger plots than those 
used in this field trial are needed to investigate long-term effects in a longer study 
period. 
 
Canopy had a strong influence on tree recruitment and tree richness, especially the high 
canopy cover level. Recruitment was lower in the low and medium canopy cover plots. 
Dense canopies may increase soil moisture and soil nutrient pools, reduce water stress 
and promote the decomposition and mineralization of biomass (Bullock, 2000). 
Furthermore, dense canopies create favourable microclimates (Brown, 1993), and 
provide higher density and diversity of seed banks than more open canopies (Yan et al., 
2012). Thus, the canopy is considered to strongly influence regeneration (Gendreau-
Berthiaume et al., 2018; Yan et al., 2012; Sapkota & Odén, 2009; Hoshino et al., 2003).  
However, the number of seedlings and number of tree species in high canopy cover 
plots were low before treatment and only increased substantially as the grass was 
removed. Removing M. ciliatum also created more favourable conditions for the 
establishment of seedlings in the low and medium canopy plots. Elliott et al. (2013) 
highlighted the importance of identifying factors that inhibit regeneration, and of 
providing appropriate methods to overcome them. This can include the planting of trees 
and IPS control. The high cover of M. ciliatum and poor regeneration in sites where 
trees had been planted (sites 1, 3) exemplifies that creating a canopy through tree 
planting is not enough to facilitate regeneration in the face of competition from the 
native grass. Therefore, the effectiveness of restoration is likely to be maximised by 







Other factors influencing on tree regeneration 
The sites selected for the field study were abandoned agricultural land. The 
abandonment of agricultural lands in some areas creates old fields that facilitate the 
colonization of invasive species, especially grasses and the reduction of tree seed banks 
and seed rain (Standish et al., 2007; Wijdeven & Kuzee, 2000; Zimmerman et al., 
2000). Also, due to the legacy of agriculture (paddy fields), sites 4 and 6 were partly 
marshlands which were probably unfavourable for the recruitment of tree species 
adapted to well-drained karst landscapes within the national park.  
 
The stand characteristics of sites may also influence species richness. The number of 
seedling species trended with the number of stand species and average stand height. 
Sites 1, 3 and 5 had higher number and height of stand species and higher number of 
seedling species. In contrast, sites 2, 4 and 6, with fewer stand species, had only one 
seedling species. Effects of parent tree traits on vegetation structure, through fecundity 
and dispersal of seeds, have been mentioned in many studies (Wenny & Levey, 1998; 
Fragoso, 1997).  
 
Soils in the study sites had moderate fertility and neutral to slightly alkaline pH, 
conditions that are generally suitable for seedling recruitment. However, seedling 
abundance and richness were very low, especially before treatments were imposed. This 
may indicate that, on its own, soil nutrient status will not determine the regeneration of 
tree seedlings (Hooper et al., 2005). Instead, the association of other factors in 
regeneration should be considered in further studies.  
Conclusion 
Results of the study indicated that the control of the invasive grass can facilitate natural 
forest succession. Repeat applications of the grass specific-herbicide effectively 
reduced M. ciliatum over two years. Other workers have reported that repeat weeding 
for at least a few continuous growing seasons is necessary to allow rapid growth of 






seed of Microstegium may remain viable in the soil for up to 5 years (Leicht et al., 
2005), longer periods of IPS control may be required especially for those tree species 
which are recalcitrant or slow to germinate due to seed dormancy. However, in the 
context of limited financial resources, herbicide spraying may not be able to be applied 
to control M. ciliatum over vast areas in Vietnam. Thus, further studies on other 
effective and economical control measures are necessary to inform best control 
management of M. ciliatum in the future.  
 
The lack of recruitment in all plots suggests that there may have been a shortage of 
propagules in some areas. Further studies should investigate the seed banks, and 
identify whether adding seedlings or seeds is necessary for increasing species 
distribution and richness. Also, larger size of plots should be considered in the future 
studies. Due to limited species recorded in small plots, plots with zero species can 
increase the heterogeneity of the measures and make it difficult to get significant 
results. Larger plots will also enable studying emergent properties like community 
composition of the regenerating trees.  In addition, other mechanisms by which invasive 
plants suppress tree regeneration, such as allelopathy (Orr et al., 2005), providing 
refuges for and altering behaviour of seed predation (Meiners, 2007), disruption of 
mycorrhizal mutualisms (Stinson et al., 2006), and the hosting of pests and pathogens 
(Cheong et al., 2010), should be further studied to provide effective management for 






Chapter 5. Influences of institutional 
arrangements on invasive plant 
species management from multilevel 
perspectives: Case study in Vietnam’s 
National Parks 
Abstract 
Invasive plant species (IPS) management is a complex problem that is characterized by 
multidimensional perspectives, involvement of a multitude of people and organisations 
(‘actors’) with different views, and multiple jurisdictional boundaries. The various 
views and rules, political structures, and legal arrangements which shape the structure, 
function and behaviours of actors comprise the institutional arrangements. IPS 
management, hence, should not only focus on IPS’s per se, but also consider the 
institutional context of social and political views. In order to understand how 
institutional arrangements influence IPS management in national parks of Vietnam, this 
study analysed challenges to IPS management drawing on institutional theory. Data 
were collected between May and July 2017 through in-depth interviews with 39 key 
persons with responsibilities for invasive species management at different levels of 
responsibility (national, provincial, national parks) as well as researchers and non-
government entities. Content analysis revealed overlaps in responsibilities and 
challenges in horizontal integration among sectors in dealing with IPS issues at the 
same level of responsibility, fragmentation of vertical relationships between upper and 
lower levels of responsibility, and poor implementation due to weak legislation and lack 
of top-down support for local level bottom up mechanisms. Effective horizontal and 
vertical relationships and engagement with non-governmental actors are vital factors to 
address complex issues such as IPS. An efficient institutional arrangement needs a 






management can be enhanced through the establishment of a national overarching body, 
increasing the engagement of various actors would facilitate a bottom-up mechanism.  
The findings of the study highlight the importance of understanding institutional 
arrangement from multiple levels of government to improve decision making and 
enhance management effectiveness for other issues in natural resource management. 
Introduction 
Given the potential risks of invasive plant species (IPS) to Vietnam (Chapter 3), and 
specific impacts to biodiversity (Chapter 4), IPS management should be prioritized 
across the institutional framework for biodiversity conservation. Particularly, national 
parks (NPs), as key components and cornerstones of national efforts for biodiversity 
conservation (Dudley & Parish, 2006), should play a major role in the management of 
biological invasions (Foxcroft et al., 2013a). However, IPS management is a complex 
problem (Jordan et al., 2016; Hulme, 2006), as it encompasses a broad range of 
activities in environmental policy and practice. These activities can range from 
preventing IPS introductions, containing or eradicating new arrivals, to mitigating the 
impacts of established populations (Simberloff et al., 2013). Therefore, IPS 
management involves many disciplines and actors with different views on values and 
conflicts (Courchamp et al., 2017; Oude Lansink et al., 2016; Hulme, 2006; Maguire, 
2004). The complexity of IPS management may be exacerbated in NPs as it also 
requires considering institutional arrangements for both NP and IPS (Genovesi & 
Monaco, 2013). Understanding institutional context is crucial in the case of Vietnam 
(KimDung et al., 2016; Ho et al., 2014), since NP institutional arrangements per se 
retain shortcomings such as overlapping responsibilities, and weak inter-sector 
coordination among entities associated with a fragmented policy framework (KimDung 
et al., 2017; Government of Vietnam, 2010; ICEM, 2003).  
 
Institutions are the social rules, political structures, and legal arrangements (Ostrom, 






organisations (actors) (Scott, 2013). Institutions may refer both to formal organizational 
structures, and documented responsibilities and powers of actors (formal institutions) 
(North, 1990) as well as socio-cultural norms (informal institutions) (Helmke & 
Levitsky, 2004; North, 1990). Institutional arrangements may also incorporate various 
actors at multiple levels to achieve particular objectives (van der Duim et al., 2015). 
The interaction within and between actors in institutional arrangements can be 
described in terms of horizontal and vertical dimensions ( Paavola et al., 2009; Hooghe 
& Marks, 2003; Hollingsworth, 2000; Matheson, 2000). The horizontal dimension  
includes the interactions of different actors across sectors within the same level of 
jurisdiction (Matheson, 2000). Conversely, the vertical dimension refers to interplays 
between actors at different jurisdictional levels (Burgers & Vranken, 2003). It involves 
downward flow (commands from superiors to subordinates) and upward flow (advice 
and completed work of subordinates to superiors) (Matheson, 2000). This linkage is 
most directly related to government policy and legislation, supported by judicial 
enforcement (Young, 2006; Eckerberg & Joas, 2004). 
 
Both horizontal and vertical dimension have influences on the decision making and 
implementation process (Cosens, 2010; Matheson, 2000; Ostrom, 1986). The vertical 
dimension reflects the relations of command and obedience with a central direction that 
enables the government to implement consistently statutory targets (Matheson, 2000). 
The horizontal dimension may include formally defined relationships but may also 
involve more informal relationships requiring persuasion, negotiation and bargaining 
that can ease policy implementation by encouraging actors to cooperate voluntarily. 
Thus, it enables disputes to be solved without the need for more demanding formal 
processes or intervention by a higher level authority (Matheson, 2000). The relative 
importance of the vertical and horizontal institutional dimensions and their interactions 
vary according to many factors, especially the degree of centralization in government 








However, the horizontal and vertical dimensions may include drawbacks. Command 
and obedience along the vertical dimension can be difficult to implement due to 
common issues such as inadequate enforcement, insufficient degree of cooperation and 
limited scope for the lower level to make discretionary decisions (Matheson, 2000). 
Furthermore, lack of clear and enforceable legislation and guidance from the national 
level can fail in the implementation at lower levels (Howes et al., 2017). Meanwhile, 
the involvement of multiple actors in the horizontal dimension with unclearly defined 
responsibilities in formal institutions (Ho et al., 2014) or inefficient institutional design 
(Jordana & Sancho, 2004) can create an overlap of responsibilities (Matheson, 2000). 
Also, strictly delineated sectoral responsibilities can create “administrative silos” 
(Steurer, 2007) and interagency conflicts as bodies only focus on their target objectives 
(Jacob & Volkery, 2004). Conflicts on the horizontal dimension can be challenging to 
solve if there is a lack of top-down support in regulating actors to achieve common 
objectives (Fiona et al., 2012).  
 
IPS do not respect any institutional boundaries, which makes the requirement for 
effective cooperation and communication across multiple scales, jurisdictions and 
actors vital for effective management (Wilson et al., 2016). However, the influence of 
institutional structure and function are often underestimated in IPS management (Shine 
et al., 2005). Therefore, understanding limitations in existing horizontal and vertical 
institutional arrangements, and how the influence on IPS management can help provide 
a basis for enhanced management (Shine et al., 2005) and can lead to a long-term 
reduction of the problem (Foxcroft & McGeoch, 2011).  
 
This chapter examines the influences of institutional arrangements on IPS management 
(both native invasive and non-native species) in Vietnam’s national parks. Through 
reviewed the context of institutional framework and arrangement and conducting in-
depth interviews with key actors in IPS management in Vietnam, the chapter explores 
internal dynamics within institutional arrangements, the relative role and influence of 






cooperation among actors at different levels in IPS management in Vietnam’s national 
parks. 
Context of IPS management in Vietnam 
Located in the Indo-Burma Biodiversity Hotspot, Vietnam is ranked as the 16th most 
biodiversity-rich country in the world with 110 key biodiversity areas (Mittermeier, 
2004). However, the number of species in Vietnam has declined considerably (Pilgrim 
& Tu, 2007). Besides influences of human activities such as habitat loss, degradation, 
climate change and pollution, an increase in the number of invasive species also 
threatens native biodiversity and this is a challenge for Vietnam and Southeast Asian 
countries in biodiversity conservation (ASEAN Centre for Biodiversity, 2010; 
Pallewatta et al., 2003). However, like most countries in the Southeast Asia region, 
invasive species in Vietnam are understudied (Peh, 2010; Chapter 2) and have received 
little attention, especially in the natural forest (Tan et al., 2012). 
Institutional framework 
IPS have received relatively little attention in legislation and policy in Vietnam. They 
were first mentioned in Ordinance on the Protection and Phytosanitary 2001, then 
appeared scattered across Aquatic Law 2003, Veterinary Ordinance 2004, 
Environmental Protection Act 2005, and the Law on Forest Protection and 
Development 2004. However, during this time, provisions only stopped at prohibition of 
non-native invasive species introduction and cultivation. No specific provisions in law 
or sub-law documents were issued to guide invasive species management for provinces 
and regulatory authorities responsible for IPS management. 
 
Only when Prime Minister issued Decision No. 79/2007 / QD-TTg of May 31, 2007 on 
the approval of 'National Action Plan on Biodiversity in 2010 and orientations towards 
2020 for implementation of the Convention on Biological Diversity and the Cartagena 
Protocol on Biosafety ", specific activities about IAS management was initially 






invasive species management in Vietnam, as for the first time, non-native invasive 
species were explicitly mentioned in a dedicated section (Articles 50 to 54), and 
responsibility was officially assigned to the Ministry of Natural Resources and 
Environment (MONRE). Thereafter, non-native invasive species have been included in 
the National Master Scheme and in legal documents of MONRE (Figure 5.1). However, 
regulations for IPS management are still very few and only focus on education rather 
than practical measures to manage IPS. There is also some collaboration among 
Ministries in making regulations on IPS (Figure 5.1). Instead of a focus on IPS  
management, collaboration is driven by administrative requirements that force 






dependence of Ministries on each other (e.g. MONRE cannot make legislation on a 
budget, or staffing), rather than set up common IPS related goals (except for the Joint  
Circular 27/2013 between MONRE and MARD on the list of non-native invasive 
species). No regulations on native invasive plants are mentioned in any of the agency 
documents. 
Institutional Context  
The institutional context of IPS management in NPs of Vietnam is influenced by 
horizontal and vertical relationships. On the horizontal dimension, sectoral 
responsibilities were separated into two management systems: a national park 
management system and an IPS management system. On the vertical dimension is the 
downward management between Ministries and their subordinates, Provincial People’ 
Committees and their assisting departments (Figure 5.2 and Table 5.1).  
 
 Figure 5.2. Institutional structure of lead agencies invovled in invasive plant species 








Table 5.1. Responsibilities of related authorities on IPS management in Vietnam 
Authority Level Areas of Interest Current IS responsibility 
Ministry of Natural Resources and Environment 
(MONRE) 
Ø Vietnam Environment Administration 
Ø Biodiversity Conservation Agency 
National • Natural resource 
management (biodiversity, 
water resources, minerals, 
and environment) 
• Coordinating biodiversity 
conservation activities under 
the Law on Biodiversity and 
focal point of Convention of 
Biological Diversity (CBD) 
• Develop policy on non-native invasive species 
management 
• Inventory of exotic and invasive or potentially invasive 
species (on-going) 
• Conduct risk assessments and issue permits for large 
scale culturing of exotic and potentially invasive species 
(take lead) 
• Provide a list of invasive species for other authorities to 
implement relevant actions (Law on Biodiversity, 2008) 
Ministry of Agriculture and Rural Development (MARD) 
Ø Plant Protection Department for pest control 
including forest pests 
 
Ø Vietnam Administration of Forestry for Forest 
Protection  
 
National • Governance and long-term 
planning for rural 
development and 
agricultural sector 
(aquaculture, agronomy, and 
forestry) 
• Manage Special-use- Forests 
(NPs, Nature reserves) 
• Protect ecosystem, biodiversity and natural resources in 
forests and the prevention and control of forest pests in 
NPs (Law on Forest, 2017) 
• Issuance of permits for the importation of non-native 
invasive species (listed as agricultural nuisance) (Law on 
Plant Protection, 2014) 
• Conduct risk assessments and issue permits for the large 
scale culturing of exotic and potentially invasive species 
(participatory) (Law on Biodiversity, 2008) 
Provinces People’s Committee (PPCs)  
Ø Department of Agriculture and Rural Development 
(DARD) advises and assists PPCs in state-level forest 
management 
Ø Department of Natural Resources and Environment 
(DONRE) assists PPCs on biodiversity conservation 
and IPS management 
Provincial  Social economic development • Self-control invasive species in their provinces (invasive 
species survey, assessment and organizing resources to 
control) (Law on Biodiversity on 2008) 
• Managing biodiversity conservation and prevent and 
control forest pest in NPs in the province’s boundary 
National Park Management Board (NPMB) Local   • Forest protection and control the spread of forest pests in 






National park institutional arrangement 
National park institutional arrangements at the national level include two government 
departments with different responsibilities: The Ministry of Agriculture and Rural 
Development (MARD) and MONRE. MARD has leading responsibility for the 
direction and technical support for all activities involving the forest sector. MARD is 
also a direct authority of six national parks which have boundaries that extend across 
more than one province (Decree 117/2010/ND-CP). The remaining 25 national parks 
that do not cross provincial boundaries are under the management of the respective 
Provincial People’s Committees (PPCs). PPCs assign overall NP management 
responsibilities in their province to the Department of Agriculture and Rural 
Development (DARD), a representative of MARD at the provincial level.  
 
Each NP has a National Park Management Board (NPMB) that is responsible for the 
management of the NP. Management boards are the basic institutional building blocks 
for the NP management system. They are formally identified as the on-site managers 
and the key actors to safeguard the national protected area estate. Functions, tasks and 
organization of the NPMB are individually regulated by MARD (for 6 NPs) and PPCs. 
MONRE is also involved in the management of some NPs. MONRE is the federal 
agency generally responsible for biodiversity conservation. As such, it contributes to 
the management of NPs that are designated as RAMSAR wetlands and Man and the 
Biosphere Reserves. However, MONRE has no role in onsite management of NPs 
(ICEM, 2003). 
Institutional arrangement of IPS management 
According to Vietnam’s Law on Environmental Protection 2014 and the Law on 
Biodiversity 2008, an organizational system for invasive species is currently 








MONRE is legally responsible for management of biodiversity conservation and non-
native invasive species management for the whole country under the Law on 
Biodiversity (2008). MONRE’s responsibilities on IPS specifically include developing 
policy, conducting risk assessments on invasive species and inventorying and providing 
a list of invasive species (Table 5.1). The Biodiversity Conservation Agency under 
Vietnam Environment Administration assists MONRE to implement those 
responsibilities (Decision No. 1501 / QD-TCMT dated November 25, 2014 by the 
Director General of the Vietnam Environment Administration). 
 
MARD also has responsibilities for IPS management. Specifically, Vietnam 
Administration of Forestry under MARD have responsibilities in forest protection and 
biodiversity conservation in protected areas and national parks (Decree 117/2010/ND-
CP) (Table 5.1). Those activities also include forest pests (both native and non-native 
species which cause harm for NPs). Additionally, as the focus point of the International 
Plant Protection Convention (IPPC), MARD (assigning to its subordinate- Department 
of Plant Protection) has the main responsibilities on issuing import certification, 
quarantine for new species and the control of pests in agricultural and forest sectors. 
However, MARD has no dedicated responsible body or legislation about invasive forest 
pests, this task is merged into the Plant Protection Department. 
 
Provincial level 
PPCs have their own responsibilities for preventing and controlling IPS in their 
provinces (Law on Biodiversity 2008). The Department of Natural Resource and 
Environment (DONRE) assists PPCs with the implementation of IPS management in 
general (Table 5.1). DARD (specifically its sub-Department of Forest Protection), on 
behalf of the PPCs, manages specific-use forests in the provinces, including prevention 
and control of IPS in the forestry sector. DONRE as well as DARD receive technical 
instructions from their national ministries (MONRE and MARD, respectively), but are 







Local level (NPs) 
National Park Management Boards have responsibility for forest protection and 
controlling the spread of forest pests in their respective NPs (Law on Forest 2017). 
The complication of institutional arrangements, in which IPS management in NPs has 
been influenced by both MONRE, MARD and PPCs, may have effects on decision 
making and implementation. With a view to improve the IPS management in Vietnam, 




Interviews were conducted with both state and non-state actors on IPS in Vietnam to 
obtain a range of perspectives on IPS management performance and obstacles in 
Vietnam’s NPs. The in-depth interview method was chosen as it can encourage 
interviewees to speak more openly. In addition, in-depth interviews enable a more 
nuanced and holistic understanding and capture the diversity and complexity of 
thoughts, feelings and interpretations of individuals on an issue (Given, 2008). Hence, it 
has been widely applied to obtain participants’ views on biodiversity-related issues 
(Henwood & Pidgeon, 2001; Hull et al., 2001), views on invasive species (Kokotovich 
& Andow, 2017; Humair et al., 2014; Schüttler et al., 2011; Selge et al., 2011), and also 
views on governance (Hughes et al., 2016; Potts et al., 2016; Ho et al., 2014).  
 
Based on Vietnam’s organizational structure for IPS management (Figure 5.2), 
interviews aimed to cover a representative cross-section of institutions responsible for 
IPS management from the local to the national scale. Interviewed participants were 
selected using purposive sampling that targeted key actors who had direct 
responsibilities associated with managing IPS. Therefore, interviewed participants were 
selected to include senior managers in government sectors who have responsibilities 
and influence over the management of biodiversity conservation and management of 






provinces) and local (18 national park management boards) levels. Those who were 
working in the research sector (2 universities, 4 institutes) and non-government 
organizations (NGOs; 2) involved in studies on IPS were also included (Table 5.2) to 
obtain diverse views.  
 
Totally, thirty-nine interviews were conducted, of which 31 interviewees were 
government employees in charge of IPS management (national, provincial levels and 
national park management boards), and 8 interviewees were researchers of universities, 
research institutes and non-government entities (Table 5.2).  
Table 5.2. Table of coded representatives interviewed on invasive species management 
Representative group Number of participants interviewed Interviewee code 
National level 5 N1-N5 
Provincial level 8 P1-P8 
National parks (local level) 18 NP1-NP18 
Researchers 6 R1-R6 
NGOs 2 O1, O2 
Total 39  
Interview design 
The interviews included open-ended questions to minimise imposing the assumptions of 
the interviewer onto the participants’ responses (Neuman, 2013). To make interview 
responses broadly comparable, a discussion guideline was used (Table 5.3). The 
questions were designed to gather information on various views of managers in state 
and non-state entities on how IPS management was implemented and what challenges 
they were coping with in IPS management. The first part of the interview focussed on 
introductions and the roles of interviewees in IPS management, information on IPS they 
often received, and on IPS issues in their geographical area of responsibility.  
 
Subsequent questions focussed on details about what programs are currently or have 
been conducted to manage IPS, the success or otherwise of those programs, and why. 
The interviews discussed challenges that the managers were coping with in IPS 
management, particularly their opinions on the policy of invasive plant management,  





Table 5.3. Question guide for the interviews on IPS management 
Question guide 
1. General background: role you are primarily involved with in relation to invasive 
species (IS), number of years working in this field 
2. What is your organization’s role regarding policy making and management of invasive 
species? 
3. What kind of IS information do you and your organization receive (list of IS, their 
characteristics, impacts and distribution, IS detection, measures as you detect them, 
etc.?) 
4. Your knowledge and opinion about current invasive species management  
Is there any invasive species management strategy conducted in your area of 
responsibility?  
Which kinds of management activities do you carry out? 
How long have the management strategies been functioning?  
Which method has been used to control or eradicate invasive species? 
With what frequency have the treatments been carried out? 
How often do you monitor the state of the invasion? 
Have you carried out restoration of the locations previously invaded by the invasive 
plant? 
Do you think that the management strategies have been successful? Please specify 
reasons for their success/failure. 
Which are the main limitations or difficulties for an effective management of invasive 
species in your area of responsibility? What are the reasons for such limitations? 
5. Your opinion about invasive species policies  
What do you think about the current Government’s response to address invasive 
species? 
To what extent do you think the Government’s policy responses and the National Action 
Plan/current regulations address controlling and prevention of IS you mentioned 
earlier?  
Do you know any challenges during the: i) policy formulation and adoption phase, 
and/or ii) implementation phase? If yes, please identify challenges during the adoption 
and/or implementation phase at a personal level. Departmental level? Ministerial level? 
In general?  
Do you know how much of the national budget is spent on IS? Where does the funding 
come from? Do you think that budget is appropriate for IS management? 
6. Participation of relevant stakeholders and cooperation in IS management 
In your opinion, has your participation/ your employment’s role been fully recognized 
by the government in the regulations?   
Do you think current IS management is well connected between the relevant authorities 
and among authorities with public and research institutions? 
Are there any coordination bodies to address the implementation of the National Action 
Plan? If any, how effective is the coordination? 
What is your opinion about the efficiency of IS management at levels? 









and the responsibilities and cooperation among agencies in the management of invasive 
species. Lastly, recommendations to improve the policy and management of invasive 
species were also discussed. The interviews provided opportunities for the interviewees 
to express concerns and identify negative and positive aspects (Boschetti et al., 2018) 
on IPS management. Although interviews were semi-structured, interviewees were also 
free to elaborate on any issues that they thought were important in IPS management.  
The interview process 
To get in contact with targeted participants, information was obtained from the Internet, 
from personal contacts, or by directly calling the relevant environmental administration 
and asking for the senior officials who have some responsibility relating to invasive  
plant management. The ‘‘snowballing’’ method was also used (Patton, 1990), whereby 
the respondent provided contacts with other public bodies and individuals with 
responsibilities relevant to plant invasions.   
 
The interviews were conducted in Vietnamese language in Vietnam from May to July 
2017. When possible, the interview format consisted of face to face, semi-structured 
discussions. However, due to limitations of time and travel distance, in some instances 
the questions were sent via email and subsequently followed up by phone interviews 
with some managers of national parks (7 interviews). Face to face interview duration 
varied from half an hour up to two hours or more with most interviews being about an 
hour. The time variation was dependant on the extent to which respondents elaborated 
on the questions during the interviews. Detailed written notes were taken during the 
interviews in case participants were hesitant to have comments audio recorded. Where 
consent was given by the interviewee, audio recordings were made. The interview 
method for this project was approved by Murdoch University’s Human Research Ethics 
Committee (approval number: 2017/033). 
  





Data coding and processing 
Interviews were transcribed in Vietnamese and then translated from Vietnamese to 
English. Content analysis was conducted using manual coding to identify the main 
topics and key issues based on frequencies of words grouped by similar meanings. The 
key issues were then aggregated into common emergent themes grouped by topic (Elo 
& Kyngäs, 2008). To ensure minimal bias made during the coding, all interview notes 
were independently coded by the student and then cross-checked by the supervisors. All 
coding was reviewed and discussed based on decisions about the categorization of 
issues and themes in regular meetings with supervisors. 
Results 
Thirty-nine interviews were conducted, of which 31 interviewees were government 
employees in charge of IPS management (national, provincial levels and national park 
management boards), and 8 interviewees were researchers of universities, research 
institutes and non-government entities (Table 5.2). The results first present the views of 
the general state of IPS management that emerged from the interviews, then presents 
the emergent themes influencing successful IPS management in Vietnam’s NPs 
Management and implementation on IPS 
Interviewees from all levels emphasized that the current IPS management in NPs is ad 
hoc and not proactive. At the national level, MONRE’s programs focused on policy 
making, education and training workshops (N1). Meanwhile, MARD’s responses to IPS 
in NPs were considered poor and short-term focused with a few research projects on 
controlling invasive plants in NPs, rather than long-term programs for prevention (N2, 
N3). Removal of vines has been conducted annually in six national parks under the 
authority of MARD. However, this activity is under a forest restoration program of 
MARD rather than aiming to manage IPS (N3).  
At the provincial level, respondents reported that few activities were pursued. Activities 
are mainly building plans (P3), education (P3, P4, P5, P6, P7) or collecting data from 





DARD to report to MONRE (P3, P7). Lack of implementation in IPS management at 
the provincial level was also noted by an interviewee from the national level as well: 
“Mimosa pigra eradication (according to the decision of the Prime Minister on the 
control of M. pigra) was assigned to the PPCs and environmental protection agencies in 
the provinces. But it was not implemented much” (N4). Some respondents (R4, R5, N5) 
gave another example of Lantana camara, an IPS listed as a national non-native 
invasive species included in a Joint Circular 27 list, but that is still being grown and 
traded everywhere in Hanoi and other cities without any control. This is despite there 
being a decision to impose strict sanctions on trading and planting non-native invasive 
species in Article 43, Decision 155/2016-ND-CP. 
At the local level, poor implementation was also found in NPs. Eleven (out of 18) 
interviewees from NPs stated that their parks have not had any programs focused on 
IPS. The other seven noted they had conducted some programs on IPS such as 
eradication (NP10, NP11, NP12, NP14), education (NP16, NP17) or surveying IPS in 
the parks (NP12, NP13). Interviews indicated that most NPs in Vietnam have not set up 
detection and monitoring programs for IPS. Three interviewees from NPs spoke about 
lack of monitoring which resulted in the outbreaks of IPS. For example, one 
interviewee noted that, “Due to [a] lack of strict monitoring and control, there have 
been natural outbreaks and causing severe damage” (NP7). In contrast, monitoring 
combined with regular patrols by forest rangers in two of the NPs (NP11, NP12) were 
reported to have had positive results in detecting potential IPS. Some invasive species 
were detected and timely eradicated such as M.pigra, Operculina turpethum. However, 
because patrols are usually in certain specific areas, it is still difficult to detect new IPS 
in unpatrolled areas that are being invaded (NP11). Interviews revealed that while IPS 
eradication has been conducted in NPs that are seriously impacted by IPS, no efficient 
and effective method has been found to permanently eradicate IPS (16 respondents). 
The only method that has been adopted in most NPs is manual removal (N2, N3, NP10, 
NP18, R2).   





Despite the commonly noted difficulties, some NP representatives shared their 
experiences in how they succeeded in controlling IPS by collaborating with 
communities such as Youth Union (NP5, NP12), and community groups established by 
heads of villages (NP13) to effectively identify and eradicate IPS as soon as the first 
IPS individuals are detected (NP5, NP12). It was also noted that IPS such as M. pigra 
were controlled in this way without funding from the national level or PPCs. However, 
these activities have not been conducted systematically (NP12, NP13) due to the lack of 
mechanisms and incentives for community co-management in Vietnam (NP14).  
Themes influencing successful IPS management 
Many challenges on IPS management were raised and were categorized into four main 
topics representing thematic groups: legislation and regulation, responsibilities, 
collaboration, and local resources (Table 5.4).  The topics and associated themes are 
presented in turn. 
Table 5.4. Responses on institutional issues about IPS management in Vietnam National Parks 





Percentage  (%) 
n=39 
Legislation and regulation 21 54 
Insufficient and poor enforcement of legislation  19 49 
Time lag from legislation enactment to policy implementation 4 10 
Inappropriate legislation 5 13 
Responsibility 20 51 
Overlapping responsibilities 11 28 
Gaps in priorities for responsibility implementation 10 26 
Unclear responsibilities 11 28 
Collaboration 27 69 
Degree of interagency collaboration 24 62 
Variable support from the National level  10 26 
Limited resources to manage IPS at local levels 27 69 
The total of number respondents and percentage of the key topics can be smaller than the total of 
associated themes as a respondent may have provided more than one answer per topic 
 
  





Legislation and regulation 
a. Insufficient legislation and regulation 
Limitations in legislation from central government were commonly mentioned by 
interviewees at all institutional levels. Representatives at the national level stated that 
current legislation is insufficient and unsystematic, especially on environmental risk 
assessment of IPS (N1, N5). For example, an interviewee at the national level 
commented that, 
“Law on Biodiversity has only 5 articles (50-54) related to management activities but no 
specific articles on risk assessment. So there is no legal basis to build regulations on risk 
assessment...” (N1).  
 
Meanwhile, the lack of legislation on allocating human resources and monitoring IPS 
for lower institutional levels was stated by several representatives from the provincial 
levels (P3, P5, P6). For example, one interviewee noted there are responsibilities 
assigned to the provincial level (DONRE) on IPS management in a Joint Circular 
(No.50/2014), but there is no legislation enabling the allocation of resources (P5). 
Similarly, other interviewees noted that a monitoring methodology for biodiversity in 
general, and IPS in particular, has not been regulated and guided in any document (P5, 
P6).  As one provincial representative noted, 
“The Ministry does not have explicit regulation about a specialized division or staff on 
biodiversity...Methodology of biodiversity monitoring and control is not regulated and 
guided” (P6). 
 
As a result, “somewhere there are IPS but we have not monitored, so timely detection is 
very difficult” (P5). Interviewees considered that the lack of adequate legislation from 
the central government also leads to a weak legal system on IPS at the provincial level. 
One of the EPA staff explained that,  
“Based on that decision [Decision 1896/ND-CP of the Prime Minister on controlling and 
prevention of non-native invasive species in Vietnam], prevention plans were 
developed. But the plans did not prioritize any issues. Developing such plans does not 
have any specific enforcement capability. So, our proposed projects have not been 
properly considered...legal documents have not been issued sufficiently.” (P3). 





Similarly, interviewees from NPs stated that the current regulatory framework for IPS 
management is too general (NP4, NP5, NP7, NP8, NP10, NP15). There is lack of 
specific regulation for management such as for evaluating IPS (NP5, NP17), early 
detection and rapid response (NP7), risk assessment (NP7, NP11, NP15) and sanctions 
for specific behaviour (NP7). One NP representative gave an example of an IPS 
(Merremia boisiana) outbreak in the past few years caused by construction of 
infrastructure in his NP as evidence of a lack of IPS risk assessment regulations (NP15). 
 
An interviewee from an NGO expressed his opinion on the current legal framework:  
“Since law and sub-law documents are so poor with no sanctions, no 
good guide...Guidance provided in Joint Circular 27 is very general, there is no guidance 
on the process of import, isolation and eradication” (O1).  
 
b. Time lag from legislation enactment to policy implementation  
Interviewees from national (N5), provincial (P3, P4) and local (NP11) levels also 
mentioned that time lags related to the development and implementation of legislation 
significantly influenced effectiveness of IPS management. Some interviewees gave 
examples of the biodiversity law (P4, NP11). The law was enacted in 2008; however, it 
was not until two years later in 2010 that the decree was issued. Some circulars on 
biodiversity were issued in 2016. Furthermore, problems are not only caused by the 
long time taken to issue new sub-law documents, revising shortcomings of the law also 
takes several years (N5). Therefore, it is very difficult for provinces to implement laws 
at the local level. For example, 
 “Sometime we want to guide contents but must wait for directive circulars... Local 
implementation is based on the national guiding documents” (P3).  
 
c. Inappropriate legislation 
Shortcomings of legal documents were also mentioned from national to local levels, 
particularly about management of specific-use forests (N2, N3, R4, P3, P11). Rigid 
regulation in the specific-use forests prohibit any activities within the strict protection 
zones and cause difficulties and delay for activities focussed on the eradication of IPS 





(NP3, NP11, NP10, NP14, P15). A national park representative provided the following 
example, 
“Decree 117, 186 do not allow any actions on the strict protection zone. Any action must 
be reported and submitted to the Ministry. This is very time consuming and results in 
delaying control of invasive species” (NP11). 
 
Representatives from MARD (N2, N3) also acknowledged that this is a limitation in 
IPS management in NPs.  
“There were some proposals sent to MARD to ask for the funds to eradicate invasive 
species. But after several meetings, it was rejected due to being classified into special-use 
forests which is prohibited to have any exploitation” (N2). 
 
Responsibility 
a. Overlapping responsibilities 
One of the problems of the current legal framework on IPS mentioned by 11 
interviewees was overlaps in responsibilities within levels. In the central government, 
interviewees emphasised overlaps of responsibilities between MARD and MONRE on 
IPS. The overlap lies in that both MARD and MONRE have roles in biodiversity 
conservation and IPS management but implement their roles under different laws, as 
was noted by a representative from MARD (N3). The respective laws overlap but 
define IPS differently, causing conflicts in management of IPS (a representative from 
MONRE- N1). For example, Law of biodiversity defined invasive species are 
introduced species which are potential to pose negative impacts on environment. 
Meanwhile, Law of plant protection and Law of forests defined it is weed/pest which 
causing impacts on crops/ forest. As  the result, the first list of invasive species 
(Circular 22/2011) devised by MONRE in 2011 became a controversial topic soon as it 
was released (N5, R1, R4). The list included some introduced invasive species which 
were widespread in many other countries and causing impacts on the environment. 
However, those species were disputed by MARD as in MARD’s view this species did 
not threaten to the agriculture, in contrast they were considered as herbal resources (e.g. 
Cinchona pubescens) or widely cultivated for agricultural purposes (e.g. Psidium 





guyava). Consequently, Circular 22 was quickly replaced by a new circular (Joint 
Circular 27/2013) as a collaboration between MONRE and MARD. 
 
b. Gaps in responsibility priorities for IPS management 
Gaps in IPS management were indicated by the debate surrounding why native invasive 
species are not on the list of invasive plant species (Circular 27/2013). Some 
interviewees (R5, R6, NP11, NP13, NP15) stated that many native species have been 
spread in NPs such as native invasive vines, Merremia spp., and potentially pose risks 
similar to non-native invasive plants and should be fully considered by including them 
in the list. Some others argued that the list is for non-native invasive species, so native 
invasive species should not be included (N1, R3, R4, O1). Therefore, many native 
invasive species were removed from the list. To explain this gap in management, one 
interviewee from the national level (N5), and one from a non-government entity (O1) 
argued that native invasive plant management was not the responsibility of MONRE, as 
MONRE was focussed on the Convention of Biological biodiversity (CBD), which only 
focused on non-native invasive species. Meanwhile, in MARD, IPS management has 
not been given significant attention as IPS is considered a small part of forest protection 
(N2) or pest control in agriculture. 
“There is no research for IPS, only focusing on some rare species... the IPS is just a part 
in management protection in our legal mandate. It has but not much” (N2). 
 “We only assess on the aspect of pests and diseases. It means if this plant species is 
cultivated which pests and diseases can harm it” (P8).   
 
A representative from MARD also highlighted the different scopes in IPS management 
which resulted in gaps in risk assessment.  
 “The risk assessment of invasive plants is only a small part of the procedure because our 
goal, or the plant protection manager’s role, is not to prevent the invasion risk from the 
beginning to the end but to assess the risk of becoming a plant pest or a threat to plant 
quarantine... MONRE said that if only like that they are disadvantaged because it is not 
full, one-sided. Yes, because we cannot jump to the other playground, we have to follow 
our axis” (N5).  
 





Some interviewees also stated that IPS management is not the concern of MARD as 
MARD is only concerned about pests in agriculture, therefore, IPS, especially native 
invasive plants in NPs is often overlooked (R1, R4, P8).  
“The Ministry of Agriculture and Rural Development just consider non-native invasive 
species as weeds or harmful insects. They do not think broader about the invasive issue” 
(R1). 
 
c. Unclear responsibilities  
Interviews with provincial level representatives revealed that the unclear 
responsibilities for IPS management was due to the confused mandates between 
DONRE and DARD, and led them to shift blame and responsibility to each other in 
some provinces. Representatives from DONRE (P3, P4, P5, P6, P7) stated that they 
generally have not implemented any IPS management in national parks since all 
responsibilities and data resources on biodiversity conservation belong to DARD (P3, 
P4, P5, P7). Also, “eradicating IPS are mainly for DARD as they have specific 
solutions” (P3). It was considered by DONRE representatives that responsibilities for 
biodiversity and IPS management should be switched to DARD, and that DONRE 
should only focus their responsibilities on environmental protection issues (P3, P4, P5, 
P6, P7). A provincial representative commented that, 
“The problem of biodiversity management just was passed to us.... forest biodiversity 
management is currently managed by DARD, so let DARD manage [it]” (P3).  
 
Meanwhile, a DARD representative argued that DARD is only managing the 
agriculture-forestry sector in the province. They are of the opinion that the governing 
body on IPS management is DONRE, while DARD only implements under DONRE’s 
plans (P2).  
 
At the local level, responsibilities are also unclear for staff at national parks. Some NP 
staff acknowledged that there were no official tasks on IPS assigned for them (NP8, 
NP12, NP17), or tasks were mentioned generally in regulations for forest protection 
(NP11). One researcher (R6) also agreed that as responsibilities on IPS were not 





clarified for NP staff, there would be no incentive for them to allocate time or effort to 
IPS monitoring or management.  
“It is true that if there is no legal document regulating their specific responsibilities, they 
will not do it” (R6). 
 
Degree of collaboration 
At the National level, MONRE and MARD, the main bodies responsible for IPS, were 
seen as operating in silos with a lack of connection (N1, N2, R1, and O1). Sharing 
information between the two ministries was “not only weak but very weak” (MARD 
representative, N2). Respondents from both MONRE and MARD mentioned that the 
different mandates and priorities between MONRE and MARD restricted the 
collaboration at the national level (N1, N2, N5). Interviewees from the research sector 
(R1) and an NGO (O1) also mentioned the limitations in collaboration between MARD 
and MONRE on IPS management. 
“Two Ministries cannot cooperate together...Information is not exchanged, how to 
cooperate?” (O1). 
At the provincial level, the cooperation of DARD and DONRE seemed more positive. 
Five of eight interviewees from the provincial level said that they had good interagency 
cooperation. For example, it was noted that DARD supported DONRE in providing 
information and education. “The coordination is very good. If we ask them to provide 
information, they will do it”, one representative of DONRE stated (P7). However, they 
are in different ministries so the process in cooperation sometimes was inflexible and 
took time to collect data “They coordinate but not as directly as their management 
units. They send back any request for information but take more time” (P7). 
 
The vertical interaction from the national level to lower levels was stated as being very 
limited. Representatives from provinces and NPs stated a need for more financial 
support and information on identification and control measures to manage IPS. It was 
considered that there is very limited support and information from the national level to 
the provincial and local NP level (P2, P6, NP3, NP5, NP10, NP12, NP14, R6). The 





cooperation was seen as better between provincial departments and NPs. Some 
interviewees commented that DONRE often cooperated with NPs in annual education 
or training courses. NPs also invited DONRE whenever they celebrate related activities 
(P7). From NPs view, they also stated about its positive relationship with provincial 
departments: “We tie closely with the DARD and DONRE...”  NP12. 
Lack of local resources  
Along with collaboration issues, lack of resources at the local level was one of the most 
common challenges raised by interviewees (27 (69%) respondents). The reasons given 
included that all fiscal responsibilities are passed to PPCs. One representative from the 
national level stated that “Ministries do not fund for local [IPS] eradication, but funding 
is mainly from the provincial budget” (N1). Therefore, activities on IPS vary 
significantly between provinces due to their varying budgets (N1). For example, while 
in some provinces, PPCs are concerned about IPS and allocated funding to NPs for 
invasive species control and monitoring (NP10, NP12), NPs in other provinces rarely 
got any support from PPCs (NP2, NP3, NP11). The main reason given was that “the 
province is poor” (P3, NP3) so they must prioritize for other economic development. 
“It is because the province recognizes that many more serious issues, environmental 
issues, other related issues which need to be funded first..., they have to develop economy 
... all provinces want to prioritize resources for economic development which must to 
deforest. So, if the national government do not protect NPs, provinces, for their economic 
purposes, will encroach forest land for socioeconomic development” (P3). 
 
Some DONRE staff commented that even though they proposed IPS management 
actions over many years to receive funding from PPCs, the proposals were not yet 
approved because there is no budget for implementation at the provincial level (P3, P5). 
Due to limited budgets, most provinces have to minimize the number of staff in 
agencies under the province’s authorities. All interviewed representatives of DONRE 
(P3, P4, P5, P6, P7) mentioned inadequate staff, which made it difficult for them to 
implement IPS management. As an example one DONRE representative stated, 





“The biggest difficulty is no apparatus. Law assigns for DONRE. The agency structure 
has four specialized divisions but allocated for more important contents.... There is only a 
staff who in charge of many tasks including IPS, no specialization” (P4). 
 
Furthermore, it was stated that most of the DONRE staff have no background in 
biodiversity conservation and IPS management, 
“No one specializes in biodiversity here. They are mainly from environmental science, 
engineering or management” (P7). 
 
As a result, there was a view that there were no staff with the specialist skills needed to 
effectively monitor or investigate IPS and facilitate IPS programs at the provincial level 
(P4, P7).  
 
In national parks, there is also no regulation about staff assigned for biodiversity in 
general and IPS in particular. IPS management in Vietnam’s NPs is currently integrated 
into the activities of the Department of Science and International Affairs. Twelve out of 
the 18 interviewees from NPs stated that there was no specific division and staff 
focussed on IPS in their parks. “There are no staff who are in charge of IPS. IPS is only 
combined with other tasks they must do” (NP10). Most staff in NPs served in 
silviculture rather than conservation (NP12). Despite the lack of staff and a recognised 
need for more staff, NPs cannot self-control the number of staff as “Staff in the park is 
authorized by the province [PPCs]” (P10).  
Discussion 
The study found that current IPS management in Vietnam faces significant institutional 
challenges including insufficient and inappropriate legislation, overlapping and unclear 
responsibilities, limited cooperation and limited financial and human resources. Given 
the importance of understanding the institutional context, this section analyses those 
challenges in the context of vertical and horizontal dimensions at different levels to 
provide insights into how institutional arrangements are influencing implementation in 
IPS management in Vietnam NPs. 





Legislation and regulation 
Legislation plays an important role in enabling prevention, detection and management 
of IPS (Shine et al., 2000). It is the tool to lay the groundwork for decision making and 
to set up conditions for implementation. However, results from the interviews found 
that the current legislation and regulation on IPS management were insufficient and 
inappropriate. As one of parties of The Convention on Biological Diversity (CBD) 
since 1998, Vietnam has set up national strategies and legislation to implement the 
commitment with CBD on prevent and control of invasive species. To implement the 
commitment with CBD, tasks on preventing and controling IPS including investigating, 
monitoring, and carrying out strategies were identified in the National Stragies on 
Biodiversity in 2010 and in 2020, National Master Scheme, as well as in the Law on 
Biodiversity. However, most of the representatives of the provinces and NPs stated that 
they had no strategies and actions to prevent and control IPS. 
 
These limitations in legislation and regulation for IPS management reflect the 
characteristics of legislation more generally in Vietnam which is vague and lacks clear 
guidelines for the interpretation of laws (Bui, 2011) as interviewess stated about unclear 
regulations in Law on Biodiversity on risk assessment of invasive species. In addition, 
“the law making process which is long, tedious and subject to many concessions often 
waters down the potency of the original intentions” (Ortmann, 2017, p.81) also 
mentioned as disadvantages in implementation of Law on Biodiversity 2008 . 
Consequently, law is not associated with enforceability (Bui, 2011), and policy 
implementation often fails in Vietnam (Ortmann, 2017). The poor implementation in 
IPS prevention and control for most of the provinces and NPs apparent in the 
interviewees comments appear to align with common instances for the failure of policy 
implementation due to weak legislation in Vietnam. The inadequate and unenforced 
legislation is also documented as one of the main factors for failure of environmental 
policy implementation in many other countries (Siegel, 2013; Alshuwaikhat et al., 
2007; Soloviy & Cubbage, 2007). 
 





Furthermore, the current legislation for IPS management in Vietnam also demonstrates 
a strong central political and sectoral power in decision-making and resource allocation. 
The implementation at lower levels (provinces and NPs) is very poor and reactive since 
all activities must depend on national institutional guidelines. In addition, the legislation 
includes restrictions on rights of NPs in making decisions that reflects a lack of a 
bottom-up mechanism. That is, for all activities on IPS eradication, NP managers must 
inform the appropriate regulatory body, such as the DARD or MARD to get approval 
before applying any control measures. If the upper level (PPCs and MARD) do not 
prioritize IPS management, no activities would be approved. This results in slow 
responses of some NPs to the spread of native invasive species and failure in current 
management of IPS. The reliance on upper level decision-making power on biodiversity 
conservation in Vietnam also has been documented in previous studies (KimDung et al., 
2016; PARC, 2006; Zingerli, 2005; ICEM, 2003). 
Responsibility 
Overlapping responsibilities for IPS management between MONRE and MARD 
demonstrates a typical problem in horizontal dimension (Matheson, 2000). Issues of 
responsibilities on IPS management may derive from legislation not clearly defining 
consistent legal mandates and objectives for sectors (Ho et al., 2014). For the case of 
IPS management, responsibilities in NPs are aligned with both biodiversity 
conservation of MONRE and forest protection of MARD. However, lack of clarifying 
specific responsibilities between the two agencies results in each agency shifting 
responsibilities to the other (Ho et al., 2014), as seen at the provincial level. This results 
in inconsistent actions (Jordana & Sancho, 2004) due to no specific and consistent 
responsibilities at the local level.  
 
Unclear mandates on IPS management in Vietnam can be partly explained by the 
influence of overlapping international treaties (for example: CBD, IPPC) (Lopian, 
2005; MacLeod et al., 2010; Secretariat of the Convention on Biological Diversity, 
2001). MONRE’s focus on the CBD means it has responsibilities to prevent impacts of 





non-native invasive species on biodiversity. MARD, with the responsibility for IPPC 
implementation in Vietnam, focuses their scope on pests (including invasive species) 
that pose risks for plant and plant products. This leads to the overlap where both 
Ministries cover invasive species that are injurious to plants. However, the scope of 
these two conventions are different. The CBD aims to conserve biological diversity in 
the specific case of non-native invasive species. The IPPC, on the other hand, seeks to 
protect only agricultural or horticultural plants and therefore focusses on agricultural 
areas (Lopian, 2005) and often limit its priorities to natural areas (Secretariat of the 
Convention on Biological Diversity, 2001). As a result, gaps in management of native 
invasive species in natural areas and risk assessment of environmental invasive plants 
were found in IPS management in Vietnam. Overlaps and gaps in management are 
common in some other countries as CBD is often administered by environmental 
authorities while IPPC is under agricultural bodies (Lopian, 2005).  
 
Responsibility gaps and overlaps could reflect an inefficient institutional design 
(Jordana & Sancho, 2004) with power and responsibilities not efficiently distributed. 
Although in charge of IPS management for the whole country including NPs, MONRE 
and its subordinates (DONRE) have little or no power in NP management. 
Consequently, most of the DONRE interviewees stated the IPS responsibility was better 
under the authority of DARD, as DARD has all the power and expertise on IPS 
management. However, DARD has a primary focus on agricultural pests rather than IPS 
in NPs. This could be an example of inappropriate design of institutional arrangements.   
Collaboration 
Given the complexity of IPS management, inter-agency collaboration is crucial to deal 
with this multi-dimensional issue. However, the interview results showed that agencies 
tended to operate in silos, and evidence of horizontal dimension in IPS management in 
Vietnam NPs were limited. Especially at the national level, cooperation was stated as 
being very limited which may derive from a lack of vertical pressure which can help 
improve coordination between ministries (Fiona et al., 2012).  





Lack of an overarching local body and clear formal agreements at the national level to 
coordinate across ministries (Jacob & Volkery, 2004) results in poor cooperation and 
reduces mutual trust between actors at the same level (Ho et al., 2014). Although IPS 
management is directly relevant to both MONRE and MARD, there is no body on IPS 
which can connect both sectors together. This is exemplified by representatives of both 
MONRE and MARD who commented that the different views and objectives reduced 
trust and communication between these two agencies. Consequently, sharing 
information and cooperation between the two ministries were stated as being weak. The 
cooperation became ‘stuck’ as collaboration in horizontal dimension needs to be solved 
through negotiation as agencies have similar power (Matheson, 2000). Lack of links 
between actors in vertical dimension (Wallace, 2009) means horizontal cooperation is 
often buried under intergovernmental conflicts (Jacob & Volkery, 2004), and is unlikely 
to achieve sustained positive results (Fiona et al., 2012).  
 
Ideally, establishment of a National council which includes key representatives from 
key organisations associated with IPS management could improve institutional 
collaboration (Wallace, 2009). This model has been successfully established in other 
countries such as National Invasive Species Council  in the United States (Lodge et al., 
2006), and the Cooperative Research Centre for Weed Management in Australia 
(Lougheed, 2007).  A national IPS council for Vietnam would include representatives 
from MONRE, MARD and other related Ministries such as Ministry of Customs, 
Ministry of Sport and Culture, Ministry of Finance that could strengthen lines of 
communication and cooperation between the various bodies in working together for 
objectives of IPS management. Furthermore, the participation of researchers, 
stakeholders, NGOs as an advisory committee is the best mechanism to engage the 
involvement of society in management and assure pluralism in decision making. Using 
agreements (Cooperative Agreements, Interagency Agreements, and General 
Agreements (MoU)) is another approach to formalize collaborative relationships 
between government authorities or between government authorities with non-
government entities (Otts, 2016). 
 





While cooperation at the national level was hindered by lack of a coordinating body, the 
strongly siloed responsibilities impeded collaboration at the provincial level. Ministries 
have legally defined responsibilities and associated areas of expertise and thus operate 
as separate ‘silos’ with limited ability to effectively manage cross-sectoral policy issues 
(Christensen et al., 2015). This is clearly seen in MONRE and MARD as they are 
operating under their own laws (MONRE has the Law on Biodiversity, MARD has the 
Law on Forest and Law on Plant Protection), and operational processes are not able to 
make cross-cutting actions. While representatives from the lower provincial level 
mentioned that DONRE and DARD had good relationships, their cooperation was still 
reported as limited and inflexible. This was because the different operational processes 
from the national level ministries (MONRE and MARD) have great influence on 
implementation and cooperation of their subordinates (DONRE and DARD). This 
barrier in cooperation between DONRE and DARD exemplifies for the influences of  
sectoral responsibilities and the interventionist orientation of higher level actors on the 
horizontal collaboration at the lower level (Christensen et al., 2015). 
Local resources  
The results highlight that a lack of fiscal and human resources is one of the most 
common challenges for IPS management at provincial and local levels in Vietnam. This 
can be explained by national level actors shifting all IPS management responsibilities to 
lower levels who in turn do not have enough resources or capacity to implement 
effective management. As a result, IPS management varies among provinces and can be 
overlooked in many provinces, especially in poor provinces. Notably, most NPs in 
Vietnam are located in areas of high poverty meaning resources are scarce and other 
needs take priority ( National Environment Protection Agency, 2005; ICEM, 2003). 
Consequently, funding allocation for IPS management in NPs is scanty and often given 
lower priority than economic development activities. Few resources at the local level 
were allocated to IPS management and this is further exacerbated by the lack of 
coordinated support of the central government in natural resources management in 
Vietnam. This was also pointed out in many studies about NP management in Vietnam 





(de Wit, 2007; Fritzen, 2006; Vo, 2005; Zingerli, 2005; ICEM, 2003). Lack of support 
and control from the national level may lead to a situation where decisions made by 
PPCs are politically motivated and are responses to short-term socioeconomic 
development objectives instead of national-level biodiversity conservation needs (De 
Queiroz et al., 2013). When NP management decision making by local level actors is 
dominated by short term economic priorities, more disturbances will be created in NPs 
(e.g. eco-tourism, construction), thereby, increasing the risks of IPS invading NPs 
(Jauni & Ramula, 2017; Kleinschroth & Healey, 2017; Lozon & MacIsaac, 1997). 
Issues in invasive plant species management in protected areas in Vietnam were 
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With a view to identifying challenges for IPS management in NPs of Vietnam, and to 
seek explanations based on the framework of institutional theory, in-depth interviews 
were conducted with state (at different levels) and non-state entities. The results found 
that IPS management in Vietnam was poor with limited implementation at the 
provincial and local levels. The limitations in IPS management are derived from the 
gaps and overlaps in institutional arrangements. The inappropriateness of legislation, in 
which space for making decisions at a local level (NPs) is restricted, reflects the lack of 
a bottom-up mechanism. In contrast, the lack of guiding regulations and local resources 
revealed the limited national level support for implementation at the lower levels. 
Consequently, poor implementation for IPS management was recorded in most of 
Vietnam’s provinces and NPs. Meanwhile, challenges in responsibilities and 
cooperation demonstrated the limitations of the horizontal dimension between actors.  
 
The overlap and gaps in mandates between MONRE (the leading sector in non-native 
invasive species management) and MARD (the responsible sector for forest 
management) reflect inherit issues in the horizontal axis with the involvement of many 
participants. This derives from the weakness in institutional arrangement design, and in 
clarifying mandates in the legislative institutions. This results in shifting or unclear 
responsibilities at the lower level. Lack of coordinated oversight at the national level, as 
well as strongly siloed responsibilities, decreased mutual trust and limited collaboration 
between lower level actors in the horizontal axis. 
 
Understanding those interactions is necessary for Vietnam to reconsider the 
organizational structure of IPS management in NPs, and to resolve existing problems in 
order to improve policy outputs and outcomes. Young (2006) and Green et al. (2014) 
indicated that effective institutional relationships need a balance of bottom-up and top-
down elements. Thus, along with enhancing the institutional framework by clarifying 
responsibilities, enhancing top-down coordinated management from a central point such 
as national overarching body may help to reduce overlap in responsibilities, gaps in 





management and create essential links to support and facilitate horizontal dimension 
and collaborations on the ground (Wallace, 2009).  
 
In terms of vertical dimension limitations, increased flexible governance with 
participation of actors outside the state institutions in the horizontal axis (Eckerberg & 
Joas, 2004; Hooghe & Marks, 2003) is a way to mobilize the human and financial 
resources from the community, and to help reduce pressure on local government 
resources for IPS management and to enhance bottom-up mechanisms of management.  
 
Through analysis of the horizontal and vertical dimensions, this chapter highlights how 
institutional arrangements influence the implementation of IPS management in 
Vietnam’s NPs. Greater attention to vertical and horizontal dimensions and associated 
dynamics can help enhance the institutional framework appropriately to ensure 
responsibilities and resources are effectively allocated and collaboration is improved for 
IPS management in the future. 
 
  





Chapter 6. General discussion 
Prompted by the need to prevent and control the potentially immense impact of invasive 
plant species (IPS) in the absence of a detailed understanding of their distribution and 
impacts, this PhD study used multidisciplinary approaches to explore risks, impacts and 
management of IPS in Vietnam. Key outcomes of this research were the potential for 
IPS to spread and impact on forest restoration, and the considerable limitations to 
manage risks and impacts of IPS at all levels due to different institutional constraints in 
Vietnam. In this chapter, these findings are discussed further in relation to management 
of IPS at different scales and the need for further research. 
Coarse scale management of invasive plant species  
Good understanding of invasion mechanisms as well as the social and political 
perspectives of stakeholders on IPS can provide scientific evidence for successful IPS 
management (Hulme, 2006; Kueffer, 2013). However, invasion science in Southeast 
(SE) Asia is not only understudied but invasive aquatic animals have received 
precedence over invasive terrestrial plants in scientific studies (Chapter 2). 
Furthermore, published studies are unequally distributed in SE Asia with fewer 
publications in Vietnam than in Indonesia, Malaysia and Singapore. Comprehensive 
understanding of invasion mechanisms is lacking for many IPS, and there are clear 
knowledge gaps on the distribution, impacts and control options to deal with IPS in SE 
Asia. Limited scientific evidence may lead to insufficient legislation and guidance for 
IPS management implementation, and ineffective control methods to eradicate and 
mitigate impacts of IPS, as shown for Vietnam in Chapter 5. As a result, IPS are often 
poorly managed with a lack of proactive invasion strategies in Vietnam as well as other 
nations in SE Asia (Early et al., 2016). 
Knowledge of invasion mechanism need to be advanced so as to provide essential 
background to prevent or manage IPS in SE Asia. Knowledge of the probability of an 
IPS establishing and its impacts can provide useful information to support policy-





making on IPS prevention (Hulm, 2006). In this regard, the modelled distributions of 14 
invasive plant species across Vietnam and SE Asia in Chapter 3 provide an overall 
estimate of the risks of IPS in Vietnam. The findings indicated that large areas of 
Vietnam are vulnerable to invasion, in particular the north of Vietnam which has a long 
border (ca. 1,280 km) with China. Also, the study found that climate is a driving factor 
determining the distribution of species. Furthermore, climate change may alter the 
distribution of invasive species and increase their extent and impacts in the future 
(Bradley et al., 2010; Hellmann et al., 2008; Webber et al., 2014). Understanding which 
areas are vulnerable and which environmental factors amplify risk should assist 
governments in setting up strategies to increase and improve quarantine measures and 
risk assessment, and develop management options under various climate change 
scenarios to minimise pathways for invasion into vulnerable areas.  
 
Also, risk maps of invasive species can help to maintain up-to-date national invasive 
species lists and increase the accuracy of lists by informing the probability of extent of 
invasion by each species (McGeoch et al., 2011). Information about the biogeographic 
distribution of species, such as that gained in this thesis, are important inputs for 
evaluating risk assessment. This type of information has been used in weed risk 
assessment in many jurisdictions, such as in Australia (Pheloung et al., 1999), a number 
of Pacific islands (Daehler et al., 2004) and the US (USDA, 2016). Furthermore, 
knowledge of the distribution of plant species can help to prioritize invasive species for 
further research and management consideration. Where possible, the impacts of priority 
invasive species should be assessed (Chapter 4) to raise awareness about the 
consequences of invasive species (García-Llorente et al., 2008; Bardsley & Edwards-
Jones, 2006), and to help governments prioritize control efforts on species most likely 
to have the greatest impacts (Kumschick et al., 2012). An updated list of invasive 
species with more certainty around risks of invasion and of impacts would provide a 
more precise guide for early warning, prevention and control measures (Wittenberg & 
Cock, 2005), as well as assisting the implementation of legislation (Shine et al., 2005). 
 





Although a large part of SE Asia, including Vietnam, is vulnerable to invasion (Chapter 
3), and impacts of invasive species can deter national efforts on biodiversity 
conservation and restoration (Chapter 4), national responses to invasion are still limited 
and reactive (Chapter 5). These findings support the work of Early et al. (2016) on the 
current state of invasive species risk and management in developing countries. To 
effectively manage risk and impacts of invasion, a top-down approach at the coarse 
scale with strong institutional support (Epanchin-Niell et al., 2010) is important to 
prevent the establishment of new IPS, to prioritize management efforts on existing IPS 
(Papeş et al., 2011) and to encourage cooperation and effective resource allocation 
(Hershdorfer et al., 2007; Lubell et al., 2002). The risk maps from Chapter 3 highlight 
that IPS is a trans-border issue, emphasizing the vision and cooperation that is needed at 
high levels between countries. However, Chapter 5 showed that poor national responses 
to IPS in Vietnam reflect insufficient top-down support. Legislation is inadequate and 
inappropriate for guiding the implementation of IPS management. Furthermore, a lack 
of clarification of responsibilities has led to an overlap of responsibilities between 
agencies. Consequently, IPS management in Vietnam is not only disorganized with no 
long-term strategy but there is an overlap of responsibilities and poor cooperation 
between agencies (Chapter 5). An understanding of the current weak institutional 
arrangements for IPS management can help recommend institutional changes to 
improve decision making and ensure resources and policies are appropriately and 
efficiently allocated (Ho et al., 2014; Matheson, 2000) to manage risks and impacts of 
IPS. 
 
Also, gaps in native invasive plant species management in natural areas (Chapter 5) 
should be of concern, as the predictions of invasibility (Chapter 3) and results from the 
field experiment (Chapter 4) revealed that native invasive plants may pose risks and 
impacts to the resident community. The interviews with national park (NP) staff 
(Chapter 5) also indicated that many invasive native species have become a nuisance 
and are spreading within NPs. Other studies have also argued that native species can 
become invasive after being established in a conducive habitat, with equivalent risks as 





non-native species (Richardson et al., 2000; Thompson, 2000) and their impacts may 
not necessarily be different (Hulme, 2003; Valéry et al., 2013). Therefore, management 
of species should not be based on the biogeographic origin of nuisance species (Davis et 
al., 2011; Kull et al., 2014). Rather, the focus should be directed by their ecology and 
potential for causing damage (Warren, 2007). Otherwise, uncertainty from the 
native/non-native concept of invasive species may deflect policy interpretation 
(Schüttler, 2009) and cause failure in invasive species management (Schullery & 
Whittlesey, 2001).  
 
Fine scale management of invasive plant species 
This thesis also assessed aspects of invasion mechanisms and management of IPS at the 
fine scale, with a focus on NPs. With a core role in conservation and forest restoration, 
the management of NPs has been prioritized in Vietnam (PARC, 2006). However, the 
risk maps indicated that IPS can spread across large areas (Chapter 3), and some of 
them already have spread into NPs (Chapter 5) and are threatening the core role of NPs. 
This was highlighted in Chapter 4 where removal of an invasive grass enhanced early 
forest restoration. Given the impacts that IPS may pose to NPs, IPS management 
remains an important and on-going issue and should be prioritized and mainstreamed in 
all aspects of NP management (Foxcroft et al., 2013a, b). 
 
However, most of the NP staff who were interviewed revealed that their NPs have not 
undertaken any measures to address IPS (Chapter 5). Furthermore, IPS management is 
not included in the annual planning of NPs and regular monitoring is not conducted for 
the early detection of IPS. In a few NPs where IPS had spread, some control programs 
were implemented with variable success. Lack of top-down support with legislation and 
regulation guidelines, combined with limited resources have led to poor implementation 
of IPS management at the NP level. In addition, the lack of bottom-up mechanisms 
limits the power of NPs to make decisions on the timely eradication of IPS at the local 
level. In order to achieve effective long-term IPS prevention and control, an 





increasingly active role of NPs at the bottom-up level is needed (Foxcroft et al., 2013a). 
This needs to be integrated with strong top-down support that establishes enforceable 
regulations and commits significant financial resources for the implementation of on-
ground activities to ensure effective long-term IPS prevention and control (Hershdorfer 
et al., 2007). Lack of studies in delivering robust control measures which adequately 
address IPS issues at all stages of the invasion process (Chapter 2) may also limit NPs 
in providing effective responses to IPS.  
 
By identifying risks and impacts, this thesis provides some information that may 
support NPs in being more proactive in IPS management. Risk maps in Chapter 3 are 
based on species listed on the national invasive species list. Due to diversity in climate 
and biodiversity ecosystems (MONRE, 2013), some species on the national list may be 
invasive in some regions, but not in others. The maps of habitat suitability created for 
individual species can help NPs identify which species may match with the habitats of 
their NPs, thereby making a tailored list of invasive species for prioritized management. 
Foxcroft et al. (2013a) highlighted the importance of such lists of priority species at the 
level of individual NPs to achieve successful long-term management. From the list of 
invasive species with high priority for management locally, NPs can develop annual 
strategies for prevention by increasing staff awareness, and educating surrounding 
communities and tourists in preventing the introduction of potential IPS into NPs 
(Genovesi & Monaco, 2013). Also, species distribution models suggest which 
environmental factors may facilitate invasion. This information can support NPs in 
delineating areas for monitoring and identifying management options for different 
species. For example, for species that are suppressed by forest cover such as 
Chromolaena odorata, Cenchris echinatus and Lantana camara (Chapter 3) monitoring 
should focus on open areas, and restoration of dense forest may help to control those 
species. Meanwhile, for species with high shade tolerance that are less impacted by 
disturbance, such as Microstegium ciliatum (Chapter 4), more attention should be 
directed to invasion within closed forests. Therefore, by understanding the response of 





species to environmental factors, early detection and specific management decisions 
can be made as soon as the first establishment of an invasive species is evident.  
 
Moreover, understanding invasion risks of IPS in the NP setting can help NPs become 
aware of spread in surrounding areas and motivate collaboration with related authorities 
beyond NPs or with other NPs to create networks for learning and sharing experiences 
on IPS prevention and management (Genovesi & Monaco, 2013). For those NPs where 
IPS have already invaded, determining and accurately quantifying impacts (Chapter 4) 
would help NP staff to prioritize resources for the most important conservation goals of 
NPs. 
Recommendations for further research 
Although IPS management requires comprehensive management at different levels, 
there is still limited awareness and little research about IPS in Vietnam. To achieve 
sustainable management, further research is needed to provide evidence of the extent 
and hazards of IPS, and to alert the attention of managers and the public (Courchamp et 
al., 2017). Further research that can support proactive IPS management at different 
scales are proposed below. 
• The risk models in Chapter 3 should be applied to a larger range of species 
including both native and non-native invasive species so as to develop a 
complete picture of the risk of IPS in Vietnam. Results of these studies will 
enrich the risk assessment database for potential invasive species. The more 
species that are assessed, the greater the chance for Vietnam to prevent and 
eradicate IPS with less cost, and to reduce the prevalence of reactive 
management.  
• The prediction of current species distributions found that the distribution of 
species is strongly driven by climate. This suggests that changes in climate may 
have a large influence on species distribution. Projecting models under the 
effects of future climate scenarios would be helpful to understand how IPS may 





behave under climate change, thereby allowing appropriate strategies to be 
developed to deal with them in advance.  
• Given that plant invasion is context dependent, generalizations made from 
predictions of coarse scale distributions may not be sufficient to direct 
management at the fine scale. Application of remote sensing for habitat 
suitability modelling at the fine scale will support NPs to more effectively detect 
and manage IPS.  
• Lack of studies on the impacts of IPS may hinder the awareness of the public 
and managers on the consequences of invasion, and priorities for management 
may not be made. Therefore, more impact assessment of different invasive 
species on the environment and economy should be conducted to increase 
awareness and secure political and public support on invasive species 
eradication.  
• Impacts of IPS indicated that control efforts should be made for restoration and 
biodiversity conservation outcomes. To control IPS, staff in NPs require well-
defined tools for managing and eradicating IPS. There is a need to evaluate 
options for the control of IPS and to develop local protocols for their 
implementation. In many cases this will require greater understanding of the 
biology of IPS in Vietnam. 
• There is need for institutional change to improve the role of government in top-
down support, and to promote engagement at the local level in decision making 
for IPS management. Further research into social and political sciences in this 
field are required to identify avenues for change that would be acceptable to 
governments. 
Summing-up, effective management will not be achieved if the public and other 
stakeholders are not well informed and aware of the risks and threats of IPS. Therefore, 
in addition to recommendations for supporting managers in decision making, 
approaches to increase awareness of IPS across all stakeholder groups should also be 





conducted to create changes in management and to reduce knowledge gaps through 
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Appendix A. Chapter 3 supplementary material  
Appendix A.1. Species specific variable importance & response curves 
 
Variable importance of each variable among model sets was shown in Table 1 and 
mean variable importance of lifeforms and origin for COMB models in Table 2. 
Variable importance was estimated by permutation and quantified as the % reduction in 
model performance that occurred when a given variable was randomly permuted. CLIM 
includes only bioclimatic predictors; RS includes only remote-sensing predictors; 
COMB includes variables in CLIM and RS. 
 
Marginal response curves are plotted for all variables with the importance above 5.0 for 
each species in COMB models. The orange curve in each plot is average response curve 






Species* Ac Ce Ec Mc Ph Co Lc Ll Md Mp Bt Mb Mm Pm Mean SD 
CLIM                 
Annual Mean Temperature 10.02 20.61 9.18 28.25 12.43 2.66 8.18 1.65 27.27 52.09 11.74 0 0.83 0.86 13.27 14.57 
Mean Diurnal Range 12.97 29.46 26.31 2.87 53.54 27.21 26.34 49.29 13.44 47.91 0 81.46 55.75 28.18 32.48 22.02 
Isothermality 15.88 1.21 36.39 25.81 13.54 10.88 14.66 19.32 0.86 0 0.06 7.77 4.99 23.07 12.46 10.98 
Annual precipitation 5.67 21.09 12.02 0.32 0.99 4.81 13.25 6.03 0 0 52.17 8.76 0.56 1.19 9.06 13.86 
Precipitation of wettest month 13.83 2.99 0.54 1.56 3.86 5.14 5.05 0.63 1.45 0 0 0 1.9 8.66 3.26 2.52 
Precipitation seasonality 10.15 0 13.26 20.97 10.04 0.53 10.5 3.09 0 0 0.22 0.92 0.06 9.43 5.66 6.56 
Precipitation of warmest quarter 31.48 24.64 2.28 20.22 5.61 48.76 22.03 20 56.98 0 35.81 1.08 35.91 28.61 23.81 17.41 
RS                 
GPP_CV 7.21 0.92 0.51 24.85 6.95 17.92 7.66 15.77 21.27 0 0 0 18.07 29.53 10.76 10.24 
GPP_Mean 7.38 7.16 0.67 24.76 10.02 3.07 13.1 21.04 18.15 0 0 0 3.31 9.02 8.41 8.2 
Soil pH 1.37 1.87 0.08 0.31 20.72 1.99 0.19 0.88 2.25 0 0 0 3.57 1.92 2.51 5.34 
Barren 1.42 0 1.58 4.48 2.56 2.1 1.88 1.57 0 5.61 7.01 5.27 1.9 1.49 2.63 2.09 
Cultivated vegetation 15.82 11.01 24.76 22.65 5.68 15.46 13.9 10.1 1.22 0 12.77 0 13.97 9.72 11.22 7.51 
Deciduous broadleaf trees 9.65 3.68 2.34 2.3 7.7 8.02 4.92 6.54 20.07 31.62 0.33 13.4 7.84 5.56 8.86 8.25 
Evergreen broadleaf trees 7.61 28.33 34.14 1.56 14.07 11.27 17 14.82 5.46 0 18.55 0 8.64 11.72 12.37 9.93 
Evergreen needleleaf trees 5.53 2.86 0.23 0.97 0.1 3.89 3.86 4.03 2.79 31.56 1.1 24.01 3.73 1.95 6.19 9.4 
Herbaceous vegetation 15.08 20.56 13.94 9.93 22.17 11.47 16.24 4.9 20.93 24.2 16.42 38.87 13.78 5.48 16.71 8.62 
Mixed trees 12.6 17.68 17.6 1 7.65 8.52 8.61 9.55 1.35 5.35 0 0 14.22 14.35 8.46 6.18 
Open water 3.25 0.8 0.37 0.33 0.06 1.63 1.9 2.54 0.35 1.66 0.94 0.04 1.25 1.66 1.2 0.77 
Regular flooded vegetation 1.89 0.14 0.08 0.74 0.03 1.82 1.42 1.56 0.08 0 6.54 18.4 1.93 0.79 2.53 4.86 
Shrubs 6.72 4.89 2.66 0.77 0.36 11.22 7.91 5.11 5.8 0 36.34 0 6.62 3.44 6.56 9.19 
Urban 4.49 0.09 1.04 5.34 1.94 1.62 1.41 1.61 0.27 0 0 0 1.18 3.36 1.6 1.49 
COMB                 
GPP_CV 0.6 0.17 0.64 5.51 2.23 2.78 2.15 2.73 9.1 0 0 0 1.85 1.65 2.1 2.49 
GPP_Mean 4.23 8.68 1.34 2.24 1.71 0.52 5.07 9.81 4.66 0 0 0 0.11 1.29 2.83 3.21 
Soil pH 3.96 2.26 0.02 1.79 1.18 2.76 0.7 1.99 0.29 0 0 0 1.77 1.69 1.32 0.95 
Barren 0.46 0.02 2.66 1.05 0.03 1.1 1.03 0.97 0.08 2.95 2.56 3.6 0.32 0.12 1.21 1.2 
Cultivated vegetation 4.58 2.84 21.8 1.45 0.01 1.08 6.78 3.01 0.07 0 6.48 0 2.85 2.71 3.83 5.64 
Deciduous broadleaf trees 3.25 5.49 1.63 0.53 2.56 5.23 1.63 5.24 15.22 14.69 0.47 9.25 6.1 1.13 5.17 4.81 
Evergreen broadleaf trees 6.55 18.25 33.2 0.82 0.99 3.07 11.18 8.9 6.33 0 0 0 4.31 5.8 7.1 9.11 
Evergreen needleleaf trees 1.59 4.09 0.32 1.36 0.18 0.73 2.96 3.55 3.54 36.32 2.04 3.21 1.16 0.87 4.42 9.24 
Herbaceous vegetation 2.65 4.7 9.84 5.41 0.14 1.56 5.16 2.57 10.4 26.26 7.91 19.18 0.88 2.02 7.05 7.38 
Mixed trees 5.23 8.45 18.42 0.42 1.15 1.52 5.05 3.07 0 0 0 0 5.81 2.61 3.7 4.99 
Open water 1.33 0.77 0.3 0.03 0 0.36 0.97 0.66 0.03 2.6 0.95 0 2.24 0.81 0.79 0.8 
Regular flooded vegetation 0.58 0.11 0.11 0.05 0.01 1.05 0.42 0.37 0.75 0 4.26 5.08 0.64 0.29 0.98 1.6 
Shrubs 2.01 3.59 3.58 0.65 0.02 1.75 3.43 3.15 3.38 0 0 0 1.49 1.75 1.77 1.46 
Urban 2.03 0.11 0.98 1.1 0.45 1.51 0.93 3.02 0.11 0 0 0.56 0.11 4.04 1.07 1.19 
Annual Mean Temperature 7.41 0.09 0.18 25.07 2.8 0.04 1.19 1.43 8.03 6.38 4.9 0.09 0 2.84 4.32 6.57 
Mean Diurnal Range 8.3 9.92 1.2 1.87 52.26 23.02 9.1 17.15 14.15 9.53 0 41.37 40.36 18.82 17.65 16.04 
Isothermality 9.69 1.86 1.1 20.06 17.65 11.19 5.17 14.14 1.39 1.27 0 6.51 2.91 15.08 7.72 6.84 
Annual precipitation 4.54 7.03 0.33 0.14 2.46 4.01 14.6 3.38 0 0 54.28 11.16 1.39 2.12 7.53 14.12 
Precipitation of wettest month 6.71 0.72 0.05 1.05 1.66 0.78 0.35 0.87 0.82 0 0 0 0.94 7.66 1.54 1.94 
Precipitation seasonality 5.12 2.21 2.21 19.16 3.25 1.15 7.03 3.34 0.05 0 0.65 0 4.07 3.19 3.67 4.9 
Precipitation of warmest quarter 19.17 18.64 0.11 10.22 9.24 34.79 15.11 10.63 21.6 0 15.49 0 20.68 23.52 14.23 9.93 
* Ac: Ageratum conyzoides, Ce: Cenchrus echinatus Ec: Eichhornia crassipes, Mc: Microstegium ciliatum, Ph: Parthenium hysterophorus, Co: 
Chromolaena odorata, Lc: Lantana camara, Ll: Leucaena leucocephala, Md: Mimosa diplotricha, Mp: Mimosa pigra, Bt: Bauhinia touranensis, Mb: 
Merremia boisiana, Mm: Mikania micrantha, Pm:Pueraria montana 





Table 2: Summary of the permutation importance (PI) for each plant type and origin in COMB models. The values (plus or minus standard errors) represent 
average PI.  Mean values were calculated from the average of fourteen species. Values in bold indicate variables with above-average importance. 
Variables Herb      Shrub Vine Native     Non-native Mean  
GPP_CV 1.83 ± 2.2 3.35 ± 3.41 0.87 ± 1.01 1.79 ± 2.60 2.23 ± 2.63 2.10 ± 2.49 
GPP_Mean 3.64 ± 3.03 4.01 ± 3.98 0.35 ± 0.63 0.88 ± 1.09 3.61 ± 3.52 2.83 ± 3.21 
Soil pH 1.84 ± 1.45 1.15 ± 1.18 0.87 ± 1.00 0.87 ± 1.00 1.49 ± 1.30 1.32 ± 0.95 
Barren 0.84 ± 1.1 1.22 ± 1.05 1.65 ± 1.71 1.83 ± 1.55 0.96 ± 1.06 1.21 ± 1.20 
Cultivated vegetation 6.14 ± 8.92 2.19 ± 2.84 3.01 ± 2.66 2.66 ± 2.78 4.30 ± 6.53 3.83 ± 5.64 
Deciduous broad leaf trees 2.69 ± 1.87 8.4 ± 6.16 4.23 ± 4.18 2.84 ± 4.28 6.10 ± 4.94 5.17 ± 4.81 
Evergreen broad leaf trees 11.96 ± 13.82 5.9 ± 4.47 2.53 ± 2.98 1.65 ± 2.79 9.28 ± 9.95 7.10 ± 9.11 
Evergreen needle leaf trees 1.51 ± 1.57 9.42 ± 15.08 1.82 ± 1.05 1.87 ± 1.01 5.44 ± 10.94 4.42 ± 9.24 
Herbaceous vegetation 4.55 ± 3.6 9.19 ± 10.14 7.5 ± 8.38 8.63 ± 7.44 6.42 ± 7.81 7.05 ± 7.38 
Mixed trees 6.73 ± 7.29 1.93 ± 2.16 2.11 ± 2.76 0.76 ± 1.25 4.87 ± 5.51 3.70 ± 4.99 
Open water 0.49 ± 0.56 0.92 ± 1.00 1 ± 0.93 0.45 ± 0.51 0.93 ± 0.89 0.79 ± 0.80 
Regular flooded vegetation 0.17 ± 0.23 0.52 ± 0.40 2.57 ± 2.46 2.42 ± 2.62 0.40 ± 0.35 0.98 ± 1.60 
Shrubs 1.97 ± 1.64 2.34 ± 1.48 0.81 ± 0.94 0.60 ± 0.82 2.24 ± 1.41 1.77 ± 1.46 
Urban 0.93 ± 0.73 1.12 ± 1.23 1.18 ± 1.92 1.42 ± 1.80 0.93 ± 1.00 1.07 ± 1.19 
Annual mean temperature 7.11 ± 10.47 3.41 ± 3.55 1.96 ± 2.37 8.23 ± 11.40 2.76 ± 3.26 4.32 ± 6.57 
Mean diurnal temperature 14.71 ± 21.34 14.59 ± 5.78 25.14 ± 19.72 15.51 ± 19.20 18.50 ± 16.00 17.65 ± 16.04 
Isothermality 10.07 ± 8.74 6.63 ± 5.82 6.12 ± 6.54 10.41 ± 8.92 6.64 ± 6.09 7.72 ± 6.84 
Annual precipitation 2.9 ± 2.92 4.4 ± 6 17.24 ± 25.09 16.93 ± 25.36 3.77 ± 4.43 7.53 ± 14.12 
Precipitation of wettest month 2.04 ± 2.67 0.56 ± 0.38 2.15 ± 3.7 2.18 ± 3.69 1.29 ± 1.96 1.54 ± 1.94 
Precipitation of seasonality 6.39 ± 7.24 2.31 ± 2.97 1.98 ± 1.96 5.75 ± 9.04 2.84 ± 2.22 3.67 ± 4.90 
















































































Appendix A.2. Habitat suitability maps based on climate and remote sensing data 
(COMB), Climate (CLIM) and Remote sensing data (RS). The predicted suitable area 
and percentage of agreements of each species among model sets were presented in bar 




















































































































































































































































































































Appendix A.3. Test AUC and average permutation importance of variables with 
recent data occurrences among models based on Climate (CLIM), Remote sensing 





Species* Training samples CLIM RS COMB 
Ageratum conyzoides 82 0.80 ± 0.02 0.69 ± 0.04 0.77 ±0.04 
Cenchrus echinatus 14 0.89 ± 0.06 0.78 ± 0.08 0.72 ± 0.07 
Chromolaena odorata 75 0.88 ± 0.02 0.72 ± 0.04 0.91 ± 0.03 
Eichhornia crassipes 15 0.54 ±0.06 0.71 ± 0.14 0.74 ± 0.10 
Lantana camara 24 0.75 ± 0.08 0.76 ± 0.07 0.83 ±0.08 
Leucaena leucocephala 35 0.84 ± 0.03 0.72 ± 0.05 0.83 ± 0.07 
Microstegium ciliatum 14 0.91 ± 0.05 0.71 ± 0.12 0.74 ± 0.10 
Mikania micrantha 76 0.91 ± 0.02 0.79 ± 0.05 0.92 ± 0.03 
Mimosa diplotricha 29 0.84 ± 0.04 0.79 ± 0.06 0.85 ± 0.03 
Parthenium hysterophorus 38 0.98 ± 0.01 0.85 ± 0.05 0.98 ± 0.01 
 
Pueraria montana 52 0.83 ± 0.03 0.76 ± 0.03 0.85 ± 0.05 
Mean  0.83 ± 0.01 0.75 ± 0.05 0.83 ± 0.08 
Table 1: Variability (mean and 95% confidence intervals) of species-specific AUC (area under 
the curve) scores as, evaluated against the withheld test set of samples, invasive weeds according 
to a jackknife approach randomly omitting 30% of the presence records in 10 partition runs. 
Occurrence records were filtered since after 1992.  
*Bauhinia touranensis, Merremia boisiana, and Mimosa pigra were not included due to less than 10 





Table 2. Summary of the mean permutation importance (PI) of fourteen species with recent 
data. Occurrence records were filtered since after 1992. SD is standard errors.  Mean values 
were calculated from the average of fourteen species.  Values in bold indicate variables with the 
highest average importance in COMB, CLIM, and RS models 
 COMB CLIM RS 
 Mean  SD Mean  SD Mean  SD 
GPP_CV 2.86 ± 2.44    19.58 ± 12.64 
GPP_Mean 4.22 ± 6.64    10.10 ± 10.17 
Soil pH 1.10 ± 1.24    2.80 ± 4.83 
Barren 1.63 ± 1.41    3.24 ± 4.30 
Cultivated vegetation 5.12 ± 1.09    9.73 ± 7.16 
Deciduous broad leaf trees 4.20 ± 2.37    8.45 ± 6.80 
Evergreen broad leaf trees 5.66 ± 15.01    7.82 ± 7.80 
Evergreen needle leaf trees 3.07 ± 2.97    5.33 ± 5.74 
Herbaceous vegetation 8.03 ± 21.57    16.29 ± 4.36 
Mixed trees 5.55 ± 12.17    9.26 ± 10.50 
Open water 0.37 ± 3.01    1.27 ± 1.48 
Regular flooded vegetation 0.93 ± 7.22    0.96 ± 1.68 
Shrubs 1.17 ± 3.61    3.11 ± 3.57 
Urban 0.70 ± 8.23    2.06 ± 2.86 
Annual Mean Temperature 2.02 ± 5.04 8.18 ± 4.55    
Mean Diurnal Range 25.51 ± 5.80 46.27 ± 1.37    
Isothermality 11.35 ± 11.93 14.05 ± 4.96    
Annual precipitation 1.04 ± 0.39 2.82 ± 18.64    
Precipitation of wettest month 1.02 ± 1.55 1.76 ± 8.60    
Precipitation seasonality 2.01 ± 1.69 3.35 ± 16.76    
Precipitation of warmest quarter 12.46 ± 1.03 18.11 ± 12.62    










* Non-native species 
1 Invasive in America (Kaufman & Kaufman, 2013), and the Pacific Bonin Islands (Hata et al., 2006; Tanaka et al., 2010) 
2 Invasive in Africa 
3 Invasive in tropical and subtropical areas 
Scientific name Family Habit Succession type Reference of succession types 
Alangium kurzii   ALANGIACEAE shrub to small tree E (Kirika et al., 2010) 
Albizia lucidior LEGUMINOSAE- MIMOSOIDEAE  small tree L 
(Kunwar & Baniya, 2017) 
Bischofia javanica 1 EUPHORBIACEAE shrub to small tree M (Yamashita et al., 2000) 
Brassaiopsis glomerulata  ARALIACEAE shrub to small tree -  
Bridelia minutiflora EUPHORBIACEAE medium to large tree L  (Kitamura et al., 2018) 
Broussonetia paypyrifera2 MORACEAE medium-large tree E (Kirika et al., 2010) 
Canthium dicoccum  RUBIACEAE  shrub or small tree L (Puyravaud et al., 2003) 
Cinnamomum obtusifolium LAURACEAE Medium tree L (Raman et al., 1998) 
Delonix regia* LEGUMINOSAE-CAESALPINIOIDEAE shrub to small tree E 
(Ahirwal et al., 2017) 
Dimocarpus longan SAPINDACEAE shrub to small tree L (Osuri et al., 2017) 
Dracontomelon 
duperreanum  ANACARDIACEAE shrub to small tree L 
(Thinh, 2016) 
Ficus auriculata MORACEAE small tree E (Pothasin et al., 2014) 
Ficus hispida MORACEAE  Medium tree E (Kitamura et al., 2018) 
Ficus obscura MORACEAE  shrub to small tree E (Eichhorn, 2006) 
Heteropanax fragrans  ARALIACEAE  shrub or small tree -  
Kydia calycina  MALVACEAE  medium tree E (Puyravaud et al., 2003) 
Lithocarpus bacgiangensis FAGACEAE medium tree L (Kitamura et al., 2018) 
Litsea monopetala  LAURACEAE small-medium E  (Osuri et al., 2017) 
Macaranga denticulata*  EUPHORBIACEAE shrub or small tree E (Kitamura et al., 2018) 
Machilus bombycina  LAURACEAE Small tree L (Zhu et al., 2013) 
Mallotus paniculatus  EUPHORBIACEAE medium-large tree E (Kitamura et al., 2018) 
Mallotus philippinensis  EUPHORBIACEAE  small-medium E (Eichhorn, 2006) 
Melicope pteleifolia  RUTACEAE  shrub to small tree M (Zhu et al., 2013) 
Micromelum hirsutum RUTACEAE shrub to small tree L (Kitamura et al., 2018) 
Oreocnide integrifolia  URTICACEAE shrub or small tree E (Osuri et al., 2017) 
Oroxylum indicum BIGNONIACEAE small tree L (Srithongchuay et al., 2008) 
Sambucus hookeri CAPRIFOLIACEAE Large tree E  
Saraca dives LEGUMINOSAE-CAESALPINIOIDEAE shrub or small tree - 
 
Saurauia tristyla  ACTINIDIACEAE shrub or small tree E (Myster, 2007) 
Schefflera octophylla  3 ARALIACEAE  shrub or small tree M (Zhu et al., 2013) 
Vernicia montana  EUPHORBIACEAE shrub or small tree E (Thinh, 2016) 
Vitex stylosa VERBENACEAE  Small tree L (Kitamura et al., 2018) 
Xerospermum noronhianum  SAPINDACEAE shrub or small tree L (Chua, 2014) 
Appendix B. Chapter 4 supplementary material  
Appendix B.1. Description of tree seedling species in experiment plots 













































Alangium kurzii  0 0 10 0 0 0 0 0 22 0 0 0 2 1 23 0 1 0 
Albizia lucidior 0 0 0 0 0 0 0 0 0 1 0 0 0 0 0 2 0 0 
Bischofia javanica  0 0 0 0 0 0 0 1 2 0 0 6 0 1 6 0 0 9 
Brassaiopsis 
glomerulata  7 0 0 0 0 0 3 0 0 0 0 0 5 0 0 0 1 0 
Bridelia minutiflora 1 0 1 0 0 0 2 1 2 0 0 0 3 3 2 0 1 0 
Broussonetia 
paypyrifera 22 38 0 1 0 12 55 94 0 71 2 11 75 68 3 77 5 35 
Canthium dicoccum  0 0 0 0 0 0 0 0 0 0 0 0 0 1 0 0 0 0 
Cinnamomum 
obtusifolium 0 0 1 0 0 0 0 0 2 0 0 0 0 0 4 0 0 0 
Delonix regia 0 0 0 0 0 0 0 0 1 0 0 0 0 0 1 0 0 0 
Dimocarpus longan 1 0 0 0 0 0 1 0 0 0 0 0 0 0 0 0 0 0 
Dracontomelon 
duperreanum  0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 3 0 
Ficus auriculata 0 0 1 0 0 0 0 0 1 0 0 0 0 0 2 0 0 0 
Ficus hispida 0 0 0 0 1 0 0 0 0 0 1 0 0 0 1 0 1 0 
Ficus obscura 0 0 0 0 1 0 0 0 0 0 1 0 0 0 0 0 1 0 
Heteropanax fragrans  0 0 0 0 0 0 0 0 0 0 0 0 0 0 1 1 1 0 
Kydia calycina  0 0 0 0 0 0 0 0 0 0 0 0 0 0 1 0 2 0 
Lithocarpus 
bacgiangensis 0 0 0 0 0 0 0 0 0 0 1 0 0 0 0 0 1 0 
Litsea monopetala  1 0 1 0 0 0 3 1 10 0 3 0 5 5 14 1 8 1 
Macaranga 
denticulata  0 0 0 0 0 0 0 2 4 0 0 0 0 3 5 0 0 0 
Machilus bombycina  0 0 0 0 0 0 0 0 1 0 0 0 0 1 2 0 0 0 
Mallotus paniculatus  0 0 2 0 0 0 1 0 6 0 0 0 1 0 5 0 0 0 
Mallotus philippinensis  0 0 0 0 0 0 0 0 0 0 0 0 0 0 1 0 0 0 
Melicope pteleifolia  0 0 0 0 0 0 0 0 0 0 0 0 0 1 0 0 0 0 
Micromelum hirsutum 0 0 0 0 0 0 0 0 0 0 1 0 0 0 0 0 1 0 
Oreocnide integrifolia  0 0 0 0 0 0 0 0 0 0 1 0 0 0 0 0 2 0 
Oroxylum indicum 0 0 0 0 1 0 0 0 0 0 1 0 0 0 0 0 1 0 
Sambucus hookeri 1 0 4 0 0 0 5 0 3 0 0 0 10 0 2 0 0 0 
Saraca dives 2 0 0 0 0 0 1 0 0 0 0 0 2 0 0 0 0 0 
Saurauia tristyla  0 0 0 0 0 0 0 0 1 0 1 0 0 0 2 0 10 0 
Schefflera octophylla 0 0 0 0 0 0 0 0 0 0 0 0 0 1 1 0 0 0 
Vernicia montana  0 0 0 0 0 0 0 0 1 0 0 0 0 0 1 0 0 0 
Vitex stylosa 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 2 0 
Xerospermum 
noronhianum  1 0 0 0 0 0 2 0 0 0 0 0 2 0 0 0 0 0 
TOTAL 36 38 20 1 3 12 73 99 56 72 12 17 105 85 77 81 41 45 
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Human Research Ethics Committee: Standard Conditions of Approval 
 
a)  The project must be conducted in accordance with the approved application, 
including any conditions and amendments that have been approved. You must 
comply with all of the conditions imposed by the HREC, and any subsequent 
conditions that the HREC may require.  
b)  You must report immediately anything, which might affect ethical acceptance of 
your project, including:  
 Adverse effects on participants  
 Significant unforeseen events  
 Other matters that might affect continued ethical acceptability of the project.  
c)  Proposed changes or amendments to the research must be applied for, using an 
Amendment Application form, and approved by the HREC before these may be 
implemented.  
d)  An Annual Report for the project must be provided by the due date specified each 
year (usually the anniversary of approval).  
e)  A Closure Report must be provided at the conclusion of the project (once all 
contact with participants has been completed).  
f)  If, for any reason, the project does not proceed or is discontinued, you must 
advise the committee in writing, using a Closure Report form.  
g)  If an extension is required beyond the end date of the approved project, an 
Extension Application should be made allowing sufficient time for its consideration 
by the committee. Extensions of approval cannot be granted retrospectively.  
h)  You must advise the HREC immediately, in writing, if any complaint is made about 
the conduct of the project.  
i)  Other Murdoch approvals (e.g. fieldwork approval) or approval form other 
institutions may also be necessary before the research can commence.  
j) Any equipment used must meet current safety standards. Purpose built or 
modified equipment must be tested and certified by independent experts for 
compliance with safety standards.  
k)  Graduate research degree candidates must normally have their Program of Study 
approved prior to commencing the research. Exceptions to this must be approved 
by the HREC. 
l)  You must notify Research Ethics & Integrity of any changes in contact details 
including address, phone number and email address.  
m)  Researchers should be aware that the HREC may conduct random audits and / or 
require additional reports concerning the research project.  
 
Failure to comply with the National Statement on Ethical Conduct in Human 
Research (2007) and with the conditions of approval may result in the suspension 
or withdrawal of approval for the project. 
 
The HREC seeks to support researchers in achieving strong results and positive outcomes.   
The HREC promotes a research culture in which ethics is considered and discussed at all stages 
of the research.   
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Information Letter  










We invite you to participate in a research study looking at the efficiency of invasive species policy 
and management in Vietnam. This study is part of my PhD Degree in environmental science 
supervised by Dr. Margaret Andrew at Murdoch University 
 
Nature and Purpose of the Study 
It is common practice that invasive weeds have emerged as a serious problem worldwide, 
threatening biodiversity and damaging economies. Vietnam is a tropical country with a rich 
biodiversity. However, in recent years, the forests are under increasing pressure from disturbance, 
which lead to the escalation of many weeds. Although high impacts of invasive are apparent in the 
country, research on invasive plant species have received little attention in Vietnam. The absence of 
research in this field is hindering Vietnam in providing a comprehensive assessment of invasive 
species and in effectively managing this aspect of global environmental change.  
 
Therefore, the aim of this study is to investigate how current policy and management of invasive 
species are being employed and to find out whether better regulations can be made in preventing 
and controlling invasive species. 
 
If you consent to take part in this research study, it is important that you understand the purpose of 
the study and the procedures you will be asked to undergo. Please make sure that you ask any 
questions you may have, and that all your questions have been answered to your satisfaction before 
you agree to participate. 
 
What the Study will involve 
If relevant indicate whether there are any inclusion / exclusion criteria (e.g. to participate in this 
study you must be right-handed and have normal or corrected to normal vision / hearing). 
 
If you decide to participate in this study, you will be asked to complete the following tasks (adjust 
the information for your study and given an accurate estimation of time): 
 
x Complete 1 questionnaires that ask about your experiences and views in invasive species 
policy and management. 
x To volunteer for an interview following the questionnaires (e.g. we wish to test all those who 
complete the questionnaire; we will seek to interview approximately 10% of the people who 
complete our survey).  
 
It is estimated that the questionnaire will take approximately 25-30 minutes.   
 
 
Voluntary Participation and Withdrawal from the Study 
Your participation in this study is entirely voluntary. You may withdraw at any time without 
discrimination or prejudice. All information is treated as confidential and no names or other details 
that might identify you will be used in any publication arising from the research. If you withdraw, all 

























I have read the participant information sheet, which explains the nature of the research and the 
possible risks. The information has been explained to me and all my questions have been 
satisfactorily answered. I have been given a copy of the information sheet to keep. 
 
I am happy to be interviewed and for the interview to be audio recorded as part of this 
research.  I understand that I do not have to answer particular questions if I do not want to and 
that I can withdraw at any time without needing to give a reason and without consequences to 
myself. 
 
I agree that research data from the results of the study may be published provided my name or 
any identifying data is not used. I have also been informed that I may not receive any direct 
benefits from participating in this study. 
 
I understand that all information provided by me is treated as confidential and will not be 




Participant’s name:  ________________________ 
 
 





I confirm that I have provided the Information Letter concerning this study to the above 
participant; I have explained the study and have answered all questions asked of me.  
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Data Products Refine Invasive Plants
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Invasive weeds are a serious problem worldwide, threatening biodiversity and damaging
economies. Modeling potential distributions of invasive weeds can prioritize locations for
monitoring and control efforts, increasing management efficiency. Forecasts of invasion
risk at regional to continental scales are enabled by readily available downscaled
climate surfaces together with an increasing number of digitized and georeferenced
species occurrence records and species distribution modeling techniques. However,
predictions at a finer scale and in landscapes with less topographic variation may require
predictors that capture biotic processes and local abiotic conditions. Contemporary
remote sensing (RS) data can enhance predictions by providing a range of spatial
environmental data products at fine scale beyond climatic variables only. In this study,
we used the Global Biodiversity Information Facility (GBIF) and empirical maximum
entropy (MaxEnt) models to model the potential distributions of 14 invasive plant
species across Southeast Asia (SEA), selected from regional and Vietnam’s lists of
priority weeds. Spatial environmental variables used to map invasion risk included
bioclimatic layers and recent representations of global land cover, vegetation productivity
(GPP), and soil properties developed from Earth observation data. Results showed that
combining climate and RS data reduced predicted areas of suitable habitat compared
with models using climate or RS data only, with no loss in model accuracy. However,
contributions of RS variables were relatively limited, in part due to uncertainties in
the land cover data. We strongly encourage greater adoption of quantitative remotely
sensed estimates of ecosystem structure and function for habitat suitability modeling.
Through comprehensive maps of overall predicted area and diversity of invasive species,
we found that among lifeforms (herb, shrub, and vine), shrub species have higher
potential invasion risk in SEA. Native invasive species, which are often overlooked in
weed risk assessment, may be as serious a problem as non-native invasive species.
Awareness of invasive weeds and their environmental impacts is still nascent in SEA and
information is scarce. Freely available global spatial datasets, not least those provided
by Earth observation programs, and the results of studies such as this one provide
critical information that enables strategic management of environmental threats such as
invasive species.
Keywords: non-native invasive species, invasibility, MaxEnt, MODIS, native invasive species, species distribution
modeling, Southeast Asia
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INTRODUCTION
Invasive plants have emerged as a serious problem for global
biodiversity. Their infestations can lead to the extinction
(Groves et al., 2003) and endangerment (Wilcove et al., 1998;
Pimentel et al., 2005) of native species and the alteration of
ecosystem processes (Vitousek and Walker, 1989; Simberloff,
2000). Although invasive species that are introduced to a region
receive the greatest attention, it is not necessary for a species to
be non-native to be invasive. Invasive species are defined as those
that are expanding their range (Valéry et al., 2008). Under global
climate change and human disturbance, some native species have
also become aggressive invasive weeds (Avril and Kelty, 1999;
Wang et al., 2005; Hooftman et al., 2006; Valéry et al., 2009; Le
et al., 2012). Given the large impacts that invasive species can have
and the limited possibilities for eradication, early detection and
prevention of the establishment of invasive species should be a
priority in conservation policies (Genovesi, 2005). Identification
of areas that are at potential invasion risk, to either non-native or
native invasive species, can be an effective way to guide efficient
management and prevent further incursion (Kulhanek et al.,
2011).
Species distribution models (SDMs) are currently a popular
method for predicting the geographic distribution of species
(Peterson, 2006). They are developed statistically from the
known occurrences of the species and characteristics of the
environment to identify similar suitable habitats and, thereby,
predict the geographic distribution in unknown regions (Guisan
and Zimmermann, 2000; Peterson and Vieglais, 2001; Peterson,
2006; Pearson, 2010). Given these modest data requirements, they
are especially useful in cases of poorly studied taxa (Kearney and
Porter, 2009). Therefore, SDMs have become an important tool
to investigations of invasibility that aim to predict the potential
distributions of invasive species (Peterson, 2003; Thuiller, 2005).
Since the early study of Peterson et al. (2003) in predicting the
potential distribution of four invasive plants in North America,
SDMs have been increasingly and widely applied all over the
world to predict biological invasions (Guisan and Thuiller,
2005; Underwood et al., 2013), especially exotic plants (Zhu
et al., 2007; Andrew and Ustin, 2009; Barik and Adhikari, 2011;
Fernández et al., 2012; Rameshprabu and Swamy, 2015). In
SDMs, the environmental variables used vary at different scales
(Bradley et al., 2012). At regional to continental scales, forecasts
of invasion risk are often mainly driven by climatic factors
(Pearson and Dawson, 2003). Predictions at a finer scale and in
landscapes with less topographic variation may require predictors
that capture biotic processes (e.g., vegetation productivity) and
local abiotic conditions (e.g., topography, soil type) (Pearson and
Dawson, 2003). However, continuous spatial measurements of
these finer-scaled environmental variables are difficult to acquire
at large spatial extent (Bradley et al., 2012).
Contemporary remote sensing (RS) now provides widely
available data products at multiple spatial and temporal
resolutions that characterize a range of ecologically relevant
patterns and processes (Andrew et al., 2014). These data can
be used to measure habitat properties over a larger area than
can easily be covered by field surveys (Estes et al., 2008) and
augment the array of spatial environmental variables available
to SDMs to characterize abiotic and biotic niche axes beyond
simply climatic factors. Table 1 provides an overview of the
remotely sensed information that has been incorporated into
SDMs as environmental predictor variables, to date, giving an
indication of the evenness of research efforts and the capabilities
of RS that are still relatively under-utilized. The most commonly
used variable extracted from RS data is topography/elevation
(42% of 39 reviewed studies that have developed SDMs of plant
species using RS predictors). Besides, other abiotic predictors
have been developed such as remotely sensed estimates of climate
and weather, including surface temperature from sensors such as
MODIS and rainfall estimates from TRMM and, more recently,
the Global Precipitation Measurement mission, although studies
applying these predictors are limited (Table 1). Soil properties,
one of the most important factors for plant distributions and
species invasion (Radosevich et al., 2007), is rarely studied (He
et al., 2015), although several recent studies have explored the
use of remotely sensed indicators of soil characteristics in SDMs
(Table 1).
In addition to abiotic properties of the environment, biotic
characteristics also play an important role in shaping species’
spatial patterns (Wisz et al., 2013). RS can estimate many
properties of the vegetated environment, and applications of
products such as land-cover data or vegetation proxies to SDMs
are on the rise (Table 1). Land cover has been considered as
the primary determinant of species occurrences at a finer spatial
resolution than climate (Pearson et al., 2004). Various studies
(20% of 39 reviewed studies; Table 1) have applied land cover
products derived from a variety of sensors (especially MODIS
and Landsat) to SDMs. However, most of the current land
cover information is in categorical format, which can lead to
the propagation of classification errors (Cord and Rödder, 2011;
Tuanmu and Jetz, 2014) and may not effectively represent the
classes most relevant to the species of interest. In contrast,
remotely sensed estimates of continuously varying ecosystem
properties related to land cover and novel continuous land cover
products can be used in SDMs and may avoid these limitations.
Recent studies have found better performance from continuous
estimates of vegetation properties and land cover rather than
categorical representations (Wilson et al., 2013; Cord et al., 2014b;
Tuanmu and Jetz, 2014). A range of remotely sensed measures of
vegetation has been explored in SDMs, such as vegetation indices
(Normalized difference vegetation index (NDVI), Enhanced
Vegetation Index), phenology, and canopy moisture in order
to evaluate variation in habitat quality at fine scales and
in climatically homogenous regions (Table 1). Of vegetation
metrics, NDVI, a useful measure of vegetation properties, has
been extensively used as a predictor in SDMs (25.6%; Table 1).
It represents photosynthetic activity and biomass in plants and
is indirectly related to net primary production (Bradley and
Fleishman, 2008). However, a study of Phillips et al. (2008) noted
that while NDVI had high correlation with MODIS GPP (Gross
primary production) and NPP (Net primary production), it was
a less effective surrogate of productivity in areas of either sparse
or dense vegetation. They found GPP to be better able to predict
biogeographic patterns of species richness (Phillips et al., 2008),
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but we know of no studies that have used GPP in SDMs. Value-
added science products, such as the MODIS primary productivity
products, may provide more meaningful depictions of vegetation
processes and improved environmental predictor variables for
spatial models of biodiversity (Phillips et al., 2008).
In addition to the typical niche axes used to inform variable
selection for SDMs of plant species, there is a large body of
literature determining the ecosystem properties that influence
invasibility of a system, and these can be used to guide
applications of SDMs to evaluating invasion risk. Resource
availability (e.g., light, CO2, water, nutrients) often facilitates
successful invasion. Invasibility is predicted to be greater in sites
with more unused resources (Davis et al., 2000). By damaging
the resident vegetation, disturbance reduces resource uptake
and competition, increasing resource availability (Hobbs, 1989;
D’Antonio, 1993). Therefore, invasions by invasive plant species
are often associated with disturbance (e.g., Fox and Fox, 1986).
However, distributions of invasive species are typically modeled
using static environmental datasets that may poorly proxy these
dynamic processes (Franklin, 2010b; Dormann et al., 2012).
Temporal summaries of GPP may provide useful indicators.
GPP estimates total ecosystem photosynthesis, the cumulative
response of the vegetation to its environment, and may be used
as a spatial proxy of resource ability. As well, the variability
of GPP over time can reflect disturbance processes (Goetz
et al., 2012). Hence, quantitative spatial measurements of GPP
are expected to be relevant predictor variables for modeling
invasibility. Also, including soil properties in SDMs may be useful
as numerous studies have shown that soil properties, including
nutrient availability, relate to invasibility (Huenneke et al., 1990;
Burke, 1996; Harrison, 1999; Suding et al., 2004).
In this study, we hypothesize that the inclusion of recently
developed global remotely sensed data products providing
quantitative estimates of vegetation productivity and its
dynamics, land cover, and soil properties, in addition to climatic
layers, will enable a more complete representation of species’
ecological niches by SDMs. To test the hypothesis, bioclimatic
data and RS data were used in isolated and combined models
predicting the distribution of selected invasive plants across
Southeast Asia (SEA).
Southeast Asia is an important region to global biodiversity;
it has four of the world’s 25 biodiversity hotspots (Sodhi et al.,
2004). However, much biodiversity is being lost (Peh, 2010) due
to threatening processes such as habitat loss, degradation, climate
change, and pollution (Pallewatta et al., 2003). In addition,
and operating in synergy with these anthropogenic changes,
TABLE 1 | Applications of remote sensing data as environmental variables in plant distribution models.
Predictor variables RS data source Reference
Abiotic predictors
Topographic data/elevation ASTER, Quickbird-2 and
WorldView-2, LiDAR, SRTM
Rew, 2005; Bradley and Mustard, 2006; Buermann et al., 2008;
Hoffman et al., 2008; Parviainen et al., 2008, 2013; Prates-Clark et al.,
2008; Saatchi et al., 2008; Andrew and Ustin, 2009; Zellweger et al.,
2013; Pottier et al., 2014; Pradervand et al., 2014; Questad et al.,
2014; van Ewijk et al., 2014; Pouteau et al., 2015; Campos et al., 2016
Climate observations MODIS, TRMM, NASA Saatchi et al., 2008; Waltari et al., 2014; Deblauwe et al., 2016
Soil properties Landsat, MODIS Parviainen et al., 2013; Wang et al., 2016
Other physical variables (water, fire) MODIS, NASA Stohlgren et al., 2010; Cord and Rödder, 2011; Pau et al., 2013; Cord
et al., 2014a
Land cover/land use MODIS, Landsat Pearson et al., 2004; Thuiller et al., 2004; Stohlgren et al., 2010;
Morán-Ordóñez et al., 2012; Wilson et al., 2013; Cord et al., 2014b;
Sousa-Silva et al., 2014; Tuanmu and Jetz, 2014; Gonçalves et al.,
2016
Vegetation productivity
Normalized difference vegetation index (NDVI) Landsat, SPOT, MODIS Morisette et al., 2006; Zimmermann et al., 2007; Prates-Clark et al.,
2008; Evangelista et al., 2009; Feilhauer et al., 2012; Engler et al.,
2013; Parviainen et al., 2013; Schmidt et al., 2013; Zellweger et al.,
2013; van Ewijk et al., 2014
Leaf area index (LAI) MODIS Buermann et al., 2008; Prates-Clark et al., 2008; Saatchi et al., 2008;
Cord and Rödder, 2011; Engler et al., 2013
Enhanced Vegetation Index (EVI) MODIS Morisette et al., 2006; Stohlgren et al., 2010; Cord and Rödder, 2011;
Schmidt et al., 2013; Cord et al., 2014a,b
Phenology MODIS, Landsat Bradley and Mustard, 2006; Morisette et al., 2006; Tuanmu et al., 2010;
Gonçalves et al., 2016
Vegetation structure
Tree height LiDAR van Ewijk et al., 2014
Canopy roughness QSCAT Saatchi et al., 2008
Other vegetation properties
Canopy moisture Hyperspectral sensor, QSCAT Buermann et al., 2008; Prates-Clark et al., 2008
Spectral heterogeneity/functional types Hyperspectral sensor, Landsat Morán-Ordóñez et al., 2012; Schmidt et al., 2013; Henderson et al.,
2014; Pottier et al., 2014
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invasive species damage the biodiversity and economy of the
region (Peh, 2010; Gower et al., 2012; Nghiem et al., 2013).
Although impacts of invasive species in SEA are apparent,
research on the level and types of impacts caused by invasive
species is still limited (Nghiem et al., 2013). There are also
few applications of SDM methods, either for invasive species
or in general, in the region. Among studies about species
distributions worldwide, Porfirio et al. (2014) found only a small
fraction were conducted in Asia (∼3%). The absence of research
in this field is hindering SEA in providing a comprehensive
assessment of invasive species (Peh, 2010; Gower et al., 2012),
and in effectively managing this aspect of global environmental
change.
The goal of this study is to provide an overview of
potential invasibility to 14 priority invasive plants in SEA. To
generalize estimates of invasion risk across species traits that may
require different management approaches, we divided studied
species into different life forms (herb, vine, and shrub). Such
groupings based on life-history attributes have been widely
used to understand the invasion process and propose tailored
management strategies (McIntyre et al., 1995; Bear et al., 2006;
Garrard et al., 2009). In addition, species were grouped by
their origin status (native and non-native invasive species).
Through evaluating SDMs by life forms and origin status, and
using different environmental predictor variable sets, our study
addresses the following questions:
(i) Which life forms of invasive plant species pose the greatest
risk to SEA?
(ii) Are native weeds as great of a potential threat as non-
native invasive species?
(iii) Do remotely sensed environmental predictor variables
improve predictions of invasion risk over models
constructed with climate variables alone?
(iv) Do the benefits of incorporating remotely sensed
predictors in invasion risk models differ by species life
form or by origin status?
MATERIALS AND METHODS
In order to evaluate the potential distributions of selected invasive
plant species in SEA and to assess the contributions of remotely
sensed environmental predictors to SDMs, we developed three
model sets: models constructed along climate data only (CLIM),
models with RS only (RS) and models with both climate and RS
data (COMB). CLIM models used well-established bioclimatic
datasets. The compiled RS predictor set covered a diverse range
of surface parameters, namely topography, soil properties, global
land cover, and vegetation productivity (GPP). Models used
the Maximum Entropy (MaxEnt) algorithm. Model comparisons
were based on the AUC score of model performance, average
predicted areas, the level of spatial agreement in predicted
distributions between model results, and the usage of RS and
CLIM variables. The evaluation of invasion risk across life
forms and origin status used predictions of suitable habitat
area for individual species and predicted maps of invader
richness. These datasets and methods are described in more detail
below.
Study Species and Occurrence Data
In this study, we modeled the potential distributions of 14
invasive species (Table 2) identified from the lists of native
and non-native invasive species known in SEA (Matthews and
Brand, 2004) and Vietnam (Ministry of Natural Resources
and Environment and Ministry of Agriculture and Rural
development, 2013).
Species occurrences were collected from the Global
Biodiversity Information Facility1. Records were cleaned
for obvious spatial errors (e.g., points that occurred in the ocean
for terrestrial species) in ArcMap and duplicate records in the
dataset were discarded (following Barik and Adhikari, 2011). All
species modeled had more than ten occurrence records within
the study area. The species occurrence records span lengthy
collection periods. For each of the 14 species studied, the median
years of the observations occurred in the period 1956–2005.
Climate Data
Bioclimatic variables were obtained from the WorldClim
database (Version 1.4), interpolated from measurements
recorded during the period 1960 to 1990 from ∼46,000 climate
stations worldwide (Hijmans et al., 2005). Eleven temperature
and eight precipitation metrics, at 1 km resolution, were used,
including annual means, seasonality, and extreme or limiting
climatic conditions (Table 3). This dataset has been widely used
for studies of plant species distributions (Pearson et al., 2007;
Hernandez et al., 2008; Cord and Rödder, 2011; Zhu et al., 2017).
Remote Sensing Data
A Digital Elevation Model (DEM) was derived from GTOPO302
at 30 arc second resolution (approximately 1 km) (USGS,
1996). Ten soil layers representing soil physical and chemical
properties (Hengl et al., 2014) (Table 3) at 1 km resolution were
extracted from ftp://ftp.soilgrids.org/data/archive/12.Apr.2014/.
This dataset was empirically developed from global compilations
of publicly available soil profile data (ca. 110,000 soil profiles) and
a selection of ∼75 global environmental covariates representing
soil forming factors (mainly MODIS images, climate surfaces,
Global Lithological Map, Harmonized World Soil Database and
elevation) (Hengl et al., 2014).
We also included the consensus land cover layers developed
by Tuanmu and Jetz (2014). They provide a continuous estimate
of the probability of the occurrence of each of 12 land cover
classes in each pixel, calculated from the agreements between four
global land cover products. These estimates have been shown
to have a greater ability to predict species distributions than
the original categorical land cover products (Tuanmu and Jetz,
2014). These land cover data have a 1 km spatial resolution and
are available online at http://www.earthenv.org/landcover. They
represent consensus conditions incorporating estimates from the
1http://www.gbif.org/
2http://earthexplorer.usgs.gov/
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time period 1992–2006, but with greater weight to the later dates
(Tuanmu and Jetz, 2014).
To quantify spatial and temporal variation in vegetation
productivity, we used global annual MODIS17A3 (version
005) Gross primary productivity (GPP) data for 14 years
(2001–2014) at 1 km resolution (Running et al., 2004). The
Primary Production products are designed to provide an accurate
regular measure of the yearly growth of the terrestrial vegetation
(Heinsch et al., 2003). Data were downloaded from the Numerical
Terradynamic Simulation Group (NTSG) at the University
of Montana3. The mean and coefficient of variation of GPP
(inter-annual variability) were calculated over the time series at
each pixel and supplied to the SDMs.
All predictor variable layers were aligned to a common 1 km
grid and projected in the Asia South Albers Equal Area Conic
system using nearest neighbor resampling. Spatial environmental
layers were pre-processed in the TerrSet software (Eastman,
2015).
Selection of Environmental Predictions
To minimize predictor multicollinearity and its impact on
subsequent analyses, we evaluated the inter-correlations among
the 44 variables for all terrestrial pixels and retained a subset
of uncorrelated (|r| < 0.75) predictor variables for species
distribution modeling. Including too much flexibility may make
it difficult for the model to distinguish noise from the true species
response in real data sets (Baldwin, 2009; Merow et al., 2013).
Minimizing correlation among variables, therefore, is assumed to
increase the performance of species modeling (Austin, 2002). In
this way, we reduced the number of predictors used per species
to 7 climatic (out of 19) and 14 RS (out of 24) variables. All soil
estimates were highly correlated across the study area, so only one
was retained. See Table 3 for the full list of initial variables, and
those that were retained for modeling.
Modeling Habitat Suitability of Species
To model habitat suitability, we used MaxEnt (version 3.3.3), a
general-purpose machine learning method (Phillips et al., 2006).
Among species distribution modeling techniques, MaxEnt is one
of the most popular algorithms due to its predictive accuracy
and ease of use (Elith et al., 2006; Phillips and Dudík, 2008).
There are some characteristics that make MaxEnt highly suitable
to modeling species distributions such as use of presence-only
species data, flexibility in the handling of environmental data –
including both continuous and categorical variables, and an
ability to fit complex responses to the environmental variables
(Phillips et al., 2006). Notably, MaxEnt is less sensitive to sample
size, which makes MaxEnt a preferred predictive model across all
sample sizes (Wisz et al., 2008).
In this study, we developed SDMs based only on the
less-correlated climate and/or remotely sensed predictors with
MaxEnt. To reduce overfitting, the regularization multiplier was
set at 4. This parameter determines how strongly increases in
model complexity are penalized during model optimization;
higher values produce simpler models that are less overfit to
3http://www.ntsg.umt.edu/project/mod17
TABLE 3 | Environmental variables.
Variables Type of data Source
Bedrock Soil Hengl et al., 2014
Bulk density Soil Hengl et al., 2014
Cation exchange capacity Soil Hengl et al., 2014
Soil texture fraction clay Soil Hengl et al., 2014
Coarse fragments volumetric Soil Hengl et al., 2014
Soil organic carbon stock Soil Hengl et al., 2014
Soil organic carbon content Soil Hengl et al., 2014
Soil pH Soil Hengl et al., 2014
Soil texture fraction silt Soil Hengl et al., 2014
Soil texture fraction sand Soil Hengl et al., 2014
Evergreen/deciduous needle
leaf trees
Land cover Tuanmu and Jetz, 2014
Evergreen broadleaf trees Land cover Tuanmu and Jetz, 2014
Deciduous broadleaf trees Land cover Tuanmu and Jetz, 2014
Mixed/other trees Land cover Tuanmu and Jetz, 2014
Shrubs Land cover Tuanmu and Jetz, 2014
Herbaceous vegetation Land cover Tuanmu and Jetz, 2014
Cultivated and managed
vegetation
Land cover Tuanmu and Jetz, 2014
Regularly flooded vegetation Land cover Tuanmu and Jetz, 2014
Urban/built-up Land cover Tuanmu and Jetz, 2014
Snow/ice Land cover Tuanmu and Jetz, 2014
Barren Land cover Tuanmu and Jetz, 2014











Heinsch et al., 2003
Digital elevation model Elevation USGS, 1996
Annual mean temperature Climate Hijmans et al., 2005
Mean diurnal temperature
range
Climate Hijmans et al., 2005
Isothermality Climate Hijmans et al., 2005
Temperature seasonality Climate Hijmans et al., 2005
Max temperature of warmest
month
Climate Hijmans et al., 2005
Min temperature of coldest
month
Climate Hijmans et al., 2005
Temperature annual range Climate Hijmans et al., 2005
Mean temperature of wettest
quarter
Climate Hijmans et al., 2005
Mean temperature of driest
quarter
Climate Hijmans et al., 2005
Mean temperature of warmest
quarter
Climate Hijmans et al., 2005
Mean temperature of coldest
quarter
Climate Hijmans et al., 2005
Annual precipitation Climate Hijmans et al., 2005
Precipitation of wettest
month
Climate Hijmans et al., 2005
Precipitation of driest month Climate Hijmans et al., 2005
Precipitation seasonality Climate Hijmans et al., 2005
Precipitation of wettest quarter Climate Hijmans et al., 2005
Precipitation of driest quarter Climate Hijmans et al., 2005
Precipitation of warmest
quarter
Climate Hijmans et al., 2005
Precipitation of coldest quarter Climate Hijmans et al., 2005
Bold text indicates the variables used as input for MaxEnt modeling.
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the training data. Radosavljevic and Anderson (2014) found
that regularization multiplier values from 2.00 to 4.00 were
generally appropriate to minimize overfitting. For all 14 species,
we created 10 random data partitions with 70% of the point
localities assigned for training and 30% for testing and ran the
three scenarios (see below) with each of these replicate partitions.
Random samples of 10,000 background points were also used to
develop each model.
MaxEnt model performance was evaluated using the area
under the receiver operating characteristic curve (AUC) assessed
on the withheld set of test points. AUC values range from
0 to 1. Values of 0.5 indicate that the model performs no better
than expected by chance, while an AUC of 1 suggests perfect
discriminatory abilities. Models with AUC > 0.7 are considered
to achieve acceptable performance (Swets, 1988). Mean values,
averaging across the 10 replicate runs and across species, of the
resulting AUC distributions were used to compare the model
scenarios run with different predictor sets. Continous MaxEnt
outputs were converted to binary maps of habitat suitability
using the tenth percentile training presence threshold (Escalante
et al., 2013) in order to estimate the area of suitable habitat
for each species predicted by each model. Variable usage by the
models was determined with (1) a variable importance measure
estimated as the decrease in model performance when a given
variable was randomized, and (2) marginal variable response
curves, which plot the predicted suitability for a species across
the range of values for a given variable while all other variables
are held at their mean values.
To test the contribution of RS data to modeling invasive
species distributions, we ran MaxEnt with climate and satellite
layers in separation and combination. Three scenarios were
evaluated: MaxEnt runs with (1) climate data only (CLIM),
these include the three temperature and four precipitation layers
from the final reduced subset; (2) remote sensing data only
(RS), with two GPP layers, one soil layer (pH) and eleven land
cover classes from the reduced subset; and (3) climate and
RS data combined (COMB) using all 21 layers of the reduced
subset (see Table 3). The evaluation was based on (i) the AUC
score; (ii) average predicted areas; (iii) % agreement in predicted
distributions between model results; and (iv) differences in
variable importance for the RS and CLIM variables. These
comparisons were performed for all species overall, and when
grouping by life forms and origin status. For the assessment
of invasion risk, binary maps of habitat suitability for each
species from the COMB model runs were used to determine
the predicted habitat area and combined into maps of invader
richness to compare the relative level of invasion risk among plant
life forms and native/non-native invasive species.
RESULTS
Model Performance
Overall, species distributions were generally predicted
successfully. All species were successfully modeled (AUC > 0.7)
by at least one predictor set (Table 4). Species with few occurrence
records (less than 20), such as Bauhinia touranensis, Mimosa
pigra, and Merremia boisiana, tended to be less successfully
modeled in some of the model scenarios (AUC < 0.7). The
remaining species with greater data availability achieved “good”
(AUC > 0.8) to “excellent” (AUC > 0.9) performance (Table 4),
according to the classification of Swets (1988).
Across all species, the performance of the CLIM and COMB
models was roughly equivalent (test AUC = 0.84 ± 0.08).
Thus, along this metric alone, CLIM models may be preferable,
as they are more parsimonious. On average, the RS models
TABLE 4 | Variability (mean and standard devation) of species-specific AUC (area under the curve) scores, evaluated against the withheld test set of 30%




Ageratum conyzoides 360 0.81 ± 0.01 0.74 ± 0.02 0.84 ± 0.02
Bauhinia touranensis 19 0.85 ± 0.03 0.51 ± 0.16 0.76 ± 0.07
Cenchrus echinatus 110 0.85 ± 0.04 0.88 ± 0.03 0.86 ± 0.04
Chromolaena odorata 167 0.88 ± 0.03 0.77 ± 0.03 0.89 ± 0.03
Eichhornia crassipes 81 0.65 ± 0.05 0.84 ± 0.04 0.84 ± 0.06
Lantana camara 162 0.90 ± 0.02 0.77 ± 0.04 0.88 ± 0.02
Leucaena leucocephala 192 0.85 ± 0.03 0.82 ± 0.02 0.87 ± 0.03
Merremia boisiana 13 0.74 ± 0.08 0.50 ± 0.10 0.72 ± 0.07
Microstegium ciliatum 96 0.86 ± 0.03 0.72 ± 0.06 0.86 ± 0.03
Mikania micrantha 171 0.92 ± 0.02 0.81 ± 0.04 0.93 ± 0.02
Mimosa diplotricha 54 0.86 ± 0.06 0.78 ± 0.07 0.85 ± 0.05
Mimosa pigra 19 0.73 ± 0.09 0.66 ± 0.06 0.64 ± 0.09
Parthenium hysterophorus 76 0.97 ± 0.02 0.85 ± 0.04 0.97 ± 0.01
Pueraria montana 417 0.89 ± 0.02 0.83 ± 0.02 0.84 ± 0.03
Mean 0.84 ± 0.08 0.75 ± 0.12 0.84 ± 0.08
Three variable sets were used for each species. CLIM includes only bioclimatic predictors; RS includes only remote sensing predictors; COMB includes variables in CLIM
and RS. AUC values for the best-performing model for each species are indicated in bold.
Frontiers in Plant Science | www.frontiersin.org 7 May 2017 | Volume 8 | Article 770
fpls-08-00770 May 12, 2017 Time: 17:38 # 8
Truong et al. Weed Risk Mapping in Southeast Asia
FIGURE 1 | Test AUC by life forms (A) and by origin (B) among models. CLIM includes only bioclimatic predictors; RS includes only remote-sensing predictors;
COMB includes variables in CLIM and RS. The error bars are standard deviations.
were the least successful (test AUC = 0.75 ± 0.12) (Table 4).
However, the rankings differed somewhat for individual species
and between species categories. CLIM models were preferred
for 8 species, RS for 2, and COMB for the remaining
4 (Table 4). RS models were found to perform worst in
predicting vine species (Figure 1) and native invasive species
(Figure 1).
COMB models generally predicted smaller areas of suitable
habitat than either CLIM or RS models. This pattern was
consistent across life forms and origin status, but strongest for
herbs, shrubs, and non-native invasive species (Figure 2). CLIM
and RS models tended to predict similar areas of suitable habitat,
except for the case of vines and native invasive species. The RS
models for these groups predicted larger areas of suitable habitat
than did CLIM models (Figure 2).
In general, spatial agreement in predicted habitat was greatest
for pairwise comparisons with the COMB models (Figure 3).
As an exception to this pattern, the agreement between COMB
and RS was as low as between CLIM and RS for vines and
native invasive species. At the individual species level (Supporting
Information S2), COMB tended to be most similar to the
individual model set (CLIM or RS) that performed better in the
AUC evaluations (Table 4) – typically CLIM.
The average relative variable importance varied
considerably among the predictors within the variable
sets. In the CLIM set, mean diurnal temperature range
(importance = 32.5% ± 22.0 and precipitation of warmest
quarter (importance = 23.8% ± 17.4) were most important
(Table 5). On average, other temperature variables (isothermality
and annual mean temperature) have an importance around
12–13% and other variables contributed less than 10%. Of the
variables in the RS predictor set, herbaceous vegetation land
cover (importance = 16.7% ± 8.8) was the most important.
Evergreen broadleaf tree, cultivated vegetation and GPP_CV
were also important variables, with permutation importance
ranging from 10 to 12% on average. In the COMB predictor
set, the contribution of variables was similar to the CLIM and
RS scenarios (Table 5). All variables had reduced importance
in COMB than in either CLIM or RS, due to the inclusion of a
larger number of variables in these models, but the rankings of
variables within each predictor were generally consistent.
Habitat Suitability
To assess the habitat suitability of species, we used results
from COMB models. Response curves of each species (response
curves are provided in Figure 4 for a selected species of
each life form that was best modeled by the COMB variable
set, and for all species in Supporting Information S1) in
COMB models reveal that, across species, sites were generally
predicted to have high suitability (>0.6) in areas with low mean
diurnal temperature range and moderate to high isothermality.
The highest suitability (0.9–1) was also generally found in
areas with high precipitation in the warmest season. Many
modeled species (Chromolaena odorata, Cenchrus echinatus,
Eichhornia crassipes, Lantana camara, Mimosa diplotricha) were
not predicted to invade closed areas such as forests (negative
responses to high canopy land-cover classes), although the
aggressive vine Pueraria montana is a notable exception. In
addition, for species models with important contributions from
the productivity variables, suitability was generally found to be
highest in environments with high GPP and low variability of
GPP (Supporting Information S1).
Herb species receive the greatest area predicted to be at
risk of invasion by one or more species (5.3 million km2,
versus 4.9 million km2 and 4.3 million km2 for shrubs
and vines, respectively), however, the area vulnerable to the
greatest invader richness is fairly concentrated around the
north and north center of Vietnam (Figure 5). Response
curves of herb species (Ageratum conyzoides, Cenchrus echinatus,
Microstegium ciliatum, and Parthenium hysterophorus) indicate
they prefer high rainfall in the warmest quarter (more than
>1500 mm), however, this variable was generally less important
for herbs than it was for other life forms (Supporting
Information S1). Additionally, herb species prefer habitat with
diurnal temperature ranges less than 10◦C and isothermality
from 20 to 70%. Of the land cover variables, invasibility to
herbs was more strongly related to the evergreen broadleaf and
mixed forest classes, and to the cultivated class than were the
other life forms. Response curves indicated that relationships
with these cover classes were generally negative (Supporting
Information S1).
Shrub species were predicted to have the greatest area at
risk from multiple invaders: 1.3 million km2 were predicted
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FIGURE 2 | Average predicted area by life forms (A) and by origin (B) among models. Predicted value is identified based on 10% logistic threshold. CLIM
includes only bioclimatic predictors; RS includes only remote-sensing predictors; COMB includes variables in CLIM and RS. The error bars are standard deviations.
FIGURE 3 | Percentage of agreement in predicted area by life forms (A) and by origin (B) among models. CLIM includes only bioclimatic predictors; RS
includes only remote-sensing predictors; COMB includes variables in CLIM and RS. The error bars are standard deviations.
to be suitable for four or more shrub species, as opposed
to only 0.6 million km2 for herbs and 86 thousand km2
for vines (although note that only four vine species were
modeled). Unlike the other life forms, regions suitable for
multiple shrub invaders extended into countries in the south
of the region such as Indonesia, Malaysia, and Philippines, as
well as west to Bangladesh (Figure 5). Diurnal temperature
range and precipitation of the warmest quarter were the
most important factors for the distribution of these shrub
species (e.g., Chromolaena odorata, Lantana camara, Leucaena
leucocephala). Overall, models were more influenced by RS
variables, especially land cover, for shrub species than for the
other life forms. Shrubs exhibited generally negative associations
with forested habitat (for all classes except the mixed forests) as
well as with herbaceous land cover (Supporting Information S1).
In contrast to the other groups, large areas were predicted
to be invasible to a single vine species. Areas vulnerable to
greater richness of invasive vines were much more restricted,
tending to occur in north and north-central Vietnam and Taiwan
(Figure 5). While Mikania micrantha and Pueraria montana
have less predicted area in SEA, Bauhinia touranensis and
Merremia boisiana were predicted to invade much of the region
(Supporting Information S2), especially in south China and north
Vietnam. Unlike herbs and shrubs, distributions of vine species
were generally unrelated to land cover (except for moderate
influences of herbaceous land cover). Vine species received
greater importance of climate factors, especially variables related
to precipitation, than did the other life forms (Supporting
Information S1).
Results of average predicted area at the species level showed
that as large areas are vulnerable to invasion by native as
non-native invasive species (ca. 2 million km2) over the whole
region (Figure 2). Cumulative levels of invasion risk are difficult
to compare, since over twice as many non-native than native
species were modeled, but substantial areas are at risk of
invasion by one or more species of each origin status (6 million
km2 and 4.3 million km2, for non-native and native invasive
species, respectively). Native invasive species richness was mainly
concentrated in the north and north center of Vietnam; non-
native species had wider range of distribution and may potentially
invade the whole region (Figure 6).
Comparing the total area predicted by the COMB models to
be susceptible to the invasion of the 14 invasive species suggests
which of the modeled species may be the greatest threats to the
region. Ageratum conyzoides, Eichhornia crassipes, Leucaeana
leucocephala and Microstegium ciliatum had the highest
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TABLE 5 | Summary of the mean permutation importance (PI) of fourteen
invasive plant species.
COMB CLIM RS
Mean ± SD Mean ± SD Mean ± SD
GPP_CV 2.1 ± 2.49 10.76 ± 10.24
GPP_Mean 2.83 ± 3.21 8.41 ± 8.2
Soil pH 1.32 ± 0.95 2.51 ± 5.34
Barren 1.21 ± 1.2 2.63 ± 2.09
Cultivated vegetation 3.83 ± 5.64 11.22 ± 7.51
Deciduous broad leaf trees 5.17 ± 4.81 8.86 ± 8.25
Evergreen broad leaf trees 7.1 ± 9.11 12.37 ± 9.93
Evergreen needle leaf trees 4.42 ± 9.24 6.19 ± 9.4
Herbaceous vegetation 7.05 ± 7.38 16.71 ± 8.62
Mixed trees 3.7 ± 4.99 8.46 ± 6.18
Open water 0.79 ±0.8 1.2 ± 0.77
Regular flooded vegetation 0.98 ± 1.6 2.53 ± 4.86
Shrubs 1.77 ± 1.46 6.56 ± 9.19
Urban 1.07 ± 1.19 1.6 ± 1.49
Annual mean temperature 4.32 ± 6.57 13.27 ± 14.57
Mean diurnal temperature range 17.65±16.04 32.48 ± 22.02
Isothermality 7.72 ±6.84 12.46 ± 10.98
Annual precipitation 7.53 ± 14.12 9.06 ± 13.86
Precipitation of wettest month 1.54 ± 1.94 3.26 ± 2.52
Precipitation seasonality 3.67 ± 4.9 5.66 ± 6.56
Precipitation of warmest quarter 14.23 ± 9.93 23.81 ± 17.41
SD is standard deviation. Mean values were calculated from the average of 14
species. Values in bold indicate variables with above-average importance in COMB
(4.8%), CLIM (14.3%), and RS (7.1%).
predicted area. Lantana camara and Mimosa diplotricha followed




Quantitative comparisons of models with various predictor
sets showed that models built with incorporation of RS and
climatic data layers substantially reduced predicted areas across
all life forms and origin status compared to models with
climate and RS data alone (Figure 2). The mapped predictions
for individual species reflect this pattern spatially (Supporting
Information S2). Suitable habitat modeled with climate variables
alone are quite smooth and generalized, while the inclusion
of remotely sensed predictor variables adds more nuanced
spatial detail to this overall pattern. The most widely used
bioclimatic predictors, including those evaluated in this study, are
derived from station data; interpolation introduces smoothing,
producing generalized portrayals of environmental variability.
As well, climate generally varies continuously over broad spatial
scales. Thus, exclusively climate-based distribution models are
unable to capture variations of species diversity at the landscape
level (Saatchi et al., 2008). As a consequence, large areas of
predicted suitability are often seen (Thuiller et al., 2004). In
contrast, while the biotic niche axes estimated by RS can further
inform distribution models and enable dynamic models, they are
unable to replace climatic factors in identifying suitable habitat
as bioclimatic conditions are still essential driving factors for
species distributions (Thuiller et al., 2004; Cord and Rödder,
2011). The high percentage agreement of spatial predictions
between models based on climatic predictors only and climatic
and RS predictors found in this study, as well as the high variable
importance scores given to climatic predictors in the combined
models, also supports the indispensability of climate in shaping
the distribution of invasive plant species. Similar studies have also
found that using either climatic-derived or RS-derived predictors
alone often leads to the overprediction of species distributions
(Buermann et al., 2008; Saatchi et al., 2008; Cord and Rödder,
2011; Cord et al., 2014a). By incorporating complementary
limiting environmental conditions, combined models of climatic
and remotely sensed predictor variables reduce predicted areas,
thereby refining modeled species distributions.
Although clearly refining the spatial patterns of predicted
species distributions, in general, COMB models did not achieve
higher accuracy than models with climate variables alone;
RS models were often relatively poor. These results are in
line with other studies (Zimmermann et al., 2007; Cord and
Rödder, 2011; Cord et al., 2014a) that found that models based
on RS data had the lowest AUC, compared to models with
climate-derived predictors and climatic and RS predictors. Some
explanations can be proposed for this. First, there may be
temporal mismatch between occurrence data and environmental
data. This is likely to be a more severe problem for remotely
sensed predictors, which generally capture snapshots in time,
rather than climatological averages, and which often describe
environmental conditions, such as vegetation patterns, that
vary over shorter time frames than does climate. Many of the
occurrence records within museum or herbarium collections,
comprising GBIF, are older; the land cover and vegetation
productivity present at those sites at the time of the species’
presence may not be represented by remotely sensed current
conditions. To test for this problem, we repeated our models
with recent records only (collected after 1992). Removing older
species records reduced model performance overall, likely due
to the much smaller samples available to train the models.
Remotely sensed predictors received slightly higher importance
values in the COMB models than previously, but were still
secondary to climatic variables (Supporting Information S3).
Although temporal correspondence among species occurrences
and environmental variables is a concern and should be
considered in further studies, it does not seem to contribute to
our conclusions.
Alternatively, the quality and information content of the RS
products may influence model performance. The consensus land
cover product was used in this study because it was expected
to be more reliable than traditional global land cover datasets.
Additionally, its continuous estimates of the probability of class
presence may avoid errors associated with categorical data and
provide some level of subpixel land cover information. However,
it still has limitations related to the input datasets. Global land
cover products are constrained to a relatively simple legend, with
broad classes. The consensus product is further constrained to
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FIGURE 4 | Marginal response curves of Ageratum conyzoides (a non-native herb best modeled by COMB), Leucaena leucocephala (a non-native
shrub best modeled by COMB) and Mikania micrantha (a non-native vine best modeled by COMB) for variables with importance >5% for each
species in COMB models. The orange curve in each plot is average response curve and the blue is standard deviation across all 10 partition runs. See other
species in Supporting Information S1.
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FIGURE 5 | Maps of predicted richness of invasive species by life form produced with COMB set (combing climate and remote sensing data).
(A) Herb, (B) Shrub and (C) Vine. The browner the color, the higher the predicted richness of invasive species.
a simplified legend that harmonizes each of the input products.
The generality of these classes may not capture regionally relevant
differences and limit their usefulness to SDMs. The consensus
land cover product is also limited by quality of the individual
products it integrates (Tuanmu and Jetz, 2014). In land cover
products, classification errors are not evenly distributed across
space and classes (Strahler et al., 2006). For instance, lower
accuracy for land cover classes of GlobCover products was found
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FIGURE 6 | Maps of predicted richness of invasive species by origin produced with COMB set (combing climate and remote sensing data). (A) Native,
(B) Non-native species. The browner color, the higher predicted richness of invasive species.
FIGURE 7 | Uncertainty in global land cover products revealed by the maximum class probability value, excluding the open water class, received in a
pixel in the Consensus Land Cover dataset (Tuanmu and Jetz, 2014). Low maximum probability values indicate a great deal of disagreement between
individual land cover products.
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in some areas with limited data coverage (e.g., some areas in
Amazonia) or in rugged terrain such as Laos (Bicheron et al.,
2008). Also, cloud cover reduces the quality of the RS data,
especially in tropical regions (Bradley and Fleishman, 2008).
Classification errors do seem to be contributing to the
performance of RS variables in our study. Unexpectedly, species
associations with land cover classes, when they were found to
be important to models, were overwhelmingly negative. There
is no ecological or logical reason for this. Instead, because the
consensus land cover product estimates the certainty that a class
is present, given the individual land cover datasets, this suggests
that habitat suitability tends to be greatest for the modeled species
in areas with high land cover uncertainty. Such uncertainty
may be due to inadequacies in the class definitions in this
region, fine-scaled mosaics of land cover classes within a 1 km
pixel, or simply poor classification performance. Indeed, using
the maximum estimated probability of class membership as an
indicator of certainty supports this interpretation. Large areas of
SEA, including many of the same locations with high-predicted
invasibility, exhibit low certainty of the land cover information
(Figure 7). Further work is necessary to validate the consensus
land cover products in SEA and, especially, to determine the
meaning of areas with great class uncertainty. This is troubling
and argues against the use of global land cover products in
SDMs. Quantitative remotely sensed estimates of ecosystem
structure and function may overcome some of the problems of
categorical datasets, and we strongly advocate for their expanded
use and continued evaluation in SDM contexts. Interestingly,
the quantitative measures of vegetation productivity used in this
study, while making important contributions to the RS model
set, generally dropped out of the COMB models. This may be
because of interdependencies between climate variables and the
photosynthetic efficiency term used in the MODIS GPP product,
which relies on both temperature and moisture (Running et al.,
2004), and thus would not be detected by the simple univariate
correlation analysis used to screen input variables.
Another limitation to model performance in this study is
the sample size of the species occurrence records. Performance
of SDMs in the study varied among species. Species with few
occurrence records occurring in a wide range of habitats, such
as Mimosa pigra, have lower performance than others. This
is because SDMs perform better with larger sample sizes and
for species occupying a narrow environmental niche than for
generalist species (Hernandez et al., 2006). Although Mimosa
pigra has been recorded as one of the most invasive plants in
many countries in SEA (Thi, 2000; MacKinnon, 2002; Vanna
and Nang, 2005; Nghiem et al., 2013), the number of occurrence
records of this species in SEA is still limited. This reflects
lack of research and awareness of the public and government
for invasive species detection in the region, which should
be more encouraged. Also, using hyperspectral RS to detect
invasive species occurrences (Andrew and Ustin, 2008; Hestir
et al., 2008) can be a solution for developing high-quality,
unbiased occurrence data inputs (He et al., 2015), and also
may reduce temporal mismatch between species occurrences
and environmental variables. In addition to model development,
sample size influences model evaluation. Performance measures
such as the AUC provide a single spatial summary value. AUC has
been criticized for its inability to convey information about the
spatial pattern of predictions or uncertainty (Franklin, 2010a).
Yet spatial variation can be considerable. Because AUC is often
calculated from a tiny proportion of the pixels modeled, wildly
different spatial predictions can receive similar, and indeed very
high, AUC estimates (Synes and Osborne, 2011). For this reason,
we prefer to present a suite of evaluation tools, including total
predicted area and estimates of spatial agreement, in addition to
the AUC.
Habitat Suitability
Both non-native and native invasive species were predicted to
occur across large areas of SEA, and thus may pose similar
risk to the region. Among life forms, shrub species potentially
pose greater risk because of the predictions of high shrub
invader richness over large areas, based on the set of species
assessed. Most countries in the region have suitable habitat for
these species. In general, shrubs exhibited weaker environmental
associations than the other life forms (as seen in the lower
variable importance scores), suggesting they may be tolerant
of a broader range of conditions. Relative to shrub and herb
species, vine species’ distributions were most strongly driven by
climatic factors. This may facilitate their spread under climate
change. Invasive species may disproportionately benefit from
global climate change (Dukes and Mooney, 1999), and vines
may be a good example of these concerns. Climate projections
for the region include increases in annual temperature and in
summertime precipitation (Christensen et al., 2007), the latter
variable was important to nearly all vine species distributions, all
of which showed positive associations. Without strong controls
by biotic factors such as land cover, vines may invade valuable
evergreen broadleaf trees forests in SEA. A native vine, Merremia
boisiana is an example. In the past decade, the vine has spread
dramatically over South China (Wang et al., 2005; Wu et al.,
2007) and the north and center of Vietnam (Le et al., 2012) and
our results reveal that more than 1.6 million km2 are invasible
to this species, largely concentrated in China and Vietnam.
These findings suggest that awareness of invasive species and
prevention and eradication efforts should not overlook the life
form or origin status of the species of concern.
Interestingly, in contrast to our expectations, we found that
for some species (Microstegium ciliatum and Mimosa diplotricha)
suitability was negatively related to the variability of GPP
(GPP_CV), which was used to proxy disturbance processes. This
suggests that invasion is possible even with low disturbance,
contradicting knowledge summarized by Lozon and MacIsaac
(1997) that the establishment and spread of invasive plants are
associated with disturbance. Although disturbance is certainly a
factor in many invasions, an over-generalization that invasion
requires disturbance can lead to low awareness of invasion in
intact areas. Further field-based studies about invasibility of these
species under difference disturbance levels should be conducted.
The effectiveness of GPP variability as an indicator of diverse
disturbance processes and diverse ecosystems should also be
evaluated. The relatively short duration of the satellite archive
from which it was computed is certainly a limitation.
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Given that many of the study species were identified from
Vietnam’s invasive weed list, it is not surprising that we found,
within the region, north and north central Vietnam were most
susceptible to the invasion of weeds (Figures 5, 6). However, it is
worth emphasizing that many of the invasive weeds predicted in
this region also have high invasibility in China, where outbreaks
have been recorded (Yan et al., 2001). Biological invasions are a
trans-border issue. Similarly, provinces (Guangxi, Quangdong,
and Yunnan) sharing borders with Vietnam, Lao, and Myanmar
are listed as areas with a high number of invasive species in China
(Xu et al., 2012). Effective management requires that invasions
be considered in the context of the region (SEA), rather than a
country (Paini et al., 2010). Studies such as ours can help the
Vietnamese and other governments to prioritize management
actions for invasive species within the country and also to inform
biosecurity policy across borders.
CONCLUSION
This study demonstrated that although the environmental
attributes derived from RS data did not strongly improve the
accuracy of SDM predictions, they did provide more landscape-
level detail that refined species distribution predictions in
space. Therefore, the inclusion of remotely sensed variables in
SDMs likely is worthwhile. Furthermore, our results highlight
shortcomings of land cover products, which are widely used
in SDMs. There are widespread uncertainties in global land
cover products and, disconcertingly, those sites with the greatest
uncertainty also seem to be consistently ecologically important
to the modeled species. We caution against continued use of
land cover information in SDMs, which may propagate errors
and confound interpretation. Greater adoption of quantitative
remotely sensed datasets estimating ecosystem structure and
function may mitigate the weaknesses and limited utility of
RS observed in this study. From the standpoint of biodiversity
management, our findings have implications in targeting
management to susceptible areas, providing initial data for
invasive species risk assessments, and proposing biosecurity
policy in the region.
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